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FOREWORD

Joint ecological research involving scientists and environmental managers from every
country in the world is essential if global environmental problems are to be solved. Recognition
of this international aspect of environmental protection is reflected in the joint activities
undertaken under Annex 3, Item 4 of the United States of America-People’s Republic of China
Protocol for Environmental Protection. This component of the protocol provides for cooperative
research on the effects of pollution on freshwater organisms, environmental processes, soils,
surface water and groundwater, and on the application of pollutant transport and transformation
models. Activities include seminars, workshops, joint symposia, training programs, joint
research, and publications exchange.

This Symposium focuses on the result of international cooperation in environmental
research dealing with such complex issues as: land use and euthrophication; euthrophication and
hypoxia/anoxia; effect of hypoxia/ anoxia on fish physiology, behavior, and toxicology; and
modeling biogeochemical processes to predict water quality.

This is the seventh international symposium to bring together researchers from the U.S.,
China, Russia, and other countries to report on and exchange information in the area of fish
physiology, toxicology, and water quality. The seventh symposium was held in Tallinn, Estonia,
May 12-15, 2003. Scientists from 16 countries presented 23 papers at the symposium sponsored
by the U.S. Environmental Protection Agency, the Estonian Agricultural University, and
Montana State University. The six previous symposia were held in Guangzhou, China,
September 14-16, 1988; in Sacramento, California, USA, September 18-19, 1990; in Nanjing,
China, November 3-5, 1992; in Bozeman, Montana USA, September 19-21, 1995; in Hong
Kong, China, November 10-13, 1998 and in La Paz, B.C.S. Mexico, January 22-26, 2001.

Symposia are effective means of fostering cooperation among scientists from different
countries as environmental organizations seek to gain the information necessary to predict the
effects of pollutants on ecosystems and apply the results on a global scale. The symposia
provide a forum through which distinguished scientists from laboratories and institutions from
several countries can exchange scientific knowledge on environmental problems of concern to
the U.S. Environmental Protection Agency and the international environmental community.

Rosemarie C. Russo, Ph.D.
Director

Ecosystems Research Division
Athens, Georgia
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ABSTRACT

Sixty-five scientists from sixteen countries convened in Tallinn, Estonia, May 12-15,
2003, for the Seventh International Symposium on Fish Physiology, Toxicology, and Water
Quality. These Proceedings include 23 papers presented in sessions that took place over three
days. Relative to their ecological threat, papers addressed the global spread of the phenomenon
of hypoxia and anoxia, trends in specific large water bodies, and the land use practices that drive
the phenomenon. Toxicological papers focused on possible computational approaches, the
effects of hypoxia and metals on fish survival, and effects of ammonia toxicity on fish organ
systems and biochemistry. Papers that addressed fish physiology and behavior spanned a very
wide range of subjects, ranging from the oceanic distribution of cod as a function of temperature,
through behavior of reef fishes during diurnal cycles of oxygen depletion, to blood hemoglobin
regulation in hypoxic fish and the inhibition of fish reproduction as a function of hypoxia and
other factors. Papers dealing with biogeochemistry and water quality covered the water quality
conditions of the Gulf of Finland and Lakes Peipsi and Vortsjédrv in Estonia, the modeling of
metal binding on humic substances, and a large-scale ecological modeling approach for
predicting estuarine water quality conditions.
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A GLOBAL PERSPECTIVE ON THE EFFECTS OF EUTROPHICATION AND
HYPOXIA ON AQUATIC BIOTA

Robert J. Diaz', Janet Nestlerode', Minnie L. Diaz?

ABSTRACT

Development associated with human populations has led to the globalization of many
environmental problems. In marine systems, the most serious of these problems are directly
related to the process of eutrophication. The increased production of organic matter in these
marine systems associated with eutrophication is the primary factor impacting species abundance
and composition and dissolved oxygen budgets. Oxygen, which is essential to maintaining
balance in ecosystem processes through its role in mediating microbial and metazoan activities,
has declined to critically low levels in many systems, which has led to the development of
hypoxia (<2 ml O/1) and anoxia (0 ml O,/1). Currently, most oxygen depletion events are
seasonal, but trends toward longer periods that could eventually lead to persistent hypoxic or
anoxic conditions are emerging. Over the last 50 years, there has been an increase in the number
of systems reporting problems associated with low dissolved oxygen. Currently there are over
100 hypoxic/anoxic areas around the globe, ranging in size from <I km® to 70000 km?, that
exhibit a graded series of responses to oxygen depletion, ranging from no obvious change to
mass mortality of bottom fauna. Ecosystems currently severely stressed by eutrophication-
induced hypoxia continue to be threatened with the loss of fisheries, loss of biodiversity,
alteration of food webs, and simplification of energy flows.

INTRODUCTION

Cloern (2001) succinctly summarized current understanding of coastal eutrophication,
indicating that the long-term records of nutrient discharges over the past 50 years provide
compelling evidence of a rapid increase in the fertility of many temperate coastal ecosystems (for
example, Baltic and adjoining seas — Karlson ef al. 2002; Northwest Black Sea — Mee 1992;
Northern Adriatic Sea — Solic ef al. 1997; North Sea rivers — Howarth ef al. 2002; United States
bays and estuaries - Jaworski ef al. 1997, Howarth et al. 1996; Northern Gulf of Mexico —
Rabalais et al. 1996, Rabalais and Turner 2001; Japan — Suzuki 2001). In each of these systems,
the fertilization is directly related to an expanding human population, which recently passed 6
billion and will likely exceed 8 to 10 billion by the year 2050 (Wilson 2002). Seitzinger et al.
(2002) found that at scales of regions and continents, human population was a good predictor of

! College of William and Mary, Virginia Institute of Marine Science, 1208 Greate Road, Gloucester Pt., VA 23062
USA
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dissolved inorganic nitrogen (DIN) exported to coastal systems. By 2050, projections indicate
that a 2.4 to 2.7-fold increase in nitrogen and phosphorus driven eutrophication will result from
this population expansion (Tilman ez al. 2001), with serious consequences for coastal
ecosystems.

Fertilization of marine systems, mainly from excess nitrogen, has been linked in a
complicated way to many ecosystem-level changes associated with eutrophication, or more
precisely, cultural eutrophication. Cultural eutrophication is specific to impacts related to human
populations on the environment and separates the conditions in these coastal systems from
natural processes that can also lead to eutrophic-like conditions, such as those associated with
coastal upwelling zones and oxygen minimum zones (OMZ) where oxygen consumption exceeds
resupply. Oxygen depletion associated with upwelling events tends to be episodic, severe, short-
lived (less than a year), and associated with the western boundaries of continental landmasses
(Brongersma-Sanders 1957, Rosenberg et al. 1983). OMZs are unusual oxygen-depleted areas
that are widespread and stable oceanic features occurring at intermediate depths (typically 400 to
1000 m), persisting for long periods of time (at greater than decadal scales), and are completely
controlled by natural processes and cycles (Wyrtki 1966, Kamykowski and Zentara 1990, Olson
et al. 1993, Childress and Seibel 1998).

While eutrophication can be defined simply as the production of organic matter in excess
of what an ecosystem is normally adapted to processing (Nixon 1995), it is actually only part of a
complex web of stressors that interact to shape and direct ecosystem-level processes (Breitburg
et al. 1998, Cloern 2001) (Figure 1). From Figure 1, the most visible ecosystem response to this
set of multiple stressors is the greening of the water column as primary production increases in
direct response to nutrient enrichment. However, the unseen is most dangerous. For nutrient
enrichment, which leads to increased organic matter production (eutrophication), the unseen
decrease in dissolved oxygen in bottom waters created by the increased flux of particulate
organic matter to the bottom is most threatening. The degree to which an ecosystem responds to
any of the multiple stressors is dependent upon physical, chemical, and biological characteristics
that act to filter and modulate the response (Cloern 2001).

Human impacts are accelerating the rate and magnitude of change within an ecosystem as
more and more ecosystem level processes are affected (Jackson et al. 2001). The history and
pattern of human disturbance in terrestrial, aquatic, coastal, and oceanic ecosystems have
brought us to a point at which oxygen depletion is likely to become the keystone impact for the
21* century, replacing the 20" century keystone of overfishing (Jackson ez al. 2001). A
mounting volume of literature documenting change in marine ecosystems indicates oxygen
depletion as a major phenomenon that is a tertiary manifestation of the severe levels of stress
experienced by many ecosystems. The primary stress is nutrient enrichment, which regulates the
secondary response of eutrophication. See reviews and summaries by Gray (1992), Nixon
(1995), Diaz and Rosenberg (1995), Cloern (2001), Turner (2001), and Karlson et al. (2002) for
examples of ecosystem responses. The correlation between human activities and declining
dissolved oxygen is strong, with the oxygen budgets of many marine ecosystems around the
world adversely affected by eutrophication.
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Figure 1. Conceptual model of coastal eutrophication modified from Cloern (2001). (1) system
attributes that determine responses to nutrient enrichment; (2) nutrient enrichment as one
of many stressors; (3) complex linkage between responses to multiple stressors; (4)
change in coastal ecosystems; (5) application of scientific understanding of
eutrophication with the goal of building rational management strategies for ecosystem
rehabilitation/restoration.

The emphasis of this paper is ecosystem response to oxygen depletion resulting directly
from eutrophication. The emphasis on dissolved oxygen is warranted given the importance of
oxygen for sustaining life for all fishes and invertebrates. Metaphorically speaking, the
American Lung Association motto could be adopted for this situation. “When you can’t breathe,
nothing else matters.” When the supply of dissolved oxygen in aquatic environments is cut off
or the consumption rate exceeds resupply, oxygen concentrations quickly decline beyond the
point that sustains most animal life. Two factors are required for the development of hypoxia,
and at times anoxia; one is water column stratification that isolates the bottom water from
oxygen-rich surface water, and the second is decomposition of organic matter that reduces
oxygen levels in the isolated bottom water. The first factor is generated primarily by salinity
stratification and the second by microbial metabolism. Both factors must be at work for hypoxia
to develop and persist. In fact, the reaction of microbial populations to eutrophication has been
explosive, particularly in systems with the greatest oxygen depletion problems (Jackson et al.
2001).

The terms used to describe low dissolved oxygen or oxygen depletion are hypoxia and
anoxia. Hypoxia is defined by dissolved oxygen concentrations <2 ml O,/1 or <2.8 mg Oy/1; for
seawater this is about 18% of air saturation (Tyson and Pearson 1991). Anoxia is the complete
absence of dissolved oxygen (0 ml O,/1). The point at which various animals suffocate varies,
but effects generally appear when oxygen drops below 2 ml O,/1 (Diaz and Rosenberg 1995,



Breitburg et al. 2001, Karlson et al. 2002). The relationship between declining oxygen and
animal response are graded and follow a predictable path, good examples of which are given by
Diaz and Rosenberg (1995) and Rabalais et al. (2001b). This paper presents a brief overview
and update of hypoxic conditions in estuarine and marine systems around the world.

OXYGEN DEPLETION AROUND THE WORLD

On a geological time scale, low-dissolved-oxygen environments (hypoxia and anoxia)
have been major factors in shaping the evolution of life (Caplan and Bustin 1999). Today, the
vestiges of naturally occurring oxygen depletion are the oceanic OMZs, the largest pools of
hypoxic water in world oceans, particularly in the Pacific and Indian Oceans and the Arabian Sea
(Olsen et al. 1993). The largest pool of naturally occurring anoxic water is the Black Sea
(Kideys 2002). The Black Sea anoxic zone does not support any eukaryotic life, which is typical
of all areas experiencing extended periods of anoxia, whether natural or anthropogenic.
However, the temporal and spatial stability of OMZs has allowed the development of species
aerobically adapted to dissolved oxygen concentrations from 0.5 ml O/1 to about 0.1 ml Oy/1
(Levin ef al. 1991, Childress and Seibel 1998). This is in stark contrast to the faunal response to
cultural-eutrophication-induced hypoxia in shallow coastal and estuarine areas, where oxygen
concentrations of <0.5 ml O,/ lead to mass mortality of individuals and major change in
community structure.

The worldwide distribution of coastal oxygen depletion is either centered on major
population concentrations, or closely associated with developed watersheds that deliver large
quantities of nutrients (Figure 2, Table 1). The historical perspective indicates that many of
these currently hypoxic systems were not so when they were first studied. Since at least the
1950s and 1960s, dissolved oxygen concentrations of many major coastal ecosystems around the
world have been adversely affected by eutrophication. Most of these coastal systems have
documented declines in dissolved oxygen through time, starting in most cases from their initial
oxygen measurements (Rosenberg 1990). The declining trend in dissolved oxygen seems to
have lagged about 10 to 20 years behind the increased use of chemical fertilizer that began in the
1940s (Howarth e al.2002). For systems with historical data from the first half of the 20™
century, declines in oxygen concentrations started in the 1950s and 1960s for the northern
Adriatic Sea (Justic 1987), between the 1940s and 1960s for the northwest continental shelf of
the Black Sea (Mee 1992, Kideys 2002), and in the 1970s for the Kattegat (Baden ef al.1990a).
Declining dissolved oxygen levels were noted in the Baltic Sea as early as the 1930s (Fonselius
1969), but it was in the 1950s that hypoxia became widespread (Karlson et al. 2002). Other
systems have experienced hypoxia since the beginning of oxygen data collection, for example, in
the 1930s for the Chesapeake Bay (Officer et al. 1984), and the 1970s for the northern Gulf of
Mexico (Rabalais and Turner 2001) and many Scandinavian fjord systems (Karlson et al. 2002).
However, the longer-term geochronological records indicate that hypoxia was not always present
in these particular ecosystems (Sen Gupta et al. 1996; Karlson ef al. 2002; Zimmerman and
Canuel 2002). Not all nutrient-enriched systems have developed eutrophic conditions and
related oxygen depletion problems. San Francisco Bay receives higher levels of nutrients than
the Chesapeake Bay, but has lower primary production and oxygen depletion due to strong tidal
mixing and turbid water (Cloern 2001).



Table 1. Eutrophication-associated hypoxic areas around the world with an emphasis on benthic and fisheries responses. Several of these
systems also experience anoxia. Hypoxia is characterized as Episodic: events occurring at irregular intervals greater than one year;
Periodic: events occurring at regular intervals shorter than one year; Annual: yearly events related to summer or autumnal
stratification; Persistent: year-round hypoxia. Benthic faunal response is categorized as None: communities appear similar before and
after hypoxic event; Mortality: moderate reductions of populations, many species survive; Mass Mortality: drastic reduction or
elimination of the benthos. Benthic recovery is described by No Change: dynamics appear unrelated to hypoxia; Reduced:
recolonization occurs but community does not return to prehypoxic structure; Multi-year: gradual return of community structure;
Annual: return of similar community structure in a year. First observed is usually first documentation in literature and in most cases
not the first occurrence of oxygen depletion.

First Recent Area Benthic Benthic
System Country/State Observations (km?) Fisheries Response Response Recovery Reference
Annual Oxygen Depletion

Aland archipelago Finland 1990 10 Mortality Reduced Norkko and Bonsdorff 1996

Aquaculture Taiwan 2000 Mortality of prawns Mortality Cheng et al. 2002

Arhus Bay Denmark 1980 1300 Mass Mortality Multi-year  Fallesen and Jorgensen 1991

Barnegatt Inlet New Jersey 1990 Mass Mortality Annual Moser 1998

Belt Sea Denmark 1970 2150 Karlson et al. 2002

Bilbao Estuary Spain 1990 Mortality Gonzales-Oreja and Saiz-Salinas 1998;
Saiz-Salinas and Frances-Zubillaga 1997

Bornholm Basin Baltic Sea 1950 2500 Mass Mortality Multi-year ~ Tulkki 1965; Leppakoski 1969

Cabbage Tree Basin Australia 1980 Mortality Annual Rainer and Fitzhardinge 1981

Chesapeake Bay Mainstem Maryland 1930 2750  Avoidance, some mortality Mortality Annual Holland et al. 1987; Boesch et al. 2001;
Seliger and Boggs 1988

Corpus Christi Bay Texas 1980 15 Reduced Reduced Ritter and Montagna 1999

Dead-end canals Maryland, Delaware 1990 5 Maxted et al. 1997

Delaware River, Lower Delaware 1910 Improved Recovery American shad/striped bass fishery Mass Mortality Increasing Weisberg et al. 1996

Delaware River, Upper Delaware 1910 Improved Patrick 1988

Eckernforde Bay Germany 1990 Mortality Annual D'Andrea et al. 1996

Elbe Estuary Germany 1980 Improved Stressed Thiel et al. 1995

Elefsis Bay, Aegean Sea Greece 1980 Mass Mortality Annual Friligos and Zenetos 1988; Theodorou 1996

Fjords of Skagerrak coast Sweden 1950 Rosenberg 1990

Flushing Bay New York 1990 Mortality Diaz, unpublished data

German Bight Germany 1980 Mortality Mortality Reduced Brockmann et al. 1988; Niermann et al. 1990

Gialova Lagoon Tonian Sea, Greece 1990 2500 Mortality Annual Arvanitidis ef al. 1999

Goro Lagoon Italy 1990 Mortality Annual Reizopoulou et al. 1996

Great Egg Harbor River New Jersey 1990 Glenn et al. 1996

Guanabara Bay Brazil 1990 Tropical Mortality Valentin et al. 1999

Gulf of Mexico Louisiana 1970 17000  Avoidance Mortality/avoidance Reduced Rabalais and Turner 2001

Gulf of Trieste Adriatic Sea 1960 Stressed Mass Mortality Multi-year ~ Stachowitsch 1984, 1991; Simunovic et al.
1999; Justic et al. 1987

Gullmarsfjord Sweden 1980 Stressed Mass Mortality Reduced Nilsson and Rosenberg 2000; Josefson and
Widbom 1988

Hakata Bay Japan 1970 120 Mortality Annual Karim et al. 2002

Havstens Fjord Sweden 1990 Gustafsson and Nordberg 2000

Herring River Massachusetts 1980 Fish kills, decline of alewife fishery Portnoy 1991

Hillsborough Bay Florida 1980 Mass Mortality Annual Santos and Simon 1980



System Country/State Observations (km?) Fisheries Response Response Recovery  Reference

Hiuchi Sound Japan 1970 Mass Mortality Sanukida et al. 1984

Hood Canal Washington 1980 Paulson et al. 1993

Horseshoe Lagoon Australia 1990 Donnelly et al. 1999

Hudson River New York 1960 TImproved Bronsnan and O'Shea 1996

Inre Verkviken Finland 1970 0.5 Lindholm 1996

Ise Bay Japan 1990 Stressed Mortality Nakata et al. 1997

Kattegat Sweden, Denmark 1980 3850 Collapse of Norway lobster Mass Mortality Multi-year ~ Baden et al. 1990a; Josefson and Jensen
1992; Rosenberg et al. 1992

Kiel Bay Germany 1960 890  Stressed Mass Mortality Annual Arntz 1981; Rumohr 1986; Weigelt 1990,
1991; Oeschger and Storey 1990

La Coruna Bay Spain 1990 Lopez-Jamar et al. 1995

First Recent Area Benthic Benthic

Laholm Bay Sweden 1980 Mortality Mortality Annual Baden ez al. 1990b; Rosenberg and Loo 1988

Lake Nakaumi Japan 1990 Mortality/avoidance Ishitobi et al. 2000

Lake Shinji Japan 1990 Mass Mortality Yamamuro et al. 1998

Limfjord Denmark 1980 440 Demersal fisheries gone Mass Mortality Annual Jorgensen 1980; Hylleberg 1993

Loire Estrary France 1990 Mortality of migratory species Thouvenin ef al. 1994

Long Island Sound New York 1980 232 Avoidance, some mortality Mortality Howell and Simpson 1994; Welsh et al.
1994; Schimmel et al. 1999; NOAA 1997

Los Angeles Harbor California 1950 Improved Mass Mortality Reduced Reish 1955, 2000

Lough Ine Ireland 1970 Mass Mortality Annual Kitching et al. 1976

Mecklenburg Bay Germany 1980 1860 Weigelt and Rumohr 1986

Mikawa & Ise Bays Japan 1980 Mortality/avoidance Suzuki and Matsukawa 1987

Mobile Bay Alabama 1880 1060  Mortality Mass Mortality May 1973; Engle and Summers 1999;
Pennock et al. 1994

Mullica River Estuary New Jersey 1990 Glenn et al. 1996

Neuse River Estuary North Carolina 1990 Fish kills, mortality of oyster Mortality/avoidance Annual Paerl et al. 1995, 1998; Lenihan and
Peterson 1998; Lenihan 1999

New York City Harbor New York 1990 Mass Mortality Annual Diaz, unpublished data

Nichupti Lagoon Mexico 1980 Diaz, unpublished data

Northern Adriatic Sea Italy 1970 3750 Barmawidjaja et al. 1995; Justic et al.
1987, 1993

NW Gulf of Mexico Louisiana 1980 Mortality Annual Gaston 1985

NW Shelf Black Sea Ukraine, Romania 1960 40000 Reduced Mass Mortality Annual Zaitsev 1993; Bakan and Buyukgungor 2000

Oder Lagoon Germany 1990 Pohl e al. 1998

Omura Bay Japan 1980 Tizuka and Min 1989

Osaka Bay Japan 1980 Tanimoto and Hoshika 1997

Oslofjord Norway 1910 150 Reduced Mortality Annual Petersen 1915; Mirza and Gray 1981;
Rosenberg et al. 1987

Palude della Rosa Ttaly 1990 Mortality Annual Tagliapietra et al. 1998

Pamlico River North Carolina 1960 Mortality Mass Mortality Annual Tenore 1972; Hobbie et al. 1975; Stanley
and Nixon, 1992

Patuxent Piver Maryland 1990 Avoidance, low egg hatching/larval mortality Avoidance/mortality Annual Keister et al. 2000, Breitburg ez al. 1997

Perdido Bay Florida 1990 Flemer et al. 1999

Pomeranian Bay Germany 1990 170 Mass Mortality Reduced Powilleit and Kube 1999

Potomac River Maryland 1990 264 Mortality Annual NOAA 1997

Raritan Bay New York, New Jersey 1970 Christensen and Packard 1976

SE Kattegat Sweden 1980 Reduced demersal fishes Avoidance/mortality Multi-year ~ Peterson and Pihl 1995

Seine Estuary France 1990 Michel et al. 2000

Seto Inland Sea Japan 1980 Mortality Annual Imabayashi 1986

St. Johns River Florida 1990 Mortality Annual Mason 1998

Swedish West Coast Fjords Sweden 1980 Stressed Mortality Reduced Josefsen and Rosenberg 1988



System Country/State Observations (km?) Fisheries Response Response Recovery  Reference

Thau France 1990 Mortality/Reduced shellfish production Mass Mortality Souchu et al. 1998; Mazouni et al. 1996;
Chapelle et al. 2000

Tolo Harbor Hong Kong 1980 Mass Mortality Annual Wu 1982

Tome Cove Japan 1980 Mortality Annual Tsutsumi 1987

Townsend-Hereford Inlet New Jersey 1990 Glenn et al. 1996

Western Gulf of St. Lawrence Canada 1990 No response Comeau et al 2002

Episodic Oxygen Depletion

Baie de Somme France 1990 Collapse of cockle industry Mass Mortality Rybarczyk et al. 1996

Beacon Key, Biscane Bay Florida 1990 Leverone 1995

Bude Bay SW England 1990 12 Mortality Gibbs et al. 1999

Buzzard Bay Massachusetts 1990 2 NOAA 1997

Cape Fear River North Carolina 1990 Fish kills Reduced Annual Mallin et al. 1999; Posey et al. 1999

Chester River Maryland 1990 24 NOAA 1997

Choptank River Maryland 1990 48 NOAA 1997

First Recent Area Benthic Benthic

Connecticut River Connecticut 1990 9 NOAA 1997

East Frisian, Wadden Sea Netherlands 1990 Kaiser and Lutter 1998

Finnish Archipelago Finland 1970 Karlson et al. 2002

German Bight Germany 1980 15000 Mass Mortality Annual Dethlefsen and Westernhagen 1983
Brockmann et al. 1988

Gulf of Mexico, off Freeport Texas 1970 50 Mortality Avoidance/mortality 2 years Harper and Rabalais 1995

Krka, Adriatic Sea Yugoslavia 1980 Mortality Annual Legovic et al. 1991

Lake Pontchartrain Louisiana 1990 Loss of large clams Reduced Abadie and Poirrier 2000

Loch Ailort Scotland 1990 Salmon farms in the system Reduced Gillibrand et al. 1996

New York Bight New York, New Jersey 1970 987  Surf clam/finfish mortality, Avoidance Mass Mortality Multi-year  Garlo et al. 1979; Sindermann and
Swanson 1980

North Sea coast Germany 1980 25 Mortality Reduced Koenig 1996

Off Cape Rodney New Zealand 1980 Mortality Taylor et al. 1985

Pamlico Sound North Carolina 1990 Mortality Mortality Paerl et al. 2000

Salts Hole United Kingdom 1990 6 Mortality McArthur 1998

SE North Sea Denmark 1980 Stressed Mortality Annual Dyer et al. 1983; Westernhangen and
Dethlefson 1983

Sommone Bay France 1980 3 Collapse of cockle fishery Mass Mortality Multi-year ~ Desprez et al. 1992

Texas Shelf, Deep Texas 1980 Stressed Mortality Annual Harper et al. 1981, 1991

Texas Shelf, Shallow Texas 1980 Stressed Mass Mortality Multi-year ~ Harper et al. 1981, 1991

Wadden Sea Wadden Sea 1990 3000 Stressed Mortality deJonge et al. 1994

Wismar Bay Baltic Sea 1980 Stressed Mortality Reduced Prena 1995a, 1995b

Vestfjord 1970 Karlson et al. 2002

Periodic Oxygen Depletion (>1 event per year)

Bon Secour Bay Alabama 2000 Loss of oyster Mortality Rikard et al. 2000

Florida Keys Florida 1990 Mortality Lapointe and Matzie 1996

Gironde Estuary France 1990 Abril et al. 1999

Great South Bay New York 1990 15 NOAA 1997

Gullmarsfjord, Alsback Deep Sweden 1990 Mortality Gustafsson and Nordberg 2001

Jamaica Bay New York 1990 26 NOAA 1997

James Island Creek South Carolina 1990 Avoidance Avoidance Cochran and Burnett 1995

Koljo Fjord Sweden 1990 Mortality Annual Gustafsson and Nordberg 1999;
Rosenberg et al. 2001

Narragansett Bay Rhode Island 1990 11 NOAA 1997

Prevost Lagoon France 1990 Reduced aquaculture production Mass Mortality Annual Guyoneaud et al. 1998
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System Country/State Observations (km?) Fisheries Response Response Recovery Reference
Rappahannock River Virginia 1990 55 Avoidance Mortality Annual Llanso 1992; NOAA 1997
St. Joseph Bay Florida 1990 Avoidance Leonard and McClintock 1999
St. Lucie River Florida 1990 Chamberlain and Hayward 1996
York River Virginia 1980 30 Avoidance No response No Change  Pihl et al. 1991; Diaz et al. 1992;
Sagasti et al. 2001
Persistent Oxygen Depletion
Arkona Basin Sweden 1980 1000 Karlson et al 2002
Baltic proper Baltic Sea 1960 70000  Avoidance, mortality/low hatch cod eggs Mortality/avoidance deJonge et al. 1994
Big Glory Bay New Zealand 2000 Caused by salmon farming Mass Mortality Morrisey 2000
Byfjord Sweden 1970 Pelagic only Mortality Reduced Rosenberg 1990, Rosenberg et al. 1977
Caspian Sea Caspian Sea 1990 Mortality Some? Dumont 1998
Gdansk Basin Poland 1960 1200 Karlson et al. 2002
Gotland Basin Sweden 1960 Avoidance, mortality/low hatch cod eggs Mortality Reduced Laine et al. 1997
Gulf of Finland, Deep Gulf of Finland, Deep 1960 Improved 2330 Reduced Increasing Laine et al. 1997; Andersin and Sandler 1991
Himmerfjord Sweden 1970 Improved 11 Karlson et al. 2002
Idefjord Sweden, Norway 1960 Improved 80 Mortality Reduced Rosenberg 1980
Loch Carron Scotland 1970 Mass Mortality No Change
Scheldt Estuary Belgium 1990 Verlaan et al. 1998
Sea of Azov Russia-Ukraine 1990 Lower production Mortality Reduced Balkas ef al. 1991; Chechum 1998
First Recent Area Benthic Benthic
Skagerrak Coast Fjords Sweden, Norway 1920 54  Stressed Mortality AnnualJohannessen and Dahl 1996a,b
St. Anna Archipelago Sweden 1970 25 Karlson et al. 2002
Stockholm Inner Archipelago Sweden 1970 60 No Benthos No Change  Rosenberg and Diaz 1993
Sullom Voe Shetland 1980 Mass Mortality No Change  Pearson and Eleftheriou 1981
Tan Shui Estuary Taiwan 1990 Jeng and Han 1996
Unknown Oxygen Depletion Cause
Etang de Berre France 1970 132 Stora and Arnoux 1983
Kilviken Fjord Sweden 1970 Reduced Hendelberg and Jensen 1993
Marmara Sea Marmara Sea 1990 Mass Mortality Mass Mortality Orhon and Yuksek, unpublished data
Mauritius Island Mauritius Island 1990 Coral reef affected Thomassin et al. 1998
Mondego River Portugal 1990 Kamp-Nielsen et al. 1997
Pettaquamscutt River Rhode Island 1990 Wilkin and Barnes 1997
Roskilde Fjord Denmark 1990 Kamp-Nielsen et al. 1998
Wagquoit Bay Massachusetts 1990 Fritz et al. 1996
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Figure 2. Global distribution of the 146 oxygen depletion zones related to cultural
eutrophication listed in Table 1. Systems are categorized by type of hypoxia (see Table 1
for details).

The most common form of hypoxia is one annual event, occurring at 54% of the 146
oxygen-depleted systems. The most common response to annual oxygen depletion was mortality
of benthos followed by some level of recolonization with the return of normal oxygen conditions
(Table 1). In essence, annual hypoxia forces an annual pulsing of energy over the shortened
interval of normal dissolved oxygen conditions (Diaz and Rosenberg 1995). The second most
common form of oxygen depletion is episodic, occurring 18% of the time in the 146 systems. It
appeared that episodic oxygen depletion was the first signal that a system had reached a critical
point. Many systems, such as the Kattegat, first experienced episodic events that initially caused
mass mortality of benthic organisms, but now experience annual oxygen depletion (Karlson ef al.
2002).

Since the 1960s, the number of oxygen-depleted ecosystems has doubled every ten years
(Figure 3). Prior to 1960, we found nine systems with cultural eutrophication-related oxygen
depletion. During the 1960s, another ten systems were added, but by the 1970s estuarine and
coastal ecosystems around the world were becoming over enriched with organic matter (Nixon
1995) and the number of oxygen-depleted ecosystems had doubled (Figure 3). After this point,
hypoxia quickly became an annual event and a prominent feature affecting energy flow
processes in marine ecosystems (Elmgren 1989, Pearson and Rosenberg 1992). During the
1980s, 37 systems were added, and in the 1990s 68 more were added (Table 1). By the end of
the 20" century, oxygen depletion had become a major, worldwide environmental problem with
only a small fraction of systems (6%) showing signs of improvement.
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Figure 3. Histogram of the number of ecosystems reporting oxygen depletion by decade. The
decade was determined either from the first time hypoxia was seen in historical data or
the first year a published account appeared in the literature. Data from Table 1.

The largest systems with improved dissolved oxygen conditions were the northwest
Black Sea and the Gulf of Finland. In the Black Sea, a reduction in nutrients and possibly a
balancing of exotic species led to an improvement in ecosystem function and reduction in
hypoxia (Kidey 2002). In the Gulf of Finland, a decrease in water column stratification led to
improved dissolved-oxygen conditions and the return of benthic fauna (Karlson et al. 2002).
Conditions have also improved in some systems that have experienced intensive regulation of
nutrient or carbon inputs, such as the Hudson River, New York, and the Delaware River in
Pennsylvania and New Jersey. In others, such as the Chesapeake Bay, improvements in
dissolved oxygen await the ‘burn off” of nitrogen that has accumulated within the system’s
sediments. Many examples of small-scale reversals in hypoxia associated with improvements in
treatment of sewage and pulp mill effluents as early as the 1970s (Rosenberg 1972, 1976) also
exist. In the northern Gulf of Mexico, the hypoxic zone is very tightly coupled with runoff from
the Mississippi River. During low flow years, the area of hypoxia is greatly reduced, only to
increase when river flow increases (Rabalais et al. 2001a, unpublished data). Similarly, the
Baltic Sea can experience temporary dissolved oxygen increases associated with episodic water
exchanges across the belt seas. Even though the exchange of deep water in the Baltic is episodic,
there is convincing evidence that eutrophication accelerates oxygen consumption in its bottom
waters (Karlson ef al. 2002).

In general, coastal hypoxia is not a natural condition. Only hypoxia and anoxia
associated with naturally-occurring events have a historical context dating back 100 to 150 years.
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This includes: areas of natural upwelling, such as those off Peru and Central America (Tarazona
et al. 1988) or West Africa’s Namibian shelf (Hamukuaya et al. 1998); oceanic OMZ, such as in
the Arabian Sea (Gooday et al. 2000); and stagnant basins, such as Santa Barbara Basin off
California (Bernhard and Reimers 1991). Methodologies for measuring dissolved oxygen were
not developed until the 1880s (Winkler 1888). Accounts in the historical literature do imply the
occurrence of oxygen depletion prior to development of Winkler’s method, and were generally in
water bodies associated with human development. For example, in 1884 the Mobile Register
(Alabama, USA) described what was very likely a hypoxic/anoxic event in Mobile Bay, with
fishes congregating in shallow water where they were easily caught by hand (J. Pennock,
University of Alabama, personal communication). Mobile Bay has a well-documented history of
oxygen depletion that extends back to at least the 1960s, with descriptions of similar attempts by
fish to escape oxygen-depleted waters (May 1973). A detailed review of the historical literature
will likely find hundreds of such accounts, and we predict that most of them can be associated
with some sort of human development.

The most serious effects of the combined problems associated with eutrophication and
hypoxia are seen in the Black Sea and Baltic Sea, where demersal trawl fisheries have either
been eliminated or severely stressed (Elmgren 1989, Mee 1992). Karlson ef al. (2002) provide a
detailed summary of the development of oxygen depletion in the Baltic and surrounding seas.
The Black Sea, in particular, provides an excellent example of how multiple stressors conspired
to alter an entire system. In the 1980s and early 1990s, the northwest coastal shelf of the Black
Sea was in a severe state of deterioration from stress exerted by multiple factors, including over-
fishing, exotic species introduction (the ctenophore Mnemiopsis spp.), pollution, altered
hydrology and nutrient enrichment that led to eutrophication-induced hypoxia (Mee 1992,
Kideys 1994, 2002). Historical data show that in the 1940s, the northwest Black Sea was
considered to be oligotrophic. However, by the 1970s nutrient enrichment had led to a highly
eutrophic condition that, in turn, led to alterations in the composition and quality of
phytoplankton production, including harmful algal blooms (HAB). In the 1970s prior to the
introduction of the ctenophore, and in the 1980s before ctenophore populations exploded,
eutrophication resulted in increased anchovy (Engraulis encrasicolus) production and
widespread hypoxia. Through the 1970s and 1980s hypoxia and anoxia became more prevalent
and were the primary cause of mass mortality of the benthos, including demersal fish. Other
complex changes that occurred and were likely a response to the multiple stressors included
increased turbidity, decrease in nongelatinous zooplankton, decline in biodiversity, and
replacement of highly-valued demersal fish species with less desirable planktonic omnivores
(Mee 1992, Kideys 2002). Of the 26 commercial species fished in the 1960s, only six still
supported a fishery in the early 1990s (Mee 1992). In 1989, the ctenophore populations
exploded and caused a crash in the pelagic anchovy and nongelatinous zooplankton communities
that was not oxygen-related. This event indicates that the combination of stressors affecting the
Black Sea needs to be examined in order to understand ecosystem response. The resilience of
the Black Sea ecosystem was observed in the 1990s when nutrient loads declined between 1991
and 1997. Primary production declined, there was a species shift back to diatoms, harmful algal
blooms decreased, nongelatinous zooplankton increased, and pelagic fish reappeared (Kideys
2002). The introduction of the ctenophore Beroe spp., a predator of Mnemiopsis spp., further
improved the Black Sea ecosystem.

The eutrophication-related oxygen depletion zone in the northwest Black Sea is not
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related to the central Black Sea anoxic zone, which over the last 5000 years has evolved an
oxic/anoxic ecosystem in a precise redox balance (Konovalov and Murray 2001). However,
there is now evidence that even the central Black Sea anoxic zone is showing the signs of
eutrophication due to an increased flux of organic matter. This, in turn, has increased the rate of
sulfate reduction and created an imbalance in the sulfide budget. As a result, sulfide
concentrations have increased in the anoxic zone over the past 20 to 25 years (Konovalov and
Murray 2001).

As early as the 1980s, the occurrence of hypoxia in coastal systems was closely linked to
eutrophication. In the German Bight, van Pagee ef al. (1983) found that from 1930 to 1983 an
increase in nutrients corresponded with an increase in the duration and severity of hypoxia. In
all recent cases, (listed in Table 1), hypoxia appears to be a result of general ecosystem
eutrophication, with other stressors acting to complicate ecosystem response. It is difficult or
impossible to separate the response of an ecosystem to eutrophication-induced hypoxia from the
other multiple stressors on ecosystem functioning; the Black Sea provides a good example.
However, some level of eutrophication appears to be a positive force in enhancing a system’s
secondary productivity (Nixon and Buckley 2002), and to a point enhances fisheries yield
(Caddy 1993, 2001). The critical point in the ecosystem response trajectory to eutrophication is
the appearance of severe hypoxia or anoxia, either of which can potentially cause mass mortality
of both benthic and pelagic species. The general effect of eutrophication and hypoxia to favor
benthic macrofaunal communities and species with opportunistic life histories, shorter life spans,
and smaller body size is well characterized by the Pearson and Rosenberg (1978) organic
gradient response model. However, eutrophication has a preconditioning effect on benthic fauna
by eliminating sensitive species, which tends to lessen the acute response of the system to
hypoxia when it does occur. This is the reason some systems that experience mild hypoxia show
no acute effect, such as the York River, in Virginia (Neubauer 1993, Sagastie ef al. 2001).

Climate change, whether from global warming or from microclimate variation, will have
direct consequences for eutrophication-related oxygen depletion. The form of climate change
effect will depend primarily upon how the strength of water column stratification is affected, and
secondarily on factors that affect organic matter production such as nutrient supplies. At a global
scale, general circulation models predict large changes in rainfall patterns under a CO, doubling
scenario. If these changes in rainfall lead to increased discharges of freshwater to coastal
ecosystems, stratification is likely to increase and oxygen depletion will expand in those systems
already affected, and may begin in other systems. Conversely, if stratification decreases, oxygen
depletion or the chances for depletion will decrease. For that part of the Mississippi River basin
associated with the northern Gulf of Mexico annual oxygen depletion, a doubling of CO, would
increase river discharge by 20% and temperature by 2°C to 4°C (Miller and Russell 1992). Justic
et al. (1996) predicted that these changes would lead to a 50% increase in primary production, a
30% to 60% decrease in subpycnocline dissolved oxygen, and expansion of the oxygen-depleted
area. Smaller-scale climate variation, such as the North Atlantic Oscillation (NAO) index, may
have similar effects on dissolved oxygen budgets. Nordberg et al. (2000, 2001) found that the
NAO index was correlated to hydrographic conditions in Swedish west coast fords, and may in
part be responsible for changes in dissolved oxygen budgets, particularly in fjords not subjected
to significant human pollution.
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SUMMARY

Hypoxia related to anthropogenic activities appears to develop within a system as a result
of the cumulative effects of eutrophication in combination with other stressors. Many times
hypoxia is not noticed until higher-level ecosystem effects are manifested. For example, hypoxia
did not become a prominent environmental issue in the Kattegat until the collapse of a Norway
lobster fishery several years after hypoxic bottom waters were first reported (Baden et al.
1990b). The northern Gulf of Mexico is representative of severely stressed coastal ecosystems
that currently experience seasonal hypoxia, but have not experienced hypoxia-related loss of
fisheries. Although hypoxia in the northern Gulf of Mexico has affected benthic invertebrate
communities over the last several decades, there is no clear signal of hypoxia in fisheries
landings statistics (Rabalais et al. 2001a, Chesney and Baltz 2001). However, ecosystem level
change is rarely the result of a single factor, and several forms of stress typically act in concert to
cause change within an ecosystem. The critical point for fisheries losses in the northern Gulf of
Mexico may be potential effects from global warming. The shallow, northwest continental shelf
of the Black Sea (not part of the deep central basin anoxia) is another example of a system that
was stressed by eutrophication-driven hypoxia in combination with other stressors that led to
drastic reductions in bottom fisheries (Mee 1992, Kideys 1994, 2002).

Until the 1950s, reports of mass mortality of marine animals caused by lack of oxygen
were limited to small systems that had histories of oxygen stress (Brongersma-Sanders 1957). In
the 1960s, the number of systems with reports of hypoxia-related problems started to increase,
but it was in the 1970s and 1980s when most initial reports of hypoxia occurred. By the 1990s,
most estuarine and marine systems in close proximity to population centers had reports of
hypoxia or anoxia. It does not appear that reports of oxygen depletion have leveled off, and the
number of systems affected by hypoxia/anoxia continues to rise. There is encouraging news
since 2000 that some large systems such as the Black Sea and Gulf of Finland have responded
positively to a decrease in stressors.

Coastal and estuarine hypoxia does not appear to be a natural condition, except in areas
influenced by OMZs, upwelling, or some enclosed fjord systems. The main factor in
development of hypoxia in coastal and estuarine systems has been the input of excess nutrients
leading to eutrophication. The determination of population or ecosystem level effects from
hypoxia is complicated by many factors, including inadequate data on historic trends of species
populations and dissolved oxygen concentrations and the interaction and synergistic effects of
multiple stressors such as fishing pressure, habitat loss, etc. (Figure 1). Hypoxia and anoxia are
among the most widespread deleterious anthropogenic effects in estuarine and marine
environments. The effects of hypoxia may be reversed by the reduction of nutrient or organic
inputs to a system that lead to a reduction or elimination of the hypoxia.
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ESTUARINE EUTROPHICATION, HYPOXIA AND ANOXIA DYNAMICS: CAUSES,
CONSEQUENCES AND CONTROLS

Hans W. Paerl!

ABSTRACT

Estuaries are among the most productive, resourceful, and dynamic aquatic ecosystems
on Earth. Their productive nature is linked to the fact that they process much of the world’s
riverine and coastal watershed discharges. Coastal watersheds support more than 75% of the
world’s human population and, as such, are sites of large increases in nutrient loading associated
with urban and agricultural expansion. Increased nutrient loading translates into accelerated
primary production, or eutrophication, the symptoms of which include increased algal bloom
activity, and accumulation of organic matter. Excess organic matter serves as the “fuel” for
microbial decomposition that consumes large amounts of oxygen (0O;), leading to oxygen
depletion. Hypoxia (<4 mg O, L") and anoxia (<1 mg O, L™"), respectively, are stressful and
fatal to finfish, shellfish and higher plant life, and are prime indicators of declining water quality
and habitat conditions. While nutrient-enhanced eutrophication is a “driver” of hypoxia and
anoxia, specific physical characteristics, including low flushing rates, strong vertical
stratification, stagnant conditions, and elevated temperatures are also involved. Therefore,
anthropogenic factors (i.e., excessive nutrient loading), geomorphological and climatic factors
(i.e., storm-related freshwater and nutrient discharge) are jointly implicated in determining
eutrophication potential. The complex interactions of these factors determine the magnitude,
duration and aerial extent of hypoxia and anoxia (jointly termed hypoxia). Using the eutrophic
Neuse River Estuary (NRE), North Carolina, USA as a case study, we will examine the physical-
chemical mechanisms underlying and controlling hypoxia dynamics. Because primary
production in the NRE and many other estuaries is nitrogen (N) limited, emphasis is placed on
reducing N inputs to reduce hypoxia. Both the amounts and chemical forms of N play roles in
determining the composition and extent of phytoplankton blooms that supply the bulk of the
organic carbon fueling hypoxia. Bloom organisms that are readily grazed represent minimal C
flux to the sediments, while toxic or inedible blooms lead to the greatest amount of sedimentary
C flux and hence hypoxia potential. Nutrient input reductions are the main options for reducing
hypoxia. Being able to distinguish physical, chemical and biotic forcing features of hypoxia is
key to understanding, predicting, and ultimately managing hypoxia potentials. Long-term
monitoring, experimental manipulations and modeling of causative agents of hypoxia over
appropriate spatial and temporal scales will be invaluable for developing realistic, ecologically
sound, and cost-effective nutrient input reduction strategies aimed at minimizing this undesirable
process.

! University of North Carolina at Chapel Hill, Institute of Marine Sciences, 3431 Arendell Street, Morehead City,
NC 28557 USA
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THE PROBLEM: NUTRIENT-DRIVEN EUTROPHICATION, ORGANIC MATTER
ACCUMULATION, HYPOXIA AND ANOXIA IN HYDROLOGICALLY-VARIABLE
ESTUARIES

Estuaries are among the most productive, ecologically-diverse, economically-important,
and hydrologically-variable ecosystems on Earth. The bulk of the worlds’ commercial and
recreational fish stocks depend on estuaries as nurseries, refuges and feeding grounds. Estuaries
also receive and process a large share of land-based nutrients and other pollutants via surface
runoff, atmospheric deposition and groundwater discharge, much of it delivered via rivers
draining urban and rural watersheds (Howarth ef al. 1996, Paerl 1997, Jaworski et al. 1997, Paerl
et al. 2002). Coastal watersheds support approximately 75% of the world’s human population
and the number of coastal residents continues to rise (Vitousek et al. 1997). The productive
nature and resourcefulness of estuaries depends to a large extent on externally-supplied, or
“new” nutrient inputs; however, anthropogenic nutrient inputs have increased dramatically in
recent years, far exceeding what is needed to sustain desirable production (Vollenweider et al.
1992, Jorgensen and Richardson 1996, Boesch ef al. 2001). Many estuaries are now facing
nutrient-over-enrichment, or “too much of a good thing” (D’Elia 1997, NRC 2000), which
greatly stimulates primary production, the process by which inorganic carbon (CO,) is converted
to organic matter (OM). Accelerated production of organic matter at the base of the food web is
commonly referred to as eutrophication (Nixon 1995). High rates of eutrophication can lead to
the rapid accumulation of organic matter (e.g. algal blooms) due to the inability of consumers to
assimilate it. Eventually, the unused organic matter settles to the sediment, where it serves as
“fuel” for microbial decomposition that converts organic matter back to CO; and inorganic
nutrients.

NUTRIENT INPUTS HYPOXIA
{NO,, NH,, DON) ANOXIA '\
SEDIMENT
NUTRIENT RELEASE PHYSICAL CONTROLS
(pasitive feedback) (mixing, stratification)
PHYTOPLANKTON INCREASED
COMMUNITY S0OD (BOD/COD)
PmTOPLANKTo:\ /
BLOOMS OMDECOMPOSITION
{positive feedback)
\ ORGANIC
MATTER
DEPOSITION

Figure 1. Functional linkages between nutrient inputs, eutrophication (phytoplankton blooms)
and hypoxia/anoxia in aquatic ecosystems.
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This aerobic decomposition requires large amounts of O; (as an oxidant). Therefore,
waters enriched with decomposable organic matter tend to consume large amounts of O,. If the
affected waters are stratified, slowly flushed, or stagnant, consumption of O, can exceed its re-
supply from either atmospheric or photosynthetic (i.e., O, evolution) sources. The imbalance
between relatively high rates of O, consumption and low rates of O, re-supply causes dissolved
oxygen (DO) content to drop to levels that are low enough to adversely affect oxygen-requiring
animal and plant life. Dissolved O, concentrations of less than 4 mg O, L™ are stressful and
termed hypoxic, while O, concentrations less than 1 mg O, L™ are termed anoxic and may be
fatal to many fish, shellfish and invertebrate species (Renaud 1986, Pihl et al. 1991, Diaz and
Rosenberg 1995). Both conditions are generally considered unhealthy and undesirable from
water quality perspectives (Rabalais and Turner 2001).

Hypoxia and anoxia are naturally-occurring processes resulting from a combination of
physical-chemical conditions, including: persistent water column stratification; long residence
times and stagnation; elevated temperatures that favor high rates of microbial decomposition and
hence O, consumption; and adequate organic matter supplies. These conditions can vary
dramatically in time and space. Hypoxia is exacerbated by excessive organic matter input, hence
the link to eutrophication (Rabalais and Turner 2001). There are numerous examples of hypoxia
and anoxia in estuarine and coastal waters experiencing nutrient-enhanced eutrophication, the
symptoms of which range from barely perceptible increases in primary production and plant
biomass (e.g., chlorophyll @), to massive accumulations of nuisance (odoriferous, noxious and
toxic) algae, or “blooms” (Figure 2) (Paerl 1988, Richardson 1997, Rabalais and Turner 2001).
Examples include: 1) summer stratification in the main stem of the Chesapeake Bay (Officer et
al. 1984, Boynton and Kemp 2001); 2) the Baltic Sea and its embayments (Elmgren and Larsson
2001); 3) The Northern Adriatic Sea downstream of the Po River discharge plume (Justic 1991);
4) Hong Kong Harbor and the adjacent Pearl River Delta that have experienced accelerating
nutrient loads from rapid urban and agricultural development in its watershed (Yin et al. in
press); 5) the Mississippi River discharge plume entering the Northern Gulf of Mexico (Rabalais
et al. 2001); and 6) Scandinavian fjords under the influence of agricultural runoff and intensive
aquaculture operations (Rosenberg 1980, 1990). There are additional examples worldwide (c.f.,
Turner ef al. 1987, Van Dolah and Anderson 1991, Welsh and Eller 1991, Diaz and Rosenberg
1995, Rabalais and Turner 2001).

Primary production is controlled or limited by nitrogen (N) availability in most of the
world’s estuaries (Ryther and Dunstan 1971, Nielsen and Cronin 1974, Nixon 1986, 1995).
Growing and more diversified inorganic and organic N inputs from agricultural, urban and
industrial expansion in coastal watersheds have been identified as key "drivers" of eutrophication
in these estuaries (D'Elia ef al. 1986, Nixon 1995, 1996, Paerl 1997; Seitzinger and Sanders
1997, Peierls and Paerl 1997). In many N-sensitive estuarine and coastal systems, N loading
rates are good predictors of primary production response (Nixon 1995) (Figure 3). It follows that
N reduction is a broadly prescribed nutrient management step for reducing estuarine
eutrophication, hypoxia and anoxia. There are cases, however, where estuarine and coastal
primary production can be co-limited by N and P (e.g., Chesapeake Bay, North Sea,
Mediterranean, Northern Gulf of Mexico in Mississippi plume). Here, both N and P reductions
must be considered for effective, long-term control of eutrophication (Vollenweider et al. 1992,
Jonge et al. 1996).
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Figure 2. Representative algal blooms that provide the organic matter “fuel” for bottom-water
hypoxia in vertically-stratified estuarine and coastal waters. Upper left; cyanobacterial
(Nodularia spp., Aphanizomenon flos aquae) bloom in the Baltic Sea, near the Gulf of
Finland. Upper right; Red tide dinoflagellate bloom in the coastal Sea of Japan. Lower
left; cyanobacterial (Anabaena spp., Microcystis aeruginosa) bloom on the St Johns
River, a tidal estuary in Florida, USA. Lower right; Algal bloom dominated by
cyanobacteria and chlorphytes in a coastal embayment, North Island, New Zealand.

The linkage between nutrient loading, eutrophication and hypoxia/anoxia dynamics is
often non-linear and complex in estuarine and coastal systems (Cloern 2001). This is because
these systems are hydrodynamically and biogeochemically distinct and dynamic. Climatic and
physiographic differences between these systems profoundly affect physical-chemical and
biological processes mediating organic matter production and accumulation, oxygen dynamics,
and nutrient cycling. The complex interplay between hydrologic discharge (i.e., flushing,
residence time), vertical and horizontal thermal and salinity stratification, wind and tidal mixing,
and frontal (e.g., “nor-easters”) passages and even larger storm events (i.e. hurricanes)
determines the frequency, spatial and temporal extent of hypoxia events in estuaries. Here, I will
explore the interplay of anthropogenic (nutrient) and natural (climatic) forcing features in the
Neuse River Estuary (NRE), North Carolina, a system whose watershed has experienced rapid
population growth and agricultural and urban development, accompanied by substantial
increases in nutrient (N and P) loading.
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Figure 3. Upper frame. Direct relationship between dissolved inorganic N input and primary production
in various North American and European estuarine and coastal ecosystems*. Figure adapted
from Nixon ef al. (1996). Lower frame. Direct relationship between dissolved inorganic N input
and phytoplankton biomass, as mean annual chlorophyll a content, in several Western Australian
estuarine systems. Figure adapted from Twomey and Thompson (2001).

*Details of systems: The open circles are for large (13 m®, 5 m deep), well-mixed mesocosm tanks at the
Marine Ecosystems Research Laboratory (MERL) during a multi-year fertilization experiment
(Nixon et al. 1986, Nixon 1992). Natural systems (solid circles) include (1) Scotian shelf — DIN
from Houghton ef al. (1978), production from (Mills & Fournier 1979), (2) Sargasso Sea — DIN
from (Jenkins 1988), production from (Lohrenz ef al. 1992) mean of 1989 and 1990 values of 110
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and 144 g C m™ yr', respectively, (3) North Sea — DIN from (Laane et al. 1993) assuming that
the ratio of DIN/TN in the input from the Atlantic equals that in the Channel, production from
Seitzinger & Giblin (this volume), (4) the Baltic Sea — DIN and production from (Ronner 1985),
including DIN flux across the halocline, (5) North Central Pacific — DIN from 0 and 185 g C m™
yr', (6) Tomales Bay, CA — DIN and production from (Smith 1991), (7) Continental shelf off
New York — DIN and production from (Walsh et al. 1987), (8) Outer continental shelf off
southeastern U.S. — DIN and production from (Verity et al. 1993), (9) Peru upwelling — DIN
calculated from annual mean upwelling rate of 0.77 m d”' (Guillen & Calienes 1981) and an
initial 20 uM concentation of NO; in upwelled water (Walsh et al. 1980), production off
Chimbote from (Guillen & Calienes 1981), (10) Georges Bank — DIN from (Walsh et al. 1987),
production from (O’Reilly et al. 1987). The equation is a functional regression.

Human and natural disturbances in the NRE and other coastal watersheds have altered
both the amounts and ratios of nutrients discharged to coastal waters. Timing, modality, and
composition of N (and other nutrient) inputs play roles in determining phytoplankton growth
responses (Dugdale and Goering 1967, Harrison et al. 1987, Collos 1989, Antia et al. 1991),
with possible ramifications for hypoxia. Natural phytoplankton communities are exposed to a
range of inorganic and organic N compounds at varying ratios and supply rates. Uptake rates of
N and other nutrient compounds vary spatially and temporally among phytoplankton
communities in the NRE and adjacent coastal waters, suggesting differential responses (Boyer et
al. 1994, Peierls et al. 1997, Paerl et al. 2002). These taxa-specific responses play a key role in
structuring natural phytoplankton communities, and determining bloom dynamics (Turpin and
Harrison 1979, Collos 1989, Stolte ef al. 1994). Specific phytoplankton taxa can affect hypoxia
and anoxia dynamics; especially if they are differentially utilized by zooplankton, larval fish, and
benthic grazers. For example, preferentially grazed phytoplankton groups such as diatoms and
flagellates, are often effectively utilized and metabolized in the water column, while relatively
poorly grazed taxa, such as filamentous cyanobacteria and toxic dinoflagellates, will form a
larger fraction of the sedimented organic matter and hence a larger hypoxia burden to the system
(Figure 4). Previous studies in the NRE indicate that cyanobacterial and dinoflagellate blooms
tend to precede large hypoxia and anoxia events (Pinckney et al. 1998, 2001, Paerl ef al. 2002),
suggesting links between phytoplankton community composition and hypoxic and anoxic
conditions. There are also strong positive relationships between the extent of vertical
stratification (i.e. stratification index) and the frequency and aerial extent of bottom water
hypoxia (Figure 5) (Buzzelli et al. 2002). To some extent, there are strong interactions among
all these abiotic parameters and trophic state, since organic matter, much of it originating from
phytoplankton production, is the fuel supporting hypoxia in this estuary (Paerl et al. 1998,
Buzzelli et al. 2002).
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Figure 4. Figure 4a: Conceptual figure showing the linkage between external nutrient loading, internal
nutrient cycling, nutrient enhanced algal bloom formation and hypoxia under salinity-stratified
estuarine conditions. Figure 4b: Differential impact on hypoxia of phytoplankton species that are
readily consumed (labeled +) vs. species that are not (-). Species that are not consumed form a
larger share of sedimented organic matter and, therefore, represent a larger burden on the hypoxia
potential in the estuary.

Human development of coastal watersheds also accelerates “external” organic matter
loading to estuaries in the form of soil erosion, agricultural waste and urban discharge.
Enhanced organic matter loading exacerbates hypoxia potential in estuaries (Stanley and Nixon
1992, Paerl et al. 1998). Recent research has pointed to the role of dissolved organic nitrogen
(DON) in algal nutrition, competitive interactions and determination of community structure
(Neilson and Lewin 1974, Antia et al. 1991, Seitzinger and Sanders 1997, Peierls and Paerl
1997). In particular, certain harmful (i.e., toxic, hypoxia/anoxia-inducing, food web-altering)
algal bloom groups, including dinoflagellates and blue-green algae (cyanobacteria), are known to
contain species capable of growing in either autotrophic or heterotrophic modes (Antia et al.
1991), enabling them to exploit both inorganic and organic nutrient enrichment. There is
concern that substantial quantities of organically-bound nutrients emanating from the watershed
can overshadow potentially-beneficial effects of inorganic nutrient reduction strategies in
eutrophying waters. Therefore, in order to understand and manage the nutrient “drivers” of
eutrophication and hypoxia dynamics, both inorganic and organic nutrient enrichment must be
considered.
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Figure 5. Upper Frame: Location of the Neuse River Estuary and Pamlico Sound, North Carolina.
Shown are the Atlantic Ocean (AO), Oregon, Hatteras, and Ocracoke Inlets (ORI, HI, OI,
respectively), Cape Lookout (CL), Pamlico Sound (PS), and the Pamlico and Neuse Rivers (PR
and NR). The NRE sampling sites for mid-river water quality (19 filled circles) and continuous
in-stream monitoring (4 open boxes) are shown. Triangles indicate sites for diel and other
periodic studies during which additional samples are collected. Lower Frames: Spatio-temporal
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contour plots of salinity and dissolved oxygen characteristics of the Neuse River Estuary during
an annual cycle. The sampling locations from which the data were derived are shown. Near
surface and near bottom samples were collected biweekly as part of the Neuse River Modeling
and Monitoring Program (www.marine.unc.edu/neuse/modmon). The data are plotted along a
transect spanning upstream freshwater (Streets Ferry Bridge (SFB), designated 0 km) to a
downstream mesohaline location above the entrance to Pamlico Sound (50km downstream of
Streets Ferry Bridge). Data were plotted using Surfer Plot software.

HYPOXIA DYNAMICS IN THE NEUSE RIVER ESTUARY, NORTH CAROLINA, USA

The NRE is a tributary of North Carolina’s Albemarle-Pamlico Estuarine System
(APES), the US’s 2™ largest estuarine complex. It drains a rapidly growing urban, industrial,
and agricultural watershed, and illustrates the plight of many coastal river systems. This estuary
is approximately 100 km long from its fresh headwaters to the mesohaline (15-25 psu) waters of
Pamlico Sound (Figure 5). Its physical, chemical and biological characteristics have been
intensively monitored, and are the focus of modeling studies described at
www.marine.unc.edu/neuse/modmon, www.ferrymon.org (Luettich et al. 2000).

Primary production in the NRE is controlled by N inputs (Paerl 1987, Rudek et al. 1991,
Boyer et al. 1994) that have nearly doubled in the past 3 decades (Stanley 1988, Dodd et al.
1993). Within this time frame, the NRE has experienced trophic, biogeochemical and water
quality decline, exemplified by proliferating nuisance (i.e., toxic and food web disrupting)
dinoflagellate and cyanobacterial blooms (Christian et al. 1986, Paerl 1987, Paerl et al. 1995).
Non-point sources contribute ca. 75% of the external or "new" N loading, much of it attributable
to agricultural activities (NC Dept. of Environment and Natural Resources 2002). Agricultural
expansion, including creation of new farm and forest land, widespread use of nitrogen fertilizers,
proliferating livestock (swine, cattle) and poultry (chicken, turkey) operations, coastal
urbanization and increasing inputs of groundwater and atmospheric deposition have led to
unprecedented increases in total N loading (Paerl et al. 2002). Industrial-style farms have
increased the region’s hog population from approximately 1 million to over 12 million between
1989-1999. As a result, land-applied and atmospherically-emitted N are input into this estuary in
increasingly-large amounts (Whitall and Paerl 2001).

Eutrophication and algal bloom formation have been linked to enhanced deposition of
organic matter (Clesceri et al. in press), leading to growing frequencies, magnitudes, and aerial
coverage of large-scale, bottom-water hypoxia and anoxia (Paerl et al. 1998) (Figure 6).
Relatively long water residence times (>52 d), low flushing rates, and persistent stratification
exacerbate low DO conditions during summer that can cover at least half the bottom of the
estuary (Luettich et al. 2000, Buzzelli et al. 2002) (Figure 7). Finfish and shellfish kills have
been linked to this chain of events (Lenihan and Peterson 1998, Paerl et al. 1998) (Figure 7).
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Figure 6. Spatio-temporal relationship between bottom water hypoxia and fish kills, plotted for
1994-2001 in a mesohaline segment of the Neuse River Estuary between New Bern and a
location midway between Minnesott Beach and the entrance to Pamlico Solund (see
Figure 5). Dissolved oxygen data were obtained by the Neuse River Modeling and
Monitoring Program (ModMon; www.marine.unc.edu/neuse/modmon). The fish kill
events (each representing at least 500 dead fish) were recorded by the North Carolina
Department of Environment and Natural Resources, Division of Water Quality.

The NRE has also recently been under the influence of elevated tropical storm and
hurricane activity, possibly reflecting a larger-scale Atlantic basin trend predicted to last 10-40
years (Goldenberg et al. 2001). At least 6 major hurricanes have impacted the NRE watershed in
the past 6 years alone. During the fall of 1999, 3 sequential hurricanes, Dennis, Floyd and Irene,
inundated the NRE watershed with up to a meter of rain during a 6 week period. This caused a
200 year flood in the NRE watershed. Floodwaters turned the NRE and other tributaries of the
Pamlico Sound completely fresh, and accounted for more than half the annual N load to this N-
sensitive system (Paerl et al. 2001). Biogeochemical and ecological effects included hypoxic
bottom waters, altered nutrient (N, P, C) cycling, a 3-fold increase in algal biomass, shifts in
microbial community structure and function, altered fish distributions and catches, and an
increase in fish disease (Paerl ef al. 2001, Eby and Crowder unpublished data).
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Figure 7. Vertical section of the eutrophic Neuse River Estuary, NC, ranging from the
freshwater head of the estuary (left hand side) to the mesohaline entrance to Pamlico
Sound. Data plotted were obtained from the biweekly Neuse River Modeling and
Monitoring Program, ModMon database (www.marine.unc.edu/neuse/modmon). The
upper frame illustrates the strong, vertical salinity stratification that results from light,
freshwater inflow floating over denser, salt water entering from Pamlico Sound.
Stratification persists during the summer months. The lower frame shows hypoxia that
characterizes the bottom water as a result of the persistent vertical stratification.

Numerous estuarine studies throughout the world clearly demonstrate that interactions
between the sediment and the water column play an important role in regulating phytoplankton
production and the extent of bottom water hypoxia/anoxia (e.g., Billen 1978, Matson et al. 1983,
Nixon and Pilson 1983, Kemp and Boynton 1992, Jergensen 1996). Estuarine sediments are rich
in organic matter (typically 3-10 % organic carbon) and represent vast storage reservoirs for
nutrients and oxygen demand. For example, the upper 10 cm of sediment in the NRE contains
500 times more N than the entire water column (Alperin ef al. 2000). Likewise, the benthic
oxygen flux in the Neuse (20-40 mmol m™>d™") is capable of depleting the bottom water of
oxygen in just 10 days (Alperin et al. 2002).
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Sediment biogeochemical processes are driven by the flux of organic detritus from the
water column. The quantity of organic matter deposited at the sediment surface depends on
productivity in the overlying water (internal loading), the flux of organic matter from the
watershed (external loading), and the efficiency with which the organic matter is exported from
the estuary by either physical processes or consumption by grazers. Since, on an annual basis,
external organic matter constitutes less than a third of the total load to the NRE (Paerl et al.
1998), productivity and export are the major controls on the flux of organic matter reaching the
sediment surface. While productivity is largely controlled by the supply of fixed N, the export of
organic matter from the estuary depends on phytoplankton community structure. Taxonomic
groups that are poorly grazed (e.g., cyanobacteria, dinoflagellates) or that flocculate and settle as
their blooms “crash” have a greater tendency to be retained by the sediment.

Pinckney et al. (1998) have shown that phytoplankton bloom dynamics and community
structure in the NRE are variable in time and space. Typically, total productivity is highest in the
spring, coincident with a peak in N loading associated with maximal river discharge. The spring
bloom is dominated by dinoflagellates, which grazers find less palatable than diatoms and
chlorophytes, allowing a greater portion of the production to escape export and settle to the
sediment. This sedimentation process is an important mechanism for retaining C and N fixed
during the spring since high flow during this period would tend to flush the suspended organic
matter from the estuary in < 1.5 months (Christian ef al. 1991). A secondary bloom -- composed
of diatoms, cyanobacteria, cryptomonads, and chlorophytes -- often occurs during the summer.
This bloom coincides with the period of minimal external N loading (Paerl et al. 1998), implying
that recycled N released from the sediment plays a significant role in fueling this productivity.
The oxygen demand associated with organic matter from the summertime bloom combined with
warm temperatures (up to 30° C in the summer), low flow rates, fewer mixing events, and
intense water column stratification, result in pervasive hypoxia and anoxia throughout the upper
estuary.

During summer, long residence times, low flushing rates, persistent vertical stratification,
and elevated temperatures exacerbate hypoxic conditions that can persist for weeks and cover
large areas (Luettich ef al. 2000). Non-motile (sessile) fauna are unable to escape these
conditions and, therefore, large areas of the benthos are subjected to periodic defaunation events
(Lenihan and Peterson 1998). In addition, these conditions overlap with fish nursery/refuge
habitats (Luettich et al. 2000). The ecosystem-level trophic implications are that a large
component of the estuarine food web can be negatively impacted, or even removed, altering both
the structure and function of the system until benthic and nektonic communities are
reestablished. Hypoxia and anoxia also influence biogeochemical cycling processes in affected
habitats. Benthic nutrient release, especially of NH," and PO,> , 1s enhanced at low DO
concentrations (Rizzo and Christian 1996). These nutrients, which are critical for supporting
phytoplankton production and standing stock, are present in high concentrations during and
following anoxic events. Periodic pulse nutrient loading from storm events throughout the
watershed, as well as point and non-point source discharges near the estuary, help sustain
phytoplankton blooms and perpetuate hypoxic conditions (Figure 8). As the frequency, duration,
and aerial coverage of these perturbations increase, both the structure and function of the
estuarine ecosystem can experience long-term change.
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Figure 8. Conceptual illustration showing the linkage between specific nutrient inputs,
freshwater discharge, eutrophication, algal bloom formation, and hypoxia dynamics in a
stratified estuarine ecosystem.

MANAGING HYPOXIA IN THE NEUSE AND OTHER ESTUARIES: WHAT ARE THE
OPTIONS AND APPROACHES?

Bottom-water hypoxia in the NRE and other estuaries result from the interaction of
several non-biological variables, including freshwater discharge, vertical stratification, mixing
associated with atmospheric forcing, and mixing associated with the tides, with sufficient
oxidizable organic matter to lead to net O, consumption (Paerl ez al. 1998, Buzzelli et al. 2002).
There are key physical prerequisites for hypoxia. These include vertical salinity and/or
temperature stratification, long residence time (i.e. restricted flushing) and a lack of or minimal
wind or tidal mixing. As a rule, estuaries with stable water columns that exhibit periods of
vertical stratification have a natural propensity for hypoxia to develop. Conversely, well-mixed,
non-stratified estuarine or coastal waters rarely exhibit water column hypoxia. From a
management perspective, these physical forcing features are seldom controllable, the exception
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being small systems such as aquaculture ponds that can lend themselves to artificial
destratification. The introduction of organic matter, the “fuel” of hypoxia, is, therefore, the key
manipulative factor. Organic matter (OM) arises from two main sources, externally-supplied
OM derived from the watershed, and internally-supplied OM, derived from primary production
within the system. A vast amount of watershed-based OM input is attributable to natural
processes, including leaching of decomposing plant and animal OM materials from soils, forests,
wetlands and swamps. Leaching is often enhanced in agricultural soils due to tilling and the
application of organic fertilizers (i.e., animal wastes, manures). Therefore, land management
practices that minimize OM losses from these sources can help reduce OM losses to downstream
estuarine and coastal waters.

As mentioned previously, estuarine and coastal OM inputs are dominated by in situ
primary production, originating from phytoplankton and macroalgae or rooted higher aquatic
plants (Nixon 1986, Valiela 1995, Paerl et al. 1998, Hobbie 2000). Therefore, controlling the
rate of primary production is a direct approach to minimizing OM loading, and potentially
reducing hypoxia. Because estuarine and coastal primary production is, at least, in part
controlled by nutrient (i.e., N and P) supply, nutrient input constraints are the prescribed
approaches for minimizing the hypoxia potential of sensitive waters (Nixon 1995, Paerl et al.
1998, Boynton and Kemp 2000). As to what, how much, when and where to reduce nutrient
inputs are site-specific questions that require answers intimately tied to the interactive effects of
physical, chemical and biological forcing features. Demonstrating a linkage between
phytoplankton and O, dynamics within the framework of annual variability requires a process-
based understanding of the combined effect of individual factors. Synoptic measurements of the
major variables at relevant time scales are a critical first step in developing data useful for
formulating, validating, and testing realistic conceptual/mathematical models describing
environmental controls of the primary production process on an ecosystem scale.

The linkages between nutrients, phytoplankton and hypoxia/anoxia are usually viewed in
a simple conceptual manner that translates biomass into carbon deposition and decomposition
(c.f. Figure 1). However, this approach needs to incorporate the complex interactions of
changing nutrient sources and chemical forms (e.g., nitrate vs. ammonium vs. organic N)
associated with human and climatic perturbations in coastal watersheds that impact
phytoplankton community structural and functional responses. We now know that these
responses impact trophic transfer and C deposition rates, both of which affect hypoxia potentials
(Figure 8). Amounts and forms of watershed-discharged nutrients should be the primary targets
of management strategies aimed at reducing estuarine hypoxia potentials. In most instances, the
focus should be on N controls, since productivity of the receiving waters is largely N limited
(Nixon 1995). However, N and P co-limitation occurs in some estuaries, in which case both
nutrients should be included in source/input reduction strategies (Jonge 1990, Elmgren and
Larsson 2001). Modeling efforts should be focused on determining naturally-occurring
“background” hypoxia potentials, i.e., the tendency of a system to develop hypoxia independent
of man-made nutrient inputs. Models able to predict the difference in hypoxia potentials
between “natural” and anthropogenically-enriched nutrient conditions will help management
devise practical approaches to control estuarine hypoxia using quantifiable, ecologically sound
and cost-effective nutrient input reduction strategies. Modeling efforts under way in the NRE to
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distinguish the relative importance and roles of physical and chemical drivers of hypoxia
(Borsuk et al. 2001, Buzzelli et al. 2002) may prove useful for other, hydrologically and
biogeochemically-variable estuaries.

In any case, it should be recognized and kept in perspective that hypoxia is a natural
phenomenon that frequently takes place in strongly stratified, productive waters. Therefore, it is
unlikely that management efforts will entirely eliminate the tendency of these waters to
periodically exhibit localized oxygen depletion. However, there is evidence that excessive
organic matter loading, most commonly as nutrient-enhanced eutrophication, can increase
hypoxia potentials even in these waters (c.f., Rabalais and Turner 2001). As such, steps taken to
reduce the unwanted symptoms of eutrophication will also help mitigate, but not necessarily
eliminate, hypoxia potentials. Management strategies and steps will most likely need to be site
and ecosystem specific. Formulating effective nutrient management strategies for specific
ecosystems and regions is a rational, scientifically-sound approach to minimizing negative
ecological and economic impacts of excessive hypoxia.
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PERSPECTIVES FOR COASTAL MARINE HYPOXIA IN A WARMER WORLD

Dubravko Justi¢ and R. Eugene Turner, ' Nancy N. Rabalais®

ABSTRACT

A coupled biological-physical model was used to simulate monthly responses of the Gulf
of Mexico hypoxia to variations in climate and anthropogenic nutrient loading. We examined
six hypothetical future scenarios that are based on observed and projected changes in Mississippi
River discharge, Mississippi River nitrate concentrations, and ambient water temperatures. In
particular, we investigated the implications of a 30% decrease in the Mississippi River nitrogen
flux, which was recently proposed by the Mississippi River Watershed/Gulf of Mexico Hypoxia
Task Force as a measure to reduce the size of the hypoxic zone. Model simulations indicate that,
if potential climatic variations are taken into account, a 30% decrease in the nitrogen flux of the
Mississippi River may not be sufficient to accomplish the proposed hypoxia management goal.
For instance, a 20% increase in the Mississippi River discharge, projected under a number of
climate change scenarios, would offset a decrease in the frequency of hypoxia resulting from a
30% decrease in the anthropogenic nitrogen flux.

INTRODUCTION

A scientific consensus now exists that the buildup of greenhouse gases in the atmosphere
is warming the earth (IPCC 2001). The last decade of the 20" century was the warmest on
record, and paleo-records indicate that recent warming has no counterpart in the last 1000 years
(Crowley 2000). The global Earth’s temperatures increased by almost 1 °C during the last 150
years (Jones et al. 1999), and general circulation models (GCMs) have projected further
temperature increases of 1-6 °C over the next 100 years (IPCC 2001). An increase in global
temperatures of such a magnitude is expected to produce a general intensification of the
hydrologic cycle that would be manifested in increased global precipitation, evapotranspiration
and runoff (Miller and Russell 1992).

General circulation models (GCMs) are not consistent in their predictions of the effects
of climate change on precipitation and temperature, two important drivers of freshwater inflow to
estuaries. A GCM-based study that examined the potential impacts of global warming on the
annual runoff of the world’s 33 largest rivers (Miller and Russell 1992) suggested that runoff
increases are likely for 25 of the 33 studied rivers. The model predicted higher runoffs for all
rivers in high northern latitudes, with a maximum increase of 47%. At low latitudes, both
increasing and decreasing runoffs were predicted, ranging from a 96% increase to a 43%
decrease. In most cases, the increase in river runoff was coincidental with increased rainfall
within the drainage basin (Miller and Russell 1992). Based on this GCM study, the average
annual Mississippi River discharge would increase about 20% if the concentration of

! Coastal Ecology Institute and Department of Oceanography and Coastal Sciences, Louisiana State University,
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atmospheric CO, doubles. However, other studies have shown that runoff estimates for the
Mississippi River Basin differed greatly between the Canadian GCM model and the Hadley
GCM model (Wolock and McCabe 1999). Both models predict an increase in future extreme
rainfall and runoff events, but they disagree in terms of both the magnitude and direction of
changes in average annual runoff. The average annual runoff of the Mississippi River Basin, for
example, was projected to decrease 30% by the Canadian model, but increase 40% by the Hadley
model by the year 2099. Estimated changes of water input into major U.S. estuaries projected by
the Hadley model by the year 2099 range from -40% to +100%. Similar calculations based on
Canadian model projections suggest significantly reduced inflows for all coastal regions except
the US Pacific coast (Wolock and McCabe 1999). Thus, it is likely many coastal and estuarine
ecosystems will experience changes in freshwater inflow, although it is unclear in which
direction these changes will occur. It is also likely that extreme precipitation events will become
more common, as either droughts or floods (Easterling et al. 2000).

Climate change, if manifested by increased global temperatures and enhanced hydrologic
cycles, may influence the development of hypoxia in two major ways. First, the magnitude and
seasonal patterns of freshwater and nutrient inputs would be affected, which could have an
immediate effect on nutrient-enhanced coastal water productivity and carbon flux to the bottom
sediments. Also, the fundamental characteristics of the physical environment would likely
change, thereby affecting the susceptibility of coastal ecosystems to hypoxia. Here, we examine
the potential implications of future climate change for hypoxia in river-dominated coastal waters.
We focus on the northern Gulf of Mexico (Figure 1), a coastal ecosystem dominated by the
Mississippi River, where decadal and interannual variations in the size of a large hypoxic zone
provide representative examples of anthropogenic and climatic controls on eutrophication.

GULF’S HYPOXIA

A zone of large-scale hypoxia (<2 mg O, I") in the northern Gulf of Mexico (Figure 1),
recently exceeding 22,000 km® (Rabalais et al. 2002), overlaps the habitat and fishing grounds of
commercially important fish and shrimp species. This phenomenon develops as a synergistic
product of high water column stability and high surface primary productivity that manifests in a
high carbon flux to the sediment (Rabalais ef al. 1996). Hypoxia typically occurs from March
through October in waters below the pycnocline, and extends between five and 60 km offshore
(Rabalais and Turner 2001). Retrospective analyses (Turner and Rabalais 1994, Sen Gupta et al.
1996) and model simulations (Justi¢ ef al. 2002) suggest that the Gulf’s hypoxia has intensified
during the last five decades as a probable consequence of increased riverine nitrogen inputs
(Turner and Rabalais 1991, Goolsby et al. 1999) and more balanced nutrient ratios in the fresh
water (Turner and Rabalais 1991, Justi¢ ef al. 1995a). These trends in nutrient concentrations in
the Mississippi River are well known. Additionally, the nitrogen input increases occurred
coincidentally with the increased use of fertilizer in the watershed (Turner and Rabalais 1991,
Howarth et al. 1996, Goolsby et al. 1999).
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Despite the controlling influence of anthropogenic factors on hypoxia, the influence of
climatic factors has also been significant. Although the size of the Gulf’s hypoxic zone has
varied greatly over the past 17 years, it has been significantly larger in wet years compared to dry
years (Rabalais ef al. 1996, Rabalais and Turner 2001). During the drought of 1988 (52 - year
low discharge record of the Mississippi River), Gulf bottom oxygen concentrations were
significantly higher than average and the formation of a continuous hypoxic zone along the coast
did not occur in mid-summer (Figure 1). During the flood of 1993 (62 - year maximum
discharge of the Mississippi River for August and September), however, the areal extent of
hypoxia doubled with respect to the 1985-1992 average (Rabalais ef al. 1998). Both the drought
of 1988 and the flood of 1993 were caused by anomalous precipitation patterns associated, in
part, with the El Nino/Southern Oscillation (ENSO) cycle (Trenberth and Guillemot 1996).
During 1988, a particularly strong, cool ENSO phase (La Nifia) in the tropical Pacific triggered a
series of anomalous circulation events that are believed to be responsible for the drought. In
contrast, the 1993 flood was partly the outcome of an extended warm ENSO phase (El Nino).
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Figure 1. Map of the study area showing the hypoxia monitoring transects and location of
reference station C6 (circles). Shaded areas represent the extent of hypoxic (< 2 mg O, 1)
bottom waters during August 1988 and July 1993. Note that during August 1988, hypoxia
was observed only at the inshore end of transect C. Seasonal patterns in the Mississippi
River discharge (Q) during 1988 and 1993 are depicted in the lower panel.
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Because the northern Gulf of Mexico is one of the most important areas for U.S.
fisheries, hypoxia has received considerable scientific and public attention. In 2001, the
Mississippi River Watershed/Gulf of Mexico Hypoxia Task Force set a goal to reduce the 5-year
running average of the Gulf’s hypoxic zone to less than 5000 km? by the year 2015 (Rabalais et
al. 2002). The proposed action plan suggested that a 30% decrease in nitrogen load was needed
to reach this goal, and that the plan’s implementation should be based on voluntary, incentive-
based strategies applied to the watershed (Mitsch et al. 2001). While the linkage between the
anthropogenic nutrient inputs and hypoxia was addressed in the proposed action plan, the
importance of climatic factors has not received full consideration.

MODEL DESCRIPTION

We used our previously published two-box model (Justi¢ ef al. 1996, 2002, Figure 2) that
assumes uniform properties for the water column layers above and below the average depth of
the pycnocline. The applicability of a two-box modeling scheme to the inner section of the
Gulf’s hypoxic zone is discussed in Justi¢ ef al. (1996), while a detailed model description is
given in Justi¢ et al. (2002). Model forcing functions include the relevant climatic and
anthropogenic factors affecting the oxygen and carbon budgets of the coastal waters of the
northern Gulf of Mexico, namely, the Mississippi River discharge, the Mississippi River nitrate
flux and temperature. Although wind speed is not explicitly listed as a forcing function, it is
included in the model as an important variable affecting the air-sea oxygen flux (e.g., Equation
2). A brief description of the model theoretical formulations is given below.
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Figure 2. A conceptual model of oxygen cycling in the core of the Gulf’s hypoxic zone (from
Justi¢ et al. 1996). The Fy,denotes the total air-sea oxygen flux. NP is the net
productivity. Do is the diffusive oxygen flux through the pycnocline, 4 is the horizontal
oxygen transport by advection and diffusion, and 7R is the total oxygen uptake in the
lower water column.
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The oxygen concentration in the upper water column changes as a result of biological
oxygen production and consumption, oxygen transport in the horizontal and vertical direction,
and atmospheric exchanges. In the core of the hypoxic zone, horizontal oxygen transport due to
advection and diffusion is small compared to vertical oxygen transport (Justi¢ et al. 1996), and
the oxygen balance for the upper water column (Oy, g O, m™, 0-10 m) can be described as:

80m/5t=-F0t-D0+NP (1)

where ¢ is time (days), Fo, is the total air-sea oxygen flux (g O, m™ day™), Dy, is the diffusive
oxygen flux through the pycnocline (g O, m™ day™), and NP is the net primary productivity
expressed in terms of oxygen equivalents (g O, m™ day™).

Oxygen transport through the sea surface was computed using the formulation proposed
by Stigebrandt (1991), which takes into account the effect of gas transfer due to bubbles:

Fo, =V (O,-1.0250;"). (2)

Here Fy, is the total air-sea oxygen flux (g O, m™ day™), ¥ is transfer velocity (m day™),
evaluated as a function of Schmidt number and wind speed (Liss and Merlivat 1986), O; is the
average surface zone oxygen concentration (g O, m>, 0-10 m), and O, is the oxygen saturation
value at the water temperature (g O, m>). Negative F, values indicate that the oxygen flux is
directed towards the water column. The O; value was computed by dividing the O, value
(Equation 1) by the thickness of the upper water column (10 m). The oxygen saturation value
was computed from the observed temperature data and estimated salinity values using the
equation of Weiss (1970). Surface salinity values for station C6 (Figure 1) were calculated from
the Mississippi River runoff data, using a time-delayed linear model (t = 2 months; r* = 0.8; p <
0.001; Justi¢ et al. 1996).

The vertical diffusive flux of oxygen (Do) was estimated from the equation:
Do =-K. (A0,/0z) (3)

where K. is the vertical eddy diffusivity (m”s™), O, is ambient oxygen concentration (g O, m™),
and z is depth (m). A0;is calculated as the difference in the average oxygen concentrations
measured above and below the pycnocline (see “Data” below). The model assumes that the only
properties of the stratified water column controlling K are the turbulent kinetic energy
dissipation rate and the buoyancy frequency (= Brunt-Viisild frequency). We assumed that the
turbulent energy dissipation rate at the depth of 10 m is in the range of 10”7 m? s, which is likely
to be an upper estimate (Dillon and Caldwell 1980). Buoyancy frequency was computed from
changes in vertical density gradients (Justi¢ et al. 1996).

The net productivity of the upper water column (NP; g C m™ day™) was computed from
the time-delayed regression model (1 = 0.73; p < 0.001; Justi¢ et al. 1996):

NP, =-0.34+ 3.93x 107 (N-NO3),., (4)
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where N-NOjs is the nitrate flux of the Mississippi River (10° kg day™), and subscripts # and z-/
denote the current and preceding month, respectively. Conversion of carbon to oxygen
equivalents, so that Equation 1 is dimensionally correct, was carried out using a ratio of 3.47 by
weight (mol. C: mol. O, = 106: 138, Redfield et al. 1963).

We expressed net productivity of the upper water column as a function of riverine nitrate
flux for the following reasons: first, nitrogen is often considered to be the limiting nutrient for
the growth of estuarine and coastal phytoplankton (e.g., D’Elia et al. 1986). Second, the
combined discharges of the Mississippi and Atchafalaya Rivers account for 98% of the total
nitrogen flux into the northern Gulf of Mexico (Dunn 1996), with nitrate being the predominant
form of nitrogen (Goolsby et al. 1999). Also, an analysis of the 1985-1991 data subset from the
northern Gulf of Mexico (Justi¢ et al. 1995a, 1995b) suggested a high incidence of
stoichiometric nitrogen limitation at a station within the core of the hypoxic zone.

Because of the high turbidity of continental shelf waters near the Mississippi River,
biological oxygen production below the depth of 10 m is low (Lohrenz et al. 1990), and may be
considered an insignificant term when compared to vertical oxygen transport. Thus, the balance
equation for oxygen in the lower water column (Oy, g O» m?, 10-20 m) includes only two terms:
oxygen uptake due to benthic and water column respiration (R), and oxygen re-supply from the
upper water column via turbulent diffusion (Dy):

00y,/0t = -R + Do. (5)

The respiration rate (R; g O, m™ day™') in the lower water column at any given time # can be
expressed in terms of the net productivity rate NP(t) at some earlier time ¢y (Officer ef al. 1984,
1985), so that:

t r ¢ b
R(t) = k(1) | aNP(ty) exp L -,{) k(t;) drIJ dty (6)

where the proportionality constant a describes the fraction of NP that reaches the lower water
column.

For the northern Gulf of Mexico, Justi¢ ef al. (1993) showed that there is a significant
correlation (r = 0.85; P < 0.01) between the net productivity of the upper water column (0-10 m)
and oxygen deficit in the lower water column (10-20 m) when there is a time-lag of one month.
Rabalais ef al. (1991) suggested that about 50% of surface primary production may be reaching
the bottom (~ 20 m depth on average) in the northern Gulf of Mexico. Based on data for the
period 1985-1992, Justi¢ et al. (1997) estimated that the average respiration rate (R) of the lower
water column (10-20 m) at station C6 accounted for 47% of the NP in the upper water column
(0-10 m). Accordingly, a value of o = 0.47 was used in this study. The respiration constant &
was calculated as a function of bottom temperature and bottom oxygen concentration (Justi¢ et
al. 2002). The average bottom oxygen concentration (Op; g O, m™, 10-20 m) was computed by
dividing the O, value (Equation 5) by the thickness of the lower water column (10 m). Carbon
uptake during respiration was converted to oxygen equivalents using a ratio of 3.47 by weight
(mol. C : mol. O, =106 : 138, RQ =0.77; Redfield et al. 1963).

62



Equation 6 uses net productivity as a surrogate for excess carbon in the upper water
column (0-10 m) that is available for export to the lower water column (10-20 m). Accordingly,
the balance equation for organic carbon in sediments (C;, g C m™) can be written as:

0C, /ot = Sy(t) -R(t) - E. (7)

where Sy is the instantaneous vertical carbon flux resulting from the sedimentation of organic
material from the upper water column (g C m™ day™), R(z) is the respiration rate in the lower
water column, expressed in terms of carbon equivalents (g C m™ day™), and E. (g C m™ day™) is
the loss of sedimentary carbon due to resuspension and export.

The continental shelf of the northern Gulf of Mexico is a highly dynamic system where
wind-driven sediment resuspension can be a driving force in exporting sediments to the outer
shelf and slope. Seasonal deposition rates can be locally high, but decadal sediment
accumulation rates are significantly lower (Wiseman ef al. 1999). In computing the organic
carbon accumulation rates, we assumed that 50% of the sedimented organic carbon is not
subsequently decomposed, and is ultimately exported from the study area.

DATA

The data series used in model calibration were collected between June 1985 and
November 1993 at station C6 in the core of the Gulf of Mexico hypoxic zone (Figure 1).
Biweekly to monthly data series included ambient temperature and salinity measurements, as
well as dissolved oxygen concentrations measured throughout the water column at depth
intervals of 1-2 m. Standard water column profile data were obtained from a Hydro lab Surveyor
or a SeaBird CTD system with a SBE 13-01 (S/N 106) dissolved oxygen meter. The dissolved
oxygen measurements were calibrated with Winkler titrations (Parsons et al. 1984) periodically
carried-out during the hydrologic surveys.

Daily discharge data for the Mississippi River at Tarbert Landing for the period January
1955-May 2000 were obtained from the U.S. Army Corps of Engineers. The monitoring station
at Tarbert Landing is 478 km upstream from the Mississippi River delta, and 13 km downstream
from the inlet channel to the Old River control structure where one-third of the Mississippi River
is diverted to join the Red River and then forms the Atchafalaya River. The discharge at Tarbert
Landing accounts for about 70% of the total Mississippi River and Atchafalaya River discharges.
Wind speed data for the coastal station at Grand Isle, Louisiana were obtained from the
Louisiana Office of State Climatology. Grand Isle is within 65 km of our reference station C6.
Monthly nitrate fluxes of the Mississippi River for the January 1955-May 2000 period (Figure 3)
were computed using N-NO3 concentrations measured at St. Francisville, approximately 430 km
upstream from the Mississippi River Delta. Data sources and analytical methods used to
determine nitrate concentrations are discussed in Turner and Rabalais (1991) and Goolsby et al.
(1999).
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Figure 3. Monthly averages of Mississippi River discharge (Q), nitrate concentration (N-
NO:s), and nitrate flux (N-NOj flux) for January 1955-May 2000. Smoothed curves were
obtained by using a 96-point fast Fourier transform (FFT) filter (from Justi¢ et al. 2002).

SIMULATED MODEL SCENARIOS

The forcing functions used in the nominal model simulations included monthly values of
Mississippi River runoff (Q), nitrate concentration (N-NOs3) and nitrate flux (N-NOs flux) for the
January 1955 - May 2000 period (Figure 3). Ambient water column temperatures and surface
wind data were not available for the entire 1955-2000 period, and they were replicated from the
observed 1985-1993 data. The nominal model was calibrated using the 1985-1993 time-series
for station C6. The 1985-1993 period included three average hydrologic years (1985, 1986 and
1989), a record flood year (1993), two years with above average discharge (1990 and 1991),
three years with below average discharge (1987, 1988, and 1992), and a record drought year
(1988). Given the time-span of the data, as well as the range of observed hydrologic variability,
we considered the 1985-1993 data set to be appropriate for model calibration. The parameter
estimation process, calibration results, and sensitivity analysis are discussed in Justi¢ ef al.
(2002).
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The investigated model scenarios are described in Table 1. These scenarios are based on
the available projections of GCMs for the continental U.S., the Mississippi River, and the
northern Gulf of Mexico, as well as the proposed nutrient management goals.

Table 1. Investigated model scenarios. In scenarios 1-6, simulated changes denote deviations
from the observed values used in the nominal model simulation.

Nominal model

Scenario 1.

Scenario 2.

Scenario 3.

Scenario 4.

Scenario 5.

Scenario 6.

Time series of observed monthly values of the Mississippi River discharge,
nitrate concentration, and nitrate flux, for 1955-2000 (Figure 3); observed
monthly averages of surface and bottom temperatures at station C6 for 1985-
1993; observed monthly wind speed averages at Grand Isle for 1985-1993.

30% decrease in the average Mississippi River discharge (a conservative low
estimate based on the Canadian model projections; Wolock and McCabe
1999).

Mississippi River nitrate concentration is constant and equal to the average for
1955-1967 (= 0.61 mg N 1.

20% increase in the average Mississippi River discharge (based on Miller and
Russell 1992), and also supported by the Hadley model projections (Wolock
and McCabe 1999).

4 °C increase in the average surface and bottom water temperatures of the
northern Gulf of Mexico (based on Giorgi ef al. 1994 and IPCC 2001).

20% increase in the average Mississippi River discharge, and 4 °C increase in
the average surface and bottom water temperatures of the northern Gulf of
Mexico (Scenarios 3 and 4 combined).

30% decrease in Mississippi River nitrate concentrations (management
scenario proposed by the Mississippi River Watershed/Gulf of Mexico
Hypoxia Task Force (Rabalais et al. 2002); because the Mississippi River
discharge is unaffected in this scenario, a 30% decrease in nitrate concentration
is equal to a 30% decrease in nitrate flux).

RESULTS

The results of the nominal model simulation indicate that the average oxygen
concentrations of the lower water column (10-20 m) decreased from 6.6 mg I in 1955-1965 to
4.2 mg I'" in 1990-2000 (Figure 4). The model identified the mid 1970s as the start of recurring
hypoxia in the lower water column, and predicted a total of 19 years with hypoxia between 1955
and 2000 (Figure 4). These results are in good agreement with the timing of the first reports

65



documented hypoxia in the northern Gulf of Mexico (Rabalais et al. 2002), and are additionally
supported by monitoring studies (Rabalais and Turner 2001) and retrospective analyses of
sedimentary records (Eadie et al. 1994, Turner and Rabalais 1994).

Model simulations suggest that hypoxia in the northern Gulf of Mexico would not have
developed if the average nitrate concentration remained unchanged with respect to the period
1955-1967 (Figure 5; Table 2; Scenario 2). For a scenario with 20% increase in average
Mississippi River discharge (Scenario 3), the model predicts a 37% increase in frequency of
hypoxia, relative to the nominal model simulation. For a scenario with 4°C increase in average
temperatures of the northern Gulf of Mexico and a 20% increase in average Mississippi River
discharge (Scenario 5), the model predicts an increase in the frequency of hypoxia of 63%. In
contrast, a 30% decrease in Mississippi River nitrate concentration (= 30% decrease in nitrate
flux; Scenario 6) would result in a 37% decrease in the frequency of hypoxia (Figure 5; Table 2).
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Figure 4. Simulated changes in the average bottom (10-20 m) oxygen concentration at station
C6 for the period January 1955 — May 2000. Shaded area denotes hypoxic conditions (< 2
mg O, I''; from Justi¢ ez al. 2002).

DISCUSSION AND CONCLUSIONS

Assessment of future climate change scenarios for the northern Gulf of Mexico is
complicated by the fact that runoff projections for the Mississippi River Basin are highly variable
(Wolock and McCabe 1999). It is just as difficult to predict future trends in anthropogenic
nutrient loading. While it is likely that global riverine nitrogen flux will continue to increase in
response to the increased use of agricultural fertilizers (Tilman ef al. 2001), future estimates for
the Mississippi River Basin are not available. Also, nitrate concentrations in the Mississippi
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River may increase in response to an increase in discharge (Goolsby et al. 1999, Justi¢ et al.
2001), or decrease as a result of nutrient control efforts in the Mississippi River Basin (Mitsch et
al. 2001, Rabalais et al. 2002).
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Figure 5. Simulated monthly changes in the average oxygen concentration of the lower water
column (10-20 m), at a station within the core of the Gulf’s hypoxic zone. A solid line at 2
mg O, I"' denotes the upper limit of hypoxia. Model scenarios are explained in Table 1.
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Table 2. Simulation results for selected model scenarios described in Table 1. The simulation
interval was 45 years (1955-2000).

Model Number of years % change relative to

scenario with hypoxia the nominal model
(<2mg 0, 17"

Nominal model 19 -

Scenario 1 (-30% Q) 8 -58

Scenario 2 (1955-1967 N-NOs) 0 00

Scenario 3 (+20% Q) 26 +37

Scenario 4 (+4 °C) 25 +32

Scenario 5 (+20% Q, +4 °C) 31 +63

Scenario 6 (-30% N-NO3) 12 -37

Our study strongly suggests that the Gulf’s hypoxia is highly sensitive to variations in
freshwater discharge, riverine nitrate flux, and ambient water temperature (Table 2). Variations
in discharge affect the stability of the water column and vertical oxygen transport (Justi¢ et al.
1996), and this effect can be enhanced due to variations in ambient temperature. Also, nitrate
concentrations in the Mississippi River are typically an order of magnitude higher than those in
the Gulf’s coastal waters (Turner and Rabalais 1991, Justi¢ et al. 1995a, 1995b), and riverine
nitrate flux is generally well correlated with discharge (Goolsby et al. 1999). Thus, a change in
discharge has the potential to eventually alter both the stability of the water column and nutrient-
enhanced productivity, which are the two compulsory factors in the development of hypoxia.

It is difficult to predict changes in the areal extent of hypoxia based on model projections
for a single station within the core of the hypoxic zone (C6; Figure 1). In this respect, it was not
possible to determine whether a 30% decrease in nitrate flux would reduce the average areal
extent of hypoxia below 5,000 km?, as suggested by the Mississippi River Watershed/Gulf of
Mexico Hypoxia Task Force (Rabalais ef al. 2002). Nevertheless, model simulations indicated
that, if potential climatic variations are taken into account, a 30% decrease in the nitrogen flux of
the Mississippi River may not be sufficient to accomplish the proposed hypoxia management
goal. For instance, a 20% increase in the Mississippi River discharge, projected under a number
of climate change scenarios (Table 1), would completely offset a decrease in the frequency of
hypoxia resulting from a 30% decrease in the anthropogenic nitrogen flux (Table 2).
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SEDIMENT QUALITY ASSESSMENT STUDIES IN NEMUNAS RIVER DELTA AND
CURONIAN LAGOON, LITHUANIA

A. Cetkauskaite, J. Beriinskienél, A. SQ;dergren2 and R.V. Thurston®

ABSTRACT

Toxicity of sediments from the Nemunas River Delta and Curonian Lagoon was analyzed
using Vibrio fischeri bioluminescence quenching tests of pore water and organic extracts,
directly and after removal of sulfur with copper. Sulfur removal resulted in a marked decrease in
the toxicity of organic extractants, but the remaining toxicity was still remarkable. Toxicity
increased with increased concentrations of organic carbon and chlorophyll a in most sediment
samples. Sediments from the Nemunas River Delta and Curonian Lagoon were analyzed for
concentrations of polychlorinated biphenyls (PCBs), organochlorines (DDT, its metabolites,
HCH isomers, etc.), and heavy metals (HM). To evaluate possible sediment contamination, data
were compared to different sediment quality guidelines (SQG). In general, sediments were
relatively clean based on comparison with existing SQGs for PCBs, organochlorines, and HM.
A more detailed comparison with consensus-based Sediment Effect Concentrations (SEC) of
total PCBs revealed that sediment data could be compared only below screening-level
concentrations (SLC) or in the range of threshold effects of SEC. Vibrio fischeri
bioluminescence quenching tests showed marked toxicity to the IS; standard (standard of 3
PCBs), the total extracts of sediment samples, and sample fractions prepared and analyzed for
the content of persistent organic pollutants (POPs; i.e., PCBs, DDT and its metabolites, and
others) using gas chromatography with electron capture detector (GC-ECD). Although the
toxicity of these individual sample fractions did not depend directly on the total amount of PCBs
and organochlorines present, in general, samples from the Curonian Lagoon contained higher
concentrations of POPs and were up to 10 times more toxic than sediment samples from the
Nemunas River Delta. In most sediment samples, the PCB, organochlorine, and HM content
increased with increasing concentrations of organic carbon and chlorophyll a. A few sampling
stations located near known or highly likely sources of anthropogenic pollution had increased
amounts of pollutants that were independent of the amount of organic carbon present in
sediments. Based on our general analyses of point source pollution in the Nemunas River Delta
and Curonian Lagoon, the influence of eutrophication on the concentration of POPs in sediments
was evident only in bottom areas that were remote from point sources of pollution, active
currents, or the shipping lanes.
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62 Lund, Sweden.
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INTRODUCTION

The Nemunas River and its tributaries drain 71% of the territory of Lithuania. The river
drains into the Baltic Sea via the Curonian Lagoon (1,584 km?; separated from the sea by a
narrow, sandy spit) and Klaipeda Straits. In the Baltic area, it is the third largest river based on
drainage area and the fourth largest in discharge (total annual discharge of approximately 22
km®) (Environmental Protection Ministry of Lithuania 1995). Despite the existence of more than
40 years of water quality control on Lithuanian rivers and the creation of an extensive
monitoring network, there are no data reported in the literature on individual persistent organic
pollutants (POPs) from either Curonian Lagoon or Nemunas River Delta sediments. Limited
data on individual organic pollutants in sediments (such as atrazine, simazine, 3,4-
dichlorobenzoic acid, and a few POPs, including halogenated cyclic hydrocarbon (HCH)
isomers, DDT and its metabolites) are presented in the official literature as averages of annual
values from certain official sampling points within the Nemunas River and its tributaries
(Environmental Protection Ministry of Lithuania 1999, Cetkauskaité et al. 2001). Such methods
lead to a high degree of uncertainty and do not satisfactorily reflect the pollution situation in the
Nemunas River. In contrast, analyses of pollution in Curonian Lagoon are performed by the Sea
Research Center in Klaipeda and Klaipeda University; limited water quality parameters and
eutrophication status, including the abundance of phytoplankton species, are analyzed, yet
neither sediment quality data nor data on individual organochlorine pollutants are reported to the
Ministry of Environment. Midsummer eutrophication is a major problem in the lagoon; large
fish kills were recorded in 1979, 1980, and 1993, and bacteriological pollution is recorded there
every year (Cetkauskaite ef al. 2001).

Analyses of POPs only in the water column do not provide enough information to
understand all ecosystem processes. Experience and information obtained from valuable projects
such as EUCON (Eutrophication and Contamination, 1995-1999) on pollution trends in Baltic
Sea water and sediments can be successfully used for the interpretation of POP accumulation and
transport trends in estuaries or lagoons (EUCON 1997, Skei ef al. 2000). Many different aspects
of sediment chemical and toxicological analyses were developed and reviewed in articles,
workshops, and proceedings over the last ten years, with attempts to clarify guidelines for
sediment Ecological Risk Assessments (ERA) (Adams et al. 1992, Cubbage et al. 1997, Fairey et
al. 2001, Fernandez et al. 2000, Foster et al. 2000, Hyland et al. 1999, Ingersoll et al. 1997,
Khim et al. 1999, Neff et al. 1986, Persaud et al. 1993, Porebski et al. 1999). According to the
Sediment Quality Guidelines (SQGs) or consensus-based Sediment Effects Concentrations
(SEGs), however, problems of data comparison and evaluation still exist when data are obtained
from chemical analyses and toxicological testing (Swartz and Di Toro 1997, Ingersoll ef al.

1997, MacDonald et al. 2000). Other areas of uncertainty relate to the interpretation and
comparison of toxicity and chemical data from different sediment fractions, and make it difficult
to come to general conclusions on the trends of toxicity and pollution in sediment of certain
bottom areas of rivers, estuaries, and lagoons. Therefore, the goals of this project were: 1) to
perform quantitative analyses of POPs, including polychlorinated biphenyls (PCBs), other
organochlorine compounds, and heavy metals (HM) in the sediments of the Nemunas River
Delta and Curonian Lagoon; 2) to determine whether a consistent distribution of POPs and
toxicity exists in the Curonian Lagoon and Nemunas River Delta, and determine whether this is
characteristic of other pollutants; 3) to determine whether the POP fraction in sediment is
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responsible for acute toxicity in bioluminescence quenching tests; and 4) to compare data from
some forest region lake(s) in Sweden, data available in the literature on PCB content in rivers or
lakes, and existing sediment quality guidelines for PCBs, organochlorine compounds, and HM.
This work was a part of the NATO/CCMS field and toxicity study “Modeling of Nutrient Loads
and its Response in River and Delta Systems” performed during expeditions in the Nemunas River
Delta and Curonian Lagoon, Lithuania, during 2001 and 2002.

MATERIALS AND METHODS
Geographical Characteristics of Sampling Locations

Material for toxicity tests and chemical analyses was collected during the period of most
active vegetative growth and highest summer temperature (July 17-19, 2001), as dissolved
oxygen and nutrient/eutrophication problems are usually most severe under these conditions.
Five sampling stations were selected in the Curonian Lagoon: station 1, located in the mid-
eastern part of the lagoon, west of the Atmata branch input; station 2, located at Preila; station 3,
located approximately 11 km northwest of station 1 and approximately 3 km east of station 2;
station 4, located 1 km southeast of Nida, a resort town; and station 5, located approximately 4
km southwest of station 1 (Figure 1). Five additional sampling stations were selected in the
lower reaches of the Nemunas River Delta: sites IM and 1P at the mouth of the Nemunas River
and the Atmata branch; sites 2M and 2P in the northern, high flow area of the Atmata branch of
the Nemunas River at Port Uostadvaris and the mouth of the Minija River; and site 3M in the
middle, low flow area of the Rusnaite branch. Lake Havgard, located in the Skane region of
southern Sweden and surrounded by forest and agricultural fields, was used as a reference site.
Sediment samples were collected at this site in May 2000.

Geological and Geochemical Characteristics

Bottom sediment samples collected in July 2001 from stations in the Curonian Lagoon and
the Nemunas River Delta had different granulometric types. Recent data from the lagoon
showed there were primarily seven sediment types of different diagenetic and granulometric
characteristics, including peat, shells, gravel, coarse sand, fine sand, coarse silt, and fine silty
mud (Gulbinskas A., personal communication 2001). As presented in the NATO/CCMS pilot
study report (NATO/CCMS 2001), bottom sediments from the surface layer between 0—5 cm
depth at station 1 contained coarse silt (median diameter [Md] = 0.05-0.1 mm) and sometimes
contained shells. Sediments at lagoon stations 3 and 5 and stations 1M and 1P of the Nemunas
River Atmata branch contained fine sand (Md = 0.1-0.25 mm), and lagoon station 2 and 4
samples contained fine silty mud, i.e. aleurite, that was primarily of biogenic origin (Md = 0.01-
0.05 mm) (NATO/CCMS 2001). Sediments from other sampling locations in the Nemunas
River Delta were represented by the following characteristics: muddy sand in sample 2M, and
dark silt or clay with organic matter in samples 2P and 3M (NATO/CCMS 2001).
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Figure 1. In situ research and sampling stations in the Nemunas River Delta, Atmata branch and
Curonian Lagoon. Sites 1M, 1P, 2M, 2P and 3M are located near the mouth of the
Nemunas River and the Atmata branch; the distance between sampling points 2M and 2P
(marked by the same geographical coordinates) is 20 m. Sites 1, 2, 3, 4 and 5 are located
in the Curonian Lagoon.

Sampling and Sample Storage

Samples of bottom sediments were collected using a specially-constructed dredge
(similar to an Eckman’s dredge) that allowed selective collection of the surface (0—3 c¢cm or 0-5
cm) or deeper (5—10 or 10—-15 cm) layers of bottom sediment. In this study, the upper sediment
surface layer of 0—5 cm depth was collected for analysis. Water samples from selected sampling
stations were collected using samplers of different modifications. Sediment and water samples
were placed in glass or plastic vessels, transported immediately to the laboratory, and analyzed
or prepared for biotests on the day of collection. Sediment and water samples were frozen and
kept at —20°C or —80°C for chemical analyses or for preparation of extracts used in toxicity
testing, respectively. Deep bottom and low redox potential sediments from the Curonian Lagoon
retained a dark (black) color while frozen during storage.
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General Water Quality Parameters

Water transparency (Secchi depth) and temperature were measured in situ, dissolved
oxygen, pH, Eh, salinity, and conductivity were measured by selective electrodes of the WTW
MultiLine F/Set 3, a universal portable measuring instrument. Most nutrient compounds, i.e.
ammonia, nitrite/nitrate nitrogen, and phosphate, were measured using a Hach DR 2010
spectrophotometer in the laboratory.

Chemical Analyses of Elements and Heavy Metal Content in Sediments

Analyses of dry sediments were performed using an Inductively-Coupled Plasma Mass
Spectrometer (analysis of heavy metals) and Atomic Emission Spectrometer Perkin Elmer
Zeeman 3030 equipped with graphite furnace (analysis of other elements).

Sediment Extraction and Extract Clean-up for POP Analyses

Sediments (10 g wet weight) were placed in Kimax tubes and 100 ul of Internal
Standard (IS;) was added. After addition of 4 ml acetone, samples were shaken on a Vortex for
three minutes and then processed for 10 minutes in an ultrasonic bath. Then cyclohexane (3 ml)
was added and 10 minutes of extraction in the ultrasonic bath was repeated. Samples were left
to stand overnight; 10 ml of 2% NaCl-solution was then added and samples were shaken well
and centrifuged at 1000 rpm (Hermle Z510, r=14 cm) for 10 minutes. The cyclohexane phase
was transferred to a glass centrifuge tube using a Pasteur pipette. Settled sediments were
extracted twice with acetone and cyclohexane by repeating the procedures of Vortex shaking,
ultrasonic extraction, and centrifugation. All collected extracts were evaporated under a
nitrogen stream to a 0.5 ml volume. For the removal of organic pollutants (other than
persistent), samples of cyclohexane extracts were treated with 2 ml of concentrated sulfuric acid
and shaken for two minutes on a Vortex, then processed one minute in an ultra-sonic bath.

After centrifugation for five minutes, the acid phase was removed with Pasteur pipettes.
Sulfuric acid treatment was repeated if the cyclohexane phase still had some color. Before gas
chromatography, cyclohexane extracts were left in sealed glass capillary tubes for at least one
day with metallic copper and silica-gel for sulfur removal.

Gas Chromatography — Electron Capture Detection Analysis of POPs

Analyses of PCBs and other organochlorines were performed on a Varian 3500 capillary
gas chromatograph, equipped with electron capture detector (GC-ECD). The DB-5 column (30
m x 0.25 mm, J&W Scientific) was used under the following conditions: split injection of
1/100; injector temperature of 225°C; detector temperature of 300°C; H, carrier gas, flow rate 2
ml/minute; N, as the make up gas, flow rate 18 ml/minute; column temperature of 110°C for one
minute, then 6°C/minute up to 240°C, followed by 40 minutes at 240°C.
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Standards and Other Reagents

The GC analytical standards were: 1) internal standard (IS;), which consisted of PCB 30
(0.5028 ng/ul), PCB 204(0.2899 ng/ul), and PCB 209 (0.9683 ng/ul); 2) external standard,
which consisted of Clophen A50 (0.829789 ng/ul), IS (PCB 30 (0.05 ng/ul), PCB 204 (0.01
ng/ul), and PCB 209 (0.1 ng/ul); and 3) external standard for organochlorines, which consisted
of a-BHC (0.025 ng/l), B-BHC (0.100 ng/l), Lindane (0.025 ng/l), Aldrin (0.050 ng/1),
Heptachlor (0.025 ng/l), Dieldrin (0.120 ng/l), Heptachlorepoxide (0.080 ng/l), Endrin (0.200
ng/l), p,p’—DDE (0.100 ng/1), o,p’-DDD (0.200 ng/1), 0,p’~DDT (0.225 ng/1), p,p’—DDD (0.190
ng/l), and p,p’-DDT (0.260 ng/l). The solvents acetone, hexane, and cyclohexane were from
Merck, and were analytical or chromatography grade reagents.

Toxicity Experiments

Vibrio fischeri bioluminescence quenching measurements were performed using the
standard method in aqueous solutions (ISO 11348 1994), with up to 1% acetone in blanks and
analyzed samples. Extracts were obtained from dry and wet sediments using acetone or/and
hexane. Further analyses of the toxicities of these extracts were conducted using copper to
remove sulfur. Toxicity of the POP extracts, i.e. the organic phase obtained after extract
treatment with sulfuric acid, were also measured. Standard exposure times (5, 15, and 30
minutes) and appropriate procedural blanks (controls) were used. Pore water toxicities were
also determined. The bioluminescence quenching was measured with a LKB-Wallace 1250
Luminometer as described earlier (Berzinskiene and Cetkauskaite 1996).

RESULTS
Characteristics of the Accumulation of Heavy Metals and POPs in Sediments

Concentrations of individual heavy metals, as well as the total metal accumulations in
sediment samples, were higher in fine sediments from the Curonian Lagoon than those from the
Nemunas River Delta (Table 1). During both 2001 and 2002, greater accumulations of heavy
metals were observed in fine bottom sediments of stations 2 and 4 than in the sediments of other
sandy-bottom stations within the lagoon or the Nemunas River Atmata branch at the Minija
mouth (stations 2M and 2P). For example, concentrations of zinc, lead, chromium, and copper
in Nemunas River sediments were approximately 3.5, 3, 6, and 5 times less, respectively, than
those at lagoon stations 2 and 4 (Table 1). Sediments from the Nemunas River had similar
amounts of heavy metals as other sandy-bottom locations, i.e. lagoon stations 1, 3, and 5.
Persistent organic pollutants analyzed in the benthic system during 2001 included PCBs (No. 31
up to No. 180) and other organochlorines (the cyclodiene compounds including DDT, DDE,
DDD and other metabolites, a-, -, y- HCH isomers, endrin, heptachlor, aldrin, lindane, and
dieldrin). The PCBs and all POPs presented in Table 1 show higher accumulations in the
bottom sediments of stations 2 and 5 from the Curonian Lagoon, compared to the sandy bottom
of station 3 in the lagoon or the bottom sediments of the Nemunas River at Minija (stations 2M
and 2P).
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Table 1. Sediment quality values for heavy metals (in pg/g dry weight) and organochlorine compounds (in ng/g or pg/kg of dry weight) for marine
and estuarine ecosystems, and the values obtained in the study of the sediments of Havgard Lake (Sweden), Nemunas River Delta, and the
Curonian Lagoon (Lithuania).

Sediment Quality Guidelines

Data of analysis of sediments from different sampling stations

Chemical name ERM* PEL** ERL*** [TEL**** | Havgard Curonian Lagoon Nemunas River Delta

Lake Stat. 1 | Stat. 2 |Stat. 3|Stat. 4 Stat.5 | 1M 1P 2M 2P 3M
Cadmium 9.6 4.21 7.24 0.50 0.24 0.91 0.04 10.89 0.02 0.02 | 003 D.09 0.05 0.03
Chromium 370 ]160.4 0.676 16.57 11.28 38.17 2.56 [37.29 2.08 248 .84 15.04 4.69 3.44
Copper 270 |108.2 18.7 10.58 3.89 15.33 0.67 |15.68 4.21 0.42 0.50 5.23 1.52 1.09
Lead 218  |112.18 30.2 23.85 4.79 16.00 1.65 |15.43 2.61 1.30 [1.37 5.00 3.59 1.52
Mercury 0.7 0.696 0.13 0.08 0.03 0.13 0.01 0.14 0.01 0.01 .01 0.03 0.01 0.01
Nickel 51.6 42.8 15.9 10.24 2.97 10.24 0.17 |12.51 0.38 0.66 0.72 6.74 1.55 1.07
Silver 3.7 1.77 0.73
Zinc 410 271 124.0 57.00 23.23 77.24 484 [71.41 10.48 452 4.84 23.05 [0.95 7.63
Total PCBs 180 189 22.7 22.0 24.39 2.89 11.95 0.13 1.40 6.4 0.31 0.30 0.69 1.83 1.06
Total DDT and its 46.1 51.7 1.58 19.70 1.63 7.55 0.09 |0.00 2.0 0.05 041 0.45 0.59 0.24
metabolites
4,4’-DDD (p,p’-DDD) 7.81 10.70 1.04 3.80 0.06 | 0.00 0.92 0.03 10.25 0.20 0.37 0.15
4,4’-DDE (p,p’-DDE) | 27 374 5.23 0.59 3.74 0.03 0.00 0.95 0.02 10.07 0.20 0.16 0.09
4,4’-DDT (p,p’-DDT) 4.77 3.77 0.00 0.00 0.00 | 0.00 0.13 0.00 10.09 0.05 0.05 0.00
Lindane (Gamma 0.99
BHC)
Dieldrin 4.3 0.15 0.00 0.00 0.00 | 0.00 0.00 0.00 1]0.00 0.00 0.00 0.00
Endrin 0.38 0.00 0.00 0.00 | 0.00 0.00 0.00 1]0.00 0.00 0.00 0.00
ERM* - effects range median; (Swartz and Di Toro, 1997; Fairey et al., 2001; Hyland ef al., 1999; MacDonald et al., 2000);
PEL** - probable effects levels; (Fairey et al., 2001; Porebski ez al., 1999; Hyland et al., 1999; MacDonald et al., 2000);

ERL*** - effects range low (Swartz and Di Toro, 1997; MacDonald ef al., 2000);
TEL**** - threshold effects levels (Porebski et al., 1999; MacDonald et al., 2000)
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Analyses of PCB content in sediments of the Nemunas River Delta and Curonian
Lagoon revealed a PCB concentration range of 0.13-11.95 ng/g (ug/kg dry weight) (Table 1).
Concentrations of DDT and related POPs ranged from 0.00-7.55 ng/g (Table 1). The total
amount of PCBs was higher in the lagoon than in the delta (Table 1). Quantitative analyses of
heavy metals and POPs revealed that concentrations of these pollutants also were higher in
lagoon sediments than in delta sediments. Analyses showed a distribution of POPs in the
Curonian Lagoon and Nemunas River Delta with the highest concentrations found in the fine
sediments of stations 2 and 4 and the sandy sediments of station 5.

Toxicity of Sediment Extracts to V. fischeri Bioluminescence and Organic Carbon Content

Toxicity analyses of Curonian Lagoon sediments using Vibrio fischeri bioluminescence
revealed that concentrated organic extracts of whole sediments from stations 1-4 were very
toxic, producing up to 80-98% bioluminescence inhibition (Table 2). Whole sediment samples
from station 5 produced the lowest inhibition of bioluminescence (39%) compared to all other
sampling stations. However, only 10-fold extract dilutions of Curonian Lagoon sediments
revealed differences in toxicity among sediment samples. In contrast, differences in toxicity
among Nemunas River Delta sediment extracts were observed without dilution. After removal
of sulfur with copper, marked decreases in toxicity were observed, but the remaining toxicity
was still significant (data not presented). In most sediment samples, toxicity increased with
increases in organic carbon and chlorophyll a concentration (Tables 2 and 3). The amount of
H,S + HS" also changed in accordance with organic carbon concentration and was highest at
station 2, the most toxic site within the lagoon. Treatment with copper to eliminate sulfur
toxicity produced similar results in undiluted organic sediment extracts from the river delta.
Extracts of whole sediments from stations 1M and 1P were non-toxic. Sediment extracts from
station 2P were most toxic (up to 92.9% of bioluminescence inhibition), and removal of sulfur
diminished inhibition only to 61.8% (Table 3). Once again, in most sediment samples, i.e. from
stations 2M, 2P, and 3M, toxicity was greatest in sediments with the highest organic carbon and
chlorophyll a concentrations (Table 3).

Toxicity of Total Fractions of POPs to V. fischeri Bioluminescence and the Effect of PCB
Content

The POPs in sediment samples were responsible for toxicity in acute toxicity screening
tests (bioluminescence quenching) with the marine bacterium V. fischeri. The three PCB
standards (IS;) and POP sample fractions from the sediments at stations 2-5 in the Curonian
Lagoon showed marked toxicity in quenching tests (Figure 2). Although the toxicity of
individual sample fractions did not correlate to the total amount (sum) of PCBs and
organochlorines, samples of POPs from the lagoon (up to 10-fold dilutions) were more toxic
than those from the Nemunas River Delta (data not shown). This was consistent with data from
GC-ECD analyses of total PCBs; the number of peaks and the total concentration of individual
PCBs were higher in lagoon than in delta sediments (Tables 1, 2 and 3).
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Table 2. Organic carbon, chlorophyll a, and total PCB content in undiluted sediment extracts
from different sampling sites within the Curonian Lagoon, and bioluminescence
inhibition of Vibrio fischeri in hexane extracts (10-fold dilutions).

Parameter Sampling sites in Curonian Lagoon
Station 1 Station 2 Station 3 Station 4 Station 5
Chlorophyll a content [D; 47 0.03 0.12 0.01 0.12 0.015
.m Of acetone]
Organic Carbon content 3.18 16.35 1.21 15.61 0.84
[% of dry wt]
H,S + HS * 168 224 0 152 64

[in upper layer (0-3 cm) of
sediments, mg/dm’]

Eh, mV* -233 -158 +308 -83 +55
Total amount of PCBs 2.89 11.95 0.13 1.40 6.4
[ng/g of dry weight]

Total amount of Persistent 4.52 19.50 0.22 1.40 8.40
Organochlorines [ng/g of dry

weight]

Toxicity with sulfur: inhibition 85 98 80 95 39

of V. fischeri bioluminescence,

%*

Toxicity without sulfur: 21 50 25 30 10

inhibition of V. fischeri

bioluminescence, %**

*- in hexane extracts of sediments (toxicity with sulfur, i.e. samples not exposed to metallic copper);
** _ in hexane extracts of sediments (toxicity without sulfur, i.e. samples exposed to metallic copper).

Table 3. Organic carbon, chlorophyll @, and total PCBs in undiluted sediment extracts from
sampling sites within the Nemunas River, and toxicity of extracts.

Parameter Sampling sites in Nemunas River Delta
1M 1P 2M 2P M

Chlorophyll @ content [D;—¢70 0.01 0.015 0.1 0.07 0.093
.m Of acetone]
Organic Carbon content 0.53 0.79 3.77 2.04 1.71
[% of dry wt]
Total amount of PCBs 0.31 0.30 0.69 1.83 1.06
[ng/g of dry weight]
Total amount of Persistent 0.36 0.71 1.14 2.42 1.30
Organochlorines [ng/g of dry
weight]
Toxicity with sulfur: inhibition -6.01 0 52.5 92,9 76.6
of V. fischeri bioluminescence,
%*
Toxicity without sulfur: -5.06 0 39.9 61.8 27.7
inhibition of V. fischeri
bioluminescence, %**

* - in hexane extracts of sediments (toxicity with sulfur, i.e. samples not exposed to metallic copper);
** _ in hexane extracts of sediments (toxicity without sulfur, i.e. samples exposed to metallic copper).
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Figure 2. Results from bioluminescence inhibition tests (V. fischeri) indicated toxicity of the
POP fraction in 10-fold dilutions of Curonian Lagoon sediment extracts. Samples were
analysed by GC-ECD after sulfur removal.

From these results we concluded that a consistent pattern of bottom sediment toxicity
existed at different locations within the Curonian Lagoon and the Nemunas River Delta.
Toxicity was primarily found in extracts of sediment samples of biogenic origin and high
organic carbon and chlorophyll a concentrations, i.e. in areas with fine benthic sediment. The
POPs in sediment were responsible for the acute toxicity measured in bioluminescence
quenching tests. After elemental sulphur removal, toxicity of the POP fraction was higher in
sample extracts from the lagoon than those from the delta.

DISCUSSION
Sediment Particle Type and Pollution Chemistry

In general, sediment samples and cores are used extensively to determine spatial and
temporal aquatic pollution, especially of highly hydrophobic persistent pollutants, such as
PCBs, polychlorinated dibenzo-dioxins (PCDDs) and polychlorinated dibenzo-furans (PCDFs),
(Kjeller and Rappe 1995, Muir ef al. 1996). In our case, fine sediment from stations 1, 2, 4, and
5 of the Curonian Lagoon had elevated concentrations of total PCBs. After investigation of
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bottom sediments from the northern part of the Curonian Lagoon and the Baltic Sea, Galkus and
Joksas (2001) defined geochemical fields (‘geochemical pollution’ was defined by the authors),
where concentrations of fine sediments, organic matter, and heavy metals (e.g., Cu, Pb, Zn, and
Hg) were similar. Lithogenic fine sediments form approximately 11% of the bottom sediment
of the Curonian Lagoon, whereas the organic phase comprises about 2% (Galkus and JokSas
2001). Geochemical data show that the water column at stations 2 and 4 overlies a fine aleurite
layer (or aleuritic pelite, i.e. mud, or mud with clay) and the sediments at these stations have
finer grain size than sediments from other lagoon stations. Other geologists state that fine
sediments are of biogenic origin and are usually more polluted (Ingersoll 1995, Trimonis 2002).
Our data obtained from samples at stations 2 and 4 confirmed that, since they contained
increased amounts of chlorophyll @ and organic carbon, and they accumulated heavy metals and
organic substances (POPs, for example). Samples from station 5 were the exception, as they
also contained sand with shells. These results suggest zones of sedimentation that formed both
geologically and historically. Fine particles - at least 10 times smaller than sand - containing
elevated concentrations of pollutants including PCBs, have accumulated along the western coast
of the Curonian Lagoon. These western locations within the lagoon are opposite the shores of
the Nemunas River mouth and have lower water flow rates and enhanced sedimentation.
Greater bioaccumulation by algae of long-range-transport pollutants and non-point source
pollution can occur at these locations. Heavy metal concentrations in our sediment samples
mimicked those of organic pollutants: sediment samples from stations with lower heavy metal
concentrations were located on or above sandy bottoms or coarse silt sediments of the Nemunas
River Delta. Sediment samples collected from the Curonian Lagoon during summer 2002
showed that accumulations of PAHs in the fine sediments of stations 2 and 4 were three to six
times greater than in other sandy-bottom sites (stations 1, 3, and 5) or in bottom sediments of the
Nemunas River Atmata branch at the Minija mouth (stations 2M and 2P). These differences in
accumulations of PAHs in bottom sediments were confirmed by PAH bioaccumulation in
molluscs: higher concentrations of PAHs were found in benthic molluscs from Curonian
Lagoon station 4 than in individuals from the Nemunas River (NATO/CCMS 2001).

Possible Fate of PCBs

PCB partitioning in sediments is controlled by chemical binding to fractions of organic
carbon in sediments and dissolved organic carbon in pore water (Farley and Thomann 1998).
Other authors cite at least three mechanisms by which PCBs can be transferred from the
sediment to water: diffusion from the sediment surface; colloid association and transport; and
particle-bound dispersion. The first mechanism causes changes in the congener composition of
PCBs (e.g., congeners of higher lipophilicity are sorbed more strongly to sediment than less
lipophilic ones), whereas the other mechanisms do not (Brown and Wagner 1990). In our case,
a greater number of hydrophobic PCBs were observed at stations 2 and 5 from the Curonian
Lagoon (data not presented). It was previously reported that the flux of PCBs from sediment to
water is accelerated by higher temperature (i.e., an increase in PCB flux from sediment during
summer), bioturbation activity, gas production in sediment, and the amount and quality of lipids
in the water column (Larsson 1986, Larsson and Sodergren 1987). Although midsummer
sampling occurred during a high-temperature period, these parameters most likely did not
influence the content of PCBs in our sediment samples. Despite similar depths at stations 4 (4
m) and 5 (3.3 m), compared to station 2 (2.5 m), sulfide and methane production were higher in
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sediments from stations 4 and 2. A more probable explanation for higher PCB concentrations in
sediments from stations 1, 2, 4, and 5 was the accumulation of PCBs in areas of fine particles, or
in sandy bottom areas in close proximity to fine sediments with a former abundance of filter-
feeding molluscs. PCBs or other POPs could spread to these latter areas through
bioaccumulation in molluscs, as was possible at station 5. This station was also close to
shipping lanes, and thus, industrial non-point sources of pollution by POPs cannot be excluded.
We did not find less-chlorinated PCBs in anaerobic zones, i.e. deep bottom sediments from
stations 2 and 4 of the Curonian Lagoon. Perhaps the biodegradation and/or anaerobic
dehalogenation threshold was too low in these areas, as postulated by Farley and Thomann
(1998).

Toxicity Analyses: Uncertainty Problems

We used a rapid, acute toxicity screening test, the bioluminescence of the marine
bacterium V. fischeri, to test toxicity of sediments. The constant question in such experiments is
whether the end-point is a relevant method for sediment toxicity screening. Methodological
uncertainties include increased variations in test precision, ecological relevance, causality,
sensitivity, interference, standardization, discrimination, bioavailability and field validation.
Evaluation criteria show great variation in the uncertainty of: (1) the evaluation of sediment
phases used in laboratory toxicity tests; (2) endpoints measured in sediment toxicity tests; (3)
assessments of benthic community; (4) assessments of bioaccumulation; and (5) uncertainty
related to Sediment Quality Guidelines (SQGs). The degree of uncertainty associated with
benthic community assessments and endpoints measured in laboratory toxicity testing was
documented after the 1995 Pellston Workshop on Sediment ERA (Ingersoll et al. 1997).
Ecological relevance (ER) is highly complicated in laboratory sediment toxicity tests and has
high uncertainty when specific biomarkers are used as endpoints; better estimates of ER are
obtained when using growth, behavior, and development as endpoints. The best evaluation of
ER is based on survival, reproduction, and time table data (Ingersoll ef al. 1997). High
uncertainty in ER of benthic community assessments originates from a lack of knowledge on
community structure and variation among individuals or populations in a system. A better
estimate of ER can be obtained by studying the structure of the whole ecosystem (Ingersoll ez al.
1997). Although problems exist, high-sensitivity bioluminescence tests perhaps are just as valid
as other frequently-used end-points.

Toxicity of Sediment Fractions in Acute Toxicity Tests
1. Consistency of Toxicity from Different Places

Toxicity of whole sediment extracts to V. fischeri was greatest at stations 2, 3, and 4 in
the Curonian Lagoon, even after sulfur removal (see Table 2). In general, results reflected
possible contamination of areas of fine sediments by different pollutants, including fatty acids,
polyamines and others. Traditional analyses of the amount of accumulated (sorbed) organic
matter and pollutants in bottom sediments showed that the concentration depends upon the size
of sediment particles (Ingersoll 1995). Bottom sediments from the surface layer (0-5 cm depth)
at stations 2 and 4 contained fine silty mud (i.e. aleurite; Md = 0.01-0.05 mm), and were
primarily of biogenic origin. Surface-layer sediments from stations 3 and 5 of the Curonian
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Lagoon and the Nemunas River contained fine sand (Md = 0.1-0.25 mm) and, according to
geological classification, were primarily of terrigenic origin (Gulbinskas 2001, NATO/CCMS
2002, Trimonis 2002). German authors reported an increase in concentration (amount per unit
of sediment mass) of organic carbon, phosphate, and nitrogen compounds when going from
sand to muddy/silty deposits, and the amounts of organic carbon and nutrients increased in the
water column above the sand-silt sediment area (Meyer-Reil 2002). Enhanced toxicity and
pollution of sandy-bottom areas could be connected only with point-source pollution, as in the
case of the port near stations 2P and 2M of the Nemunas River Delta, or with shipping lanes, as
was the case near stations 1 and 5 in the Curonian Lagoon.

2. Toxicity of the POP Fraction

The V. fischeri bioluminescence quenching test was sensitive to PCB compounds, shown
by the marked toxicity of the IS; standard and of the sample fractions, prepared and analyzed by
GC-ECD. Sample fraction toxicity did not vary with the total amount of PCBs and
organochlorines, but in general, samples with higher concentrations of POPs from the Curonian
Lagoon were more toxic (up to 10 times) than those from the Nemunas River Delta. The
content of high-molecular-weight PCBs, identified by GC-ECD, was equally distributed in toxic
and non-toxic sample fractions (data not presented). In addition, planar tetra-congeners of PCBs
did not contribute to high values of Toxicity Equivalence Factors. Therefore, the toxicity of
highly hydrophobic and persistent compounds in the samples was probably induced by
unidentified classes of halogenated POPs in the sulfuric acid treatment fraction, e.g.
polybrominated biphenyls, terpenes or PCDDs (dioxins) or even PCDFs (furans).

3. Problem of Sulfur Toxicity

We found that sediment toxicity of organic extracts after sulfur removal was still
remarkable in samples from the Nemunas River Delta and the Curonian Lagoon. In most
samples, toxicity increased with increasing organic carbon and chlorophyll a concentration.
The highest concentrations of organic carbon were found at stations 2 and 4 in the lagoon. The
observed toxicity in total sediment extracts and after elemental sulfur removal was higher in
these samples compared to sediments from stations 1, 3, and 5. Sediment extracts from a river
in Florida and other polluted areas were tested in 1992 for toxicity in commercial Microtox test
after Solid Phase Extraction with C18 SPE cartridges and elution with acetonitrile and water.
When metallic copper powder was used in cartridges or extracts to remove sulfur, the toxicity
was markedly diminished, indicating sulfur was responsible for the toxicity (Jacobs et al. 1992).
It was also possible to extract the sulfur with a mixture of solvents (50% methylene chloride,
47% hexane, 3% acetonitrile (Jacobs et al. 1992). Pardos et al. (1999) later found that organic
extracts (hexane with acetone) were toxic to V. fischeri, and the presence of elemental sulfur in
the extracts was determined using GC/ECD analysis. Toxicity and sulfur were removed from
samples using acid-activated metallic copper. The elemental sulfur was most toxic to Microtox
(15 min. ECsp = 11.9 pg S/L), but reported ECsq values of Daphnia magna Straus and
Selenastrum capricornutum toxicity were much higher: 802.9 pug S/L (48 hr) and > 1,000 pg
S/L (96 hr), respectively (Pardos ef al. 1999).

&5



It has been proposed that elemental sulfur is not soluble in water, and perhaps is not
toxic to benthic organisms (Environment Canada 1984). This is doubtful, as hydrophobic sulfur
can dissolve in fats and is found in Semipermeable Membrane Devices (SPMDs) filled with
triolein (Sabalitinas 1999). The toxic effects of elemental sulfur have been described for
hematological and central nervous systems; possible effects included decreases in SH groups of
proteins (Na',K'-ATPase of erythrocytes, nervous cells), decreased amounts of reduced
glutathion, and inhibition of blood peroxidase and catalase (Filov ez al. 1989). As sulfur is an
element that is formed during biodegradation of proteins or as an intermediate product in
sediment sulfate reduction, it is possible that it has toxic effects on benthic macrofauna.

Quantification of PCB Content in Sediment and Sediment Quality Guidelines

Sediment Quality Criteria, SQC, (Adams et al. 1992; Ingersoll 1995), Sediment Quality
Guidelines, SQG, (Swartz and Di Toro 1997) or consensus-based sediment effect concentrations,
SECs, (MacDonald ef al, 2000) are numerical concentrations of an individual chemical (ug
contaminant/g sediment dry weight) intended to be predictive of biological effects, mostly on
benthic organisms, and are to be applicable to a range of natural sediments in lakes, streams,
estuaries, and near-coast marine waters (Adams et al. 1992; Ingersoll 1995). All SQC, SQG or
SECs for total PCBs were created from data of chemical and ecotoxicological or ecological
(species diversity) analysis of natural marine or freshwater ecosystem sediment (Barrick et al.
1988, US EPA 1996 and 1997) in comparison to clean reference sediment, or of laboratory-
spiked sediment with ranges of concentrations to generate ecotoxic effects (Ingersoll 1995). So,
they are presented mostly as databases or data in different reports or articles: up to 195
freshwater and 599 marine and estuarine sediment samples had been analyzed in total up to year
2000 (Barrick et al. 1988, USEPA 1996 and 1997, Environment Canada 1992, MacDonald e al.
2000). The variety of different terms for SQG or SECs, such as (1) threshold, midrange and
extreme effect concentrations (TEC, MEC, EEC), (2) screening level concentrations, SLCs, (3)
lowest, moderate and highest-apparent-effect-threshold (LAET, MAET, HAET), and (4)
threshold, probable, severe effect levels (TEL, PEL, SEL) emerged from different analytical
approaches. These include survival and growth end-points of benthic fauna (midges, amphipods,
etc.); the species distribution frequency or sum of biological endpoints, like Microtox, survival of
oyster larvae, or structure of benthic community; or biological effects in field and spiked
sediments in comparison to chemical analytical data (MacDonald et al. 2000). The classification
or ranking of PCB effects concentrations in sediment was based on degree or severity of adverse
biological effects and the effects ranges or zones were defined quantitatively (MacDonald et al.
2000). For example, sediment low or threshold effects concentrations, TECs, of total PCBs
corresponded to the great range of values from 3 up to 40 £ 54 (SD) ng/kg dry wt of sediment;
(Figure 3); consensus-based MECs (midrange effect concentrations) were those up to 400 + 330
(SD) pg PCBs per kg dry wt.; and consensus-based EEC (extreme effect concentrations) up to
1700 £ 2000 (SD) pg/kg dry wt of sediment.
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Figure 3. Comparison of consensus-based Sediment Effect Concentrations for total PCBs in sediments
and those measured in our field samples. SLC = Screening-Level Concentration; LAET
(Microtox) = Lowest-Apparent-Effects Threshold; TEC = Threshold Effects Concentration
(MacDonald et al. 2000). High Exp. Data: Curonian Lagoon (CL) station 2 = 11.95 ng/g dry wt.;
Mid. Exp. Data: CL station 4 = 1.4 ng/g dry wt., Nemunas River (NR) station 2P = 1.83 ng/g dry
wt.; Low Exp. Data: CL station 3 = 0.13 ng/g dry wt., NR station 1P = 0.3 ng/g dry wt.

The concentrations of PCBs from Curonian Lagoon and Nemunas River Delta sediments
were compared to different values and whole ranges of sediment effect concentrations (see
Figure 3). Based on comparison of existing SQGs for PCBs, DDT and its metabolites, and HM
(Swartz and Di Toro 1997), our sediments were found to be relatively clean. A more detailed
comparison of consensus-based SECs of total PCBs revealed that concentrations within our
Nemunas River sediment samples and those from stations 1, 3 and 4 in the Curonian Lagoon
were less than screening-level concentrations (SLC; 3 pg/kg dry wt.), while samples from
stations 2 and 5 in the Curonian Lagoon were lower than threshold and midrange effects of
different SEC values (21 — 400 pg/kg dry wt.) (Figure 3). The comparison with Sediment
Quality Guidelines (ERM, PEL, ERL, TEL) for DDT and its metabolites and for HM also
confirmed the conclusions of low content of total and individual pollutants in sediments from the
Curonian Lagoon and the Nemunas River Delta. The comparison of total PCB concentration
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with other experimental and literature data revealed the values of PCBs obtained in lagoon
sediments (range of concentrations 0.13—11.95 ng/kg dry wt) were less than in some lakes in
forested regions of Sweden (Lake Havgard; concentrations up to 24 ng/kg dry wt), and
comparable to the Flint River reservoir (rural Georgia, U.S.) or White Rock Lake (urban Texas,
U.S), having from 5 to 10 pg/kg of sediment in the period from 1980 to 1995, as dated by '*’Cs
in sediment cores (Smol 2002).

CONCLUSIONS
Conclusion 1 (Chemistry)

Comparisons of individual and total values of PCBs, POPs, and HM showed that
concentrations of these pollutants were higher in sediments from the Curonian Lagoon than
those from the Nemunas River Delta. There was a consistent distribution of POPs (including
PCBs) and HM in sediments of the lagoon and the delta: higher concentrations were found
mostly in bottom areas with fine sediment at stations 2, 4, and 5. Exceptional samples (with
relatively high HM and POP concentrations) were collected from the sandy-bottom station 1 of
the lagoon beneath a shipping lane and station 2P of the delta within a port area.

Conclusion 2 (Eco-Toxicity)

The toxicity of organic extracts of all pollutants was at least ten times higher in sample
extracts from the Curonian Lagoon than in those from the Nemunas River Delta. Toxicity
testing of sediment extracts from the Curonian Lagoon in V. fischeri bioluminescence quenching
tests was possible only after 10-fold sample dilution. Toxicity also was higher in samples with
fine sediment and high concentrations of organic carbon from the bottom of the lagoon.
Decreased toxicity was observed after sulfur removal from sediment extracts. The POP fraction
(amount) in sediment was responsible for some of the toxicity measured in acute toxicity
screening tests (bioluminescence quenching).

Conclusion 3 (Quantification and Characterization of Risk)

Based on comparison with existing SQGs for PCBs, DDT and its metabolites, and HM,
the sampled sediments were relatively clean. A more detailed comparison of consensus-based
SECs of total PCBs revealed that sediments collected in the Curonian Lagoon and the Nemunas
River Delta can be compared only below SLC levels or in the range of Threshold Effects of
SEC.
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SUSTAINABLE AGRICULTURAL DEVELOPMENT POLICY
IN THE BALTIC SEA REGION

Marek J. Gromiec'

INTRODUCTION

The Baltic Sea region is the first region in the world with a consensus on goals for
sustainable development. The Brundtland report alerted the world to the urgent need to make
progress towards economic development that can be sustained without depleting natural
resources or harming the environment. In this report, sustainable development is defined as
development that meets present needs without compromising the ability of future generations to
meet their needs. Seven economic sectors (agriculture, forests, fisheries, industry, energy,
transport, and tourism) were defined as crucial to sustainable development in the Baltic Sea
region. This paper addresses sustainable development policy for the agricultural and fisheries
sectors only. However, policymakers should employ both measurement and financial incentives
to strongly encourage implementation of sustainable development in all other economic sectors
as well. The restoration of the Baltic Sea environment is a responsibility shared by all countries
in this populous region.

LEGAL FRAMEWORK

The 1% Helsinki Convention of 1974 requires the Baltic Sea countries to protect the
marine environment. The 2" Helsinki Convention of 1992, which was signed by the Ministers
of Environment from Denmark, Estonia, Finland, Lithuania, Latvia, Germany, Poland, Russia,
and Sweden, regulates environmental protection throughout the entire Baltic Sea watershed,
including protection of waters, atmosphere, land, and nature. The Convention calls for a
moratorium on potentially hazardous pollutants and requires application of the best available
technologies (BAT) and the best available practices (BAP) to eliminate pollution. In accordance
with the Convention, the “polluter pays” principle is also applied. A separate organization,
known as the Helsinki Commission (HELCOM), was created to implement the requirements of
the Helsinki Convention. By 2005, HELCOM contracting parties have agreed to reduce the
nutrient load to the Baltic Sea to 50% of the late 1980s levels.

Work on the Helsinki Convention revisions occurred at the same time as the preparation
of the Joint Program for the Baltic Sea. The Baltic Sea Joint Program, completed in 1992,
defines 132 objects and areas (hot spots) causing the most environmental nuisance.
Implementation of the Baltic Sea Joint Program has been planned for 20 years and its costs are
estimated to be 18 billion ECU.

An Agenda 21 for the Baltic Sea Region (Baltic 21) was initiated in 1996, at the Prime
Ministers’ meeting in Visby in May and at the meeting of the Foreign Ministers of Affairs in
June. The Environment Ministers provided the terms of reference for Baltic 21 in October 1996
in Sallsjobaden. In June 1998, the Foreign Ministers adopted Agenda 21, which contains goals

! Department of Water Management, IMWM, Warsaw, Poland.
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and an action program for sustainable development (HELCOM 1998). The first Baltic 21
progress report was published in 2000 (HELCOM 2000). Various Baltic 21 documents are
published on the Baltic 21 website (http://www.ee/baltic21). Baltic 21 participating nations are
Denmark, Estonia, Finland, Iceland, Lithuania, Latvia, Germany, Norway, Poland, Russia, and
Sweden.

OVERALL GOALS

The Baltic Sea countries have adopted common goals for regional sustainable
development. These goals are separated into the following types: overall goals, goals for
different sectors, and a goal for special planning. The overall goals and those for the agricultural
and fisheries sectors are listed below.

Overall Goals for Baltic Sea Region Sustainable Development

A safe and healthy life for current and future generations.

A cooperative and prosperous economy and society for all.

Local and regional cooperation based on democracy, openness, and participation.

Restored or maintained biological and ecosystem diversity and productivity.

Land, water, and atmospheric pollution not in excess of the carrying capacity of nature.
Efficient use and management of renewable resources with their regeneration capacity.
Efficient and cyclic flow of non-renewable resources; creation and promotion of renewable
substitutes.

e Increased awareness among different stakeholders and social classes of the elements and
processes leading to sustainability.

Agricultural Sector Goals

e Farm income sufficient to provide a fair standard of living.

e FEthical aspects of agricultural production secured.

e Non-renewable resources gradually replaced by renewable resources and recirculation of
non-renewable resources maximized.

e Utilization of methods that do not threaten human or animal health or degrade the
environment or biodiversity, minimization of the environmental problems handed down to
future generations.

e Sustainable agriculture that meets societal needs for food and recreation, preserves the
landscape, cultural values, and heritage of rural areas, and contributes to stable, well
developed and secure rural communities.
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Fisheries Sector Goals

e Maintenance of biologically viable fish stocks, the marine and aquatic environment, and
associated biodiversity.

e Establishment of maximum fishing limits and selective fishing techniques for harvesting
stocks.

¢ Distribution of the direct and indirect benefits of open sea and coastal fishery resources
between local communities in an equitable manner.

INDICATORS

A number of core indicators have been designated to measure the success of overall
goals, agriculture sector goals, and fisheries sector goals (HELCOM 1998). The core indicators
for the goal of reducing environmental pollution include the following: CO,, SO, and NOx
emissions; land area where depositions are above critical loads for acidification and
eutrophication; nutrient load to the Baltic Sea; consumption of ozone depleting substances; and
proportion of protected areas.

The agriculture indicators are the loadings of nitrogen and phosphorus, both via rivers
and directly, to the Baltic Sea from arable land; nitrogen and phosphorus fertilizer use; livestock
units per hectare; ratio of permanent pasture to total arable land; and crop and milk productivity.

Fisheries sector indicators include spawning stock biomass, fishing mortality,
recruitment, and landings per country: tons of cod, salmon, herring, and sprat; number of fishing
vessels per country operating in the Baltic Sea; average fishing fleet engine power per country;
fish consumption per capita per country; and number of full time fishermen per country in the
Baltic Sea Region.

IMPACT/DEVELOPMENT OF THE AGRICULTURAL SECTOR

Nutrients enter the Baltic Sea via rivers and the atmosphere; however, rivers and coastal
point sources account for most of the nutrient load. In total, some 200 rivers and streams
transport nutrients into the Baltic Sea with the top five of these rivers accounting for about 50%
of total nitrogen inputs (HELCOM 2001). Nutrients in the rivers derive primarily from point
sources and from diffuse loading from agriculture.

The agricultural sector is a significant anthropogenic source of nutrients to the Baltic Sea.
The high agricultural nitrogen inputs in some countries are from both nitrogen fertilizers and
great livestock densities. Variations in nitrogen inputs reflect the magnitude of the run-off from
the various river drainage areas. It is estimated that agriculture accounts for 30-35% of the
nitrogen load and 10-15% of the phosphorus load to the Baltic Sea (HELCOM 2000).
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Thus, in order to reach the 50% reduction target, measures are directed towards the
agricultural sector in all Baltic countries. A general reduction in both nitrogen and phosphorus
loading is necessary if the ecological quality of the Baltic Sea is to be restored and maintained.
The key elements of the action program for agriculture are listed below.

Action Program for the Agricultural Sector

Reduction of nutrient losses from agriculture.

Reduction of risks associated with the use of pesticides and herbicides.

Protection of ground and surface water for drinking water purposes in agricultural areas.
Preservation of high quality food and feed production.

Maintenance and development of biodiversity in rural landscapes.

Reduction of the usage of fertilizers and antibiotics in plant and animal crops.
Development of rural infrastructure and promotion of both a high quality of life and the
economic conditions of sustainable agriculture in rural areas.

Promotion of new production alternatives for arable land.

e Other measures for sustainable agriculture development such as transport logistics, markets
for sustainable produce, and addressing the use of genetically modified organisms and the
greenhouse effect.

The Agenda 21 for the Baltic Sea Region also contains an action program for sustainable
development, which includes joint actions, sector actions, and spatial planning actions.

The following projects have been established for the agricultural sector: The Baltic
Agricultural Run-Off Action Program (BAAP) and the Elaboration of Codes of Good
Agricultural Practice, which outline good agriculture management for farmers. An important
project seeks to implement priority actions associated with control of agricultural non-point
source pollution (including demonstration sites). The agricultural sector network is also
contributing to bilateral projects. For example, a Danish-Polish project on agricultural nutrient
control was completed in 2003.

Large differences in farming practices exist for different areas around the Baltic Sea.
However, modernization and restructuring of agriculture, together with development of rural
areas, is taking place in many countries. For example, some Polish farms have already adopted
modern technology and will be prepared for Poland’s 2004 entry into the European Union. This
will probably lead to an increase in use of mineral fertilizers. Thus, it is important that
appropriate measures be adopted concurrently with new agricultural development to avoid
increasing pollution from future agricultural activity.

Today, one might think that Poland, with the largest watershed of the Baltic Sea
countries, would generate most of the pollution discharged into the Baltic Sea. However, in
comparison to other Baltic countries, discharges of nitrogen and phosphorus compounds per
person from Poland are among the lowest (Gromiec 2003). Although diffuse agricultural
pollution in Poland is not severe, it is well known that significant nutrient, and especially
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nitrogen, runoff from intensively farmed areas, such as those in western European countries, can
occur or could increase in the future. To address this potential problem, the Polish government
elaborated a Code of Good Agricultural Practices in 2002 (Polish Ministry of Agriculture 2002).
An agro-environment policy to achieve compliance with the European Union nitrate directive
and the Polish legislative work on Water-Law has also been introduced to avoid significant
increases of non point source pollution from the agricultural sector.

CONCLUSION

Agricultural practices are fundamentally important to environmental quality. The most
important task for the Baltic Sea Region agricultural sector is to combine environmental, social,
and economic needs to begin the transition to sustainable development. A high level of
agricultural production, achieved through intensive farming, may cause stress on the natural
environment and on long-term land productivity. The status of the environment and its resources
are an important factor that should determine the conditions for development in all Baltic Sea
Region countries. Sustainable development in this region is a challenging and a long-term task.
Considerable efforts to reduce pollution from intensive food production, high livestock density,
and the use of fertilizers and manure are necessary to meet environmental, social, and economic
criteria for a sustainable society. Agricultural policy should take environmental considerations
fully into account, and this policy must be based on the concept of long-term sustainability.
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CAN WE PREDICT JOINT EFFECTS OF HYPOXIA AND METALS
ON FISH SURVIVAL?

Michael C. Newman'

ABSTRACT

Fish are suddenly exposed to hypoxic conditions during diverse events such as seiche- or
turnover-related water movements, bottom water release from reservoirs, ice-over of eutrophic
arctic lakes, and rapid shifts in respiration: photosynthesis associated with cultural
eutrophication. In each case, chemical equilibria established under hypoxic conditions that result
in metal dissolution and accumulation suddenly shift toward chemical equilibria of oxic
conditions. Critical changes in speciation include those determining the free ion activity that, as
expressed by the Free lon Activity Model (FIAM), is often the most bioactive form of a
dissolved metal. Metal phase can also change rapidly and, in some cases, result in a precipitate
on respiratory surfaces. Exposure of fish gills to metal (and integument of larval or small fish)
changes O, exchange dynamics. Changes in mucus quality and production and lamellae
morphology decrease the amount of effective gill exchange surface and increase the diffusive
layer thickness. These changes exacerbate those associated with the reduced O, partial pressure
gradient. Consequent shifts in blood chemistry (e.g., pH and ion composition) and ventilation
also affect metal transport and deposition within fish tissues. Some of these changes have
immediate consequences, but others can continue for long periods after the hypoxic conditions
pass. Long-term metal effects can influence fish tolerance during future hypoxic episodes.

A joint, similar action model can be applied if the parsimonious assumption is made that
asphyxiation constitutes a common mode-of-action for both acute metal effects and hypoxia.
Joint action models are applicable based on either conventional dose-effect or survival time
approaches. Expansion of such models to a physiologically-based toxicokinetics-
toxicodynamics framework (e.g., framed around the Fick equation) would be desirable, provided
that model parameter requirements remain realistic. Long-term effects may be better addressed
with models such as the binary logistic models used by epidemiologists.

! College of William & Mary’s Virginia Institute of Marine Science, Department of Coastal & Ocean Policy, P.O.
Box 1346, Rt. 1208 Greate Road, Gloucester Point, VA 23062
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BACKGROUND

Metal Effects

Metal toxicity to fish is influenced by biogeochemical, cellular, physiological, and
anatomical factors. Many of these factors are also influenced by hypoxia.

Metals released from solid phases under anoxic conditions accumulate through time and,
during physical mixing with oxic waters, participate in complex chemical reactions. Some (e.g.,
iron and manganese) can form colloidal phases, and potentially irritate fish gill surfaces.
Speciation shifts for other metals that remain in the dissolved phase can elevate free metal ion
activity.

Exposure of fish gills to dissolved or colloidal metals can alter gas exchange, ammonia
excretion, and ion and osmotic regulation. Irritation from colloids can increase mucus
production and, consequently, lower the diffusion rate of gases across the gills. According to
Leland and Kuwabara (1985), production and coagulation of excess mucus during acute
exposure to dissolved metals results in asphyxiation, i.e., the “coagulation film anoxia
hypothesis” for metal lethality. Spaces between primary and secondary gill lamellae fill with
coagulated mucus (Figure 1), increasing the effective diffusion distance. For example, colloidal
aluminum precipitation on fish gills causes excessive mucus secretion that clogs interlamellar
spaces (Poléo 1995).

Metals can also cause swelling of the gill epithelium, a general filling-in between the
secondary lamellae, and an increase in numbers of chloride cells. The epithelium of the
secondary lamellae, which is composed of two cell layers separated by an intercellular lymphoid
space, swells within the lymphoid space to separate the two cell layers. Necrosis and
inflammation can also occur (Daoust ef al. 1984). Blasco et al. (2000) noted fusion of secondary
lamellae during copper exposure in the Senegalese sole. Jagoe et al. (1996) observed thickening
of the primary lamellar epithelium to such an extent that the secondary lamellae appeared absent
on gills of mercury-exposed mosquitofish, greatly reducing the area available for O, exchange.
The chloride cell volume density increased with mercury exposure at the expense of pavement
cells and, because chloride cells are involved more in ion regulation than with gas exchange, the
available gill area for effective respiratory exchange decreased. Chloride cell proliferation can
also increase the thickness of the blood-to-water diffusion barrier (Perry 1998) and, as a
consequence, impair O, diffusion (Greco et al. 1995). In turn, these changes produce shifts in
ventilation (elevated ventilation amplitude and generally depressed ventilation frequency
(Bindon ef al. 1994). However, Witters ef al. (1996) noted increased ventilation frequency for
brown trout experiencing acute respiratory stress due to aluminum polymerization on their gills.
Blood chemistry also shifts.
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Figure 1. Teleost gill structure. A. Cross section of a primary lamella with three secondary
lamellae extending at right angles (upward) from it. Secondary lamellae also extend
downward but, in this panel, are not shown completely. Water drawn in via ventilation
passes along the surface of each secondary lamella and blood within the lamella flows in
the opposite direction (modified from Figure 3 of Randall (1982)). B. Two secondary
lamellae with magnified areas B1 and B2. B1. Interlamellar space within which O,
bearing water passes over the exchange surfaces of the lamellac. Each lamella has a
mucus layer and specified thickness. The diffusion distance (T) influences the O,
diffusion rate across the gill. B2. Cells covering the lamellae. Here cells at the junction
of the primary and secondary lamellae are depicted. The pavement cells (white) are the
principle cells involved in O, exchange. The larger and thicker chloride cells (dark) are
involved primarily with ion regulation. Although not depicted, mucus-producing cells on
the gill also respond to metal exposure. Pillar cells also reduce the gill area for O,
exchange. Evans (1998) estimates that as much as 30% of the gill surface is directly
above pillar cells and unavailable for respiratory exchange.

101



Hypoxia Effects

Abrupt exposure to hypoxic conditions results in predictable changes in respiration as the
fish adjusts to the change in the O, partial pressure gradient across the gill. Initially, ventilation
and general activity level change in an attempt to maintain adequate oxygen delivery to tissues
(Wu 2002). An extreme example is the eelpout, which becomes immobile under hypoxic
conditions (Fischer ef al. 1992). As an example of change in ventilation, Randall (1982) reports
that gill water flow of dogfish is inversely related to arterial O, concentration. Increased
ventilation volume is generally achieved by large changes in ventilatory stroke volume and
smaller changes in ventilation frequency (Gilmour 1998), suggesting respiratory impairment;
water softness-induced increases in chloride cells also results in elevated ventilation stroke
volume and lowered ventilation frequency (Bindon et al. 1994). Heart stroke volume can
increase and heart rate decrease under hypoxic conditions (Randall 1982). These changes are
energetically efficient, short-term means of coping with hypoxia.

Other compensatory responses to hypoxia can enhance O, diffusion rates (Gilmour 1998).
Changes in ventilation and thinning of the epithelium due to increased blood pressure tend to
reduce the O, diffusion barrier thickness. Increased water and blood flow can also modify the
difference in O, partial pressures across the gill.

Joint Effects of Hypoxia and Metals
There is a commonality in the effects on fishes from hypoxia and metals: asphyxiation.
This can be easily described with Fick’s model for O, diffusion rate (dO,/dt) (Table 1):
do AP
2=4 -K, - 0
dt T

where APq, = difference in O, partial pressures across the gill diffusional barrier, Ko, = gill
barrier diffusion coefficient, A = the effective diffusion area of the gills, and T = the diffusion
barrier thickness. By definition, hypoxia changes the gill partial pressure differential (APo,).
Modifications to ventilation and cardiac dynamics have the purpose of minimizing changes to
this differential. The gill barrier diffusion coefficient (Ko;) can be increased by mucus and metal
precipitates. The morphological changes to primary and secondary lamellae can decrease the
effective diffusion area (A). Combined, the morphological changes and mucus increase the
diffusion barrier thickness.

102



Table 1. Effects summary for hypoxia and acute metal exposures contributing to asphyxiation.
Terms in the left column are those of Fick’s equation for O, diffusion rate.

Term Hypoxia Acute Metal Exposure
A

(effective diffusion area) Increased slightly Decreased

Koz

(diffusion coefficient) Decreased slightly Increased

AP0,

(partial pressure difference) Greatly increased None

T

(diffusion barrier thickness) Decreased slightly Increased

Both acute metal exposure and hypoxia reduce the O, diffusion rate across the gills.
Some metal-induced changes, such as excessive mucus production, might be coincident with
those changes associated with hypoxia. A sudden release of hypoxic, metal-rich water from a
lake hypolimnion is one situation in which this might occur. In one of many such situations,
Baden et al. (1995) described the simultaneous exposure of decapods to low oxygen and high
manganese conditions during periodic autumnal hypoxia resulting from coastal eutrophication.
Some metal-induced changes in gill morphology could occur prior to the hypoxic event of
concern and predispose an individual to succumb more quickly. Any exposure to high metal

concentration (or soft water (Greco et al. 1995, Perry 1998)) prior to a low oxygen event could
do this.

MODELING JOINT METAL-HYPOXIA MORTALITY

Assuming that asphyxiation has a common mode-of-action suggests the application of
similar joint action models to predict the combined effects of low O, and high metal conditions.
For concentration-effect experiments in which the proportion of exposed individuals that die is
scored at a set exposure duration, a general approach exists for incorporating the joint effects of
two or more similarly acting stressors. Finney (1947) established this approach by first
observing that similarly acting stressors often have concentration-response curves with identical
slopes (b).

Probit(P)=a,+b (log C))
Probit(P) = a, + b(logC,)

where, P; and P, = proportions dying after exposure to stressor 1 or 2, a; and a, = intercepts for
stressors 1 and 2, and C; and C, = concentrations for stressors 1 and 2.
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By combining and then re-arranging these equations, the joint effect of the two stressors
(Probit (P, + P;)) can be predicted for the binary mixture.

_4h 4

log ¢, = b
Probit(P, + P)) = a, + b(log C, + ¢,(log C,))

Unfortunately, this conventional model is not directly applicable because the slope for the
metal concentration-effect model would be positive and that for the O, concentration-effect
model would be negative. That is, mortality increases as metal concentration increases or as O,
concentration decreases. Despite a deviation from convention, the two probit models can be
combined and successfully rearranged. Specifically, the O, concentration can be expressed as
the absolute deviation from normoxic O, concentration. The slope for the O, concentration-
effect model would then be positive.

A more direct model formulation might be possible if a common, physiologically-based
metric of stressor intensity were available. Fick’s equation suggests O, diffusion rate might be
the most appropriate metric that reflects the common effect of both low O, and high metal
concentrations.

logit(P) or Probit(P) = a + b (log dzz)

The O, diffusion rate would be estimated with Fick’s equation. This model is likely to be
appropriate only below a threshold O, diffusion rate; thus a threshold value might also need to be
estimated. The threshold would reflect the minimum O, diffusion rate below which the tissue O,
demands are not met. A physiologically-based, toxicokinetics-toxicodynamics model could
facilitate such a formulation but, in many cases, would likely require more parameter estimates
than one has the resources and time to generate.

Instead, a simpler logistic or probit model could be applied with O, and metal
concentrations as covariates (C; and C;). The coefficients (b; and b,) would have opposite signs
in this case. The O, concentrations for which the model would be appropriate would be those
below some minimum threshold, i.e., below normoxic conditions. Such a model would not
strictly require a common mode-of-action.

logit(P) or Probit(P) = a+b,(log C)) +b,(log C,)

Choosing between the logistic (logit) and normal (probit) models would require a
goodness-of-fit statistic such as the x? statistic. Although log transformations of both
concentration variables are shown here, a % statistic could also be used to select the best
transformations of concentrations. Whether expressed as a logit or probit model, the model
could include an interaction term if warranted.
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logit(P) or Probit(P) = a+ b,(log C,)+b,(log C,) +b,(log C, -log C,)

These same models could be used if previous metal exposure had occurred and the deaths
associated with an hypoxic event were to be predicted. The fish might be classified with a
categorical variable relative to whether it had or had not been previously exposed to high metal
concentrations. This common approach taken by epidemiologists (e.g., Ahlbom 1993) to
estimate relative risks for etiological factors would allow one to estimate the increase in risk of
mortality under hypoxic conditions as a function of past metal exposure. The logistic model
including log O, concentration and the categorical variable (previously exposed to metal or not)
would be the following:

P
1-P

Logit(P) = In(——) = a + b,(log C,) + b,(E)

where P = proportion of individuals exposed to hypoxic conditions that die, a = intercept, b; =
coefficient for the effect of log O, concentration, C; = oxygen concentration, b, = coefficient for
metal exposure status effect, and E = a categorical score denoting whether an individual had (1)
or had not (0) been previously exposed to high concentrations of metal. The risk of an individual
previously exposed to metal relative to that of an individual with no previous metal exposure
would be the following (modified from Ahlborn (1993)),

I-F,

where P, and P,, = the proportion of individuals dying during hypoxic exposure with previous
metal exposure (e) and non-previous metal exposure (n) respectively. The relative risk (RR) can
be approximated with the estimated b, of the logistic model fit to these data.

Another set of models would be useful if survival time were used as the effect metric
instead of the proportion dying by a set time. In such a design, individuals are exposed to lethal
conditions and the time required to die for each individual is recorded. A rich array of survival
time methods is available (see Newman 1995 and Crane ef al. 2002). Most such methods
accommodate censoring, i.e., a time-to-death data set in which some individuals were still alive
at the end of the exposure. These methods have been applied to separate effects of oxygen (e.g.,
Dixon and Newman 1991) and metals (e.g., Newman 1995). Roy and Campbell (1995) used
these methods for the joint effects of aluminum and zinc on Atlantic salmon juveniles. There is
no apparent reason they could not be applied to the joint effects of hypoxia and metal exposure.
As a particularly relevant example, Veldhuizen-Tsoerkan et al. (1991) concluded from survival
time analyses that mussels previously exposed to metals were less tolerant of anoxia. For this
metric, simple parametric models can be generated.
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InTTD =a+b,(log C))+b,(log C))+¢

where TTD = time-to-death and & = an error term that has a specified distribution. Such a
simple model could include O, and metal concentrations, or some transformation of these
concentrations, as covariates to predict time-to-death during acute, joint exposures. If the
situation of concern was survival during exposure to hypoxic conditions for fish with different
metal exposure histories (i.e., fish with modified gill structure), a similar model could be applied
in which O, concentration was included as a continuous variable and past metal exposure status
was included as a categorical variable.

CONCLUSION

The parsimonious assumption that asphyxiation is a common mode-of-action for both
hypoxia and metal toxicity suggests that a wide range of models could be used to predict the
combined effects of hypoxia and high metal concentrations (Figure 2). Such models were
described for two relevant scenarios. The first is the simultaneous exposure of fish to high metal
and low O; concentrations. This might occur during the sudden mixing of oxic and anoxic
waters. The second scenario involves an initial exposure to metals resulting in gill morphology
changes that make individuals more susceptible to the lethal effects of hypoxia. This might
occur in fish surviving a hypoxic/high metal event that are exposed again to low O, conditions.

Simulfaneous Metal Exposure
MetalHypoxia Modifying Gill Structure
Exposure and Then Hypoxia

Concentration-Effect], Time-to-Death

Strict
Similar Similar
Action Action Not

Assurned  y  Assumed Time-to-Death y Expose-Effect

Least Time | Most Time
and and
Resources |, Resources

C:?nve_nﬁ_onol Toxicc?liineﬁcs- Sim:lle . Surv‘il\llal Mul‘i‘ilvariuie
g?fg‘éismlgerl Toxicodynamics Multivariate .?il:‘r.'vewﬁlo del  Time Model Binary

or Mgfseégﬂgﬁon Probit or With Pre- Logistic

. Logit exposure to or Similar

Conveniional Model Metals Included Model
Joint Similar as a Categorical
Model Using Variable
Deviation from
Normoxic O,

Concentrations

Figure 2. A summary of the potentially useful models for predicting the combined effect of
hypoxia and elevated metal concentrations. Models are separated into those dealing with
simultaneous exposure to low O, and high metal concentrations, and those dealing with
low O, tolerance after fish gills have been modified during a previous exposure to high
metal concentrations. Models that can be derived using conventional concentration-
effect or time-to-death data are also shown.
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Models for both scenarios were discussed for data sets from conventional concentration-
effect and survival time experiments. A wide array of plausible models exists, suggesting that
predictive models can be developed for the combined effects of hypoxia and high metal
concentrations. However, deciding which model will be the most effective requires the
application of candidate models to other appropriate data sets.
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HOW BIOLOGICAL RESPONSES TO HYPOXIA AND EUTROPHICATION MODIFY
THE EXPOSURE AND TOXICITY TO FISH OF METALS AND OTHER TRACE
POLLUTANTS

Charles H. Jagoe'

ABSTRACT

It is widely recognized that chemical conditions associated with hypoxia and
eutrophication can affect the speciation, bioavailability, and toxicity of metals and other
pollutants. However, the role of the biological responses of organisms exposed to these
conditions in modifying pollutant exposure and toxicity remains largely unexplored. Aquatic
organisms experiencing eutrophication stresses (hypoxia, elevated ammonia and nitrate
concentrations, etc.) respond with biochemical, physiological, and behavioral changes. Fish
typically respond to hypoxic conditions by: 1) behavioral avoidance, 2) increased ventilation
volume, and /or 3) increased reliance on anacrobic metabolism. Behavioral avoidance is often
size and age specific, resulting in differential exposure and toxicity among age classes or life
stages. Behavioral avoidance of hypoxic conditions also results in habitat compression that can
enhance inter- and intraspecies competition and increase exposure to predation. Increased
ventilation volume can result in increased extraction of contaminants from the water. Increased
water flow can also result in enhanced precipitation of dissolved metals at the gills, with
associated impacts on gas exchange and ion regulation. Anaerobic metabolism is less efficient,
so increased reliance on the impacted gills results in less available energy for maintenance
functions and defensive responses. Hypoxia also decreases the rate of protein synthesis that can
affect tissue levels of defensive proteins, such as metallothionein and HSP, or the induction of
detoxifying enzymes. Integrating the chemical factors and biological responses associated with
eutrophication and hypoxia with responses to other pollutants will provide a more realistic
understanding of the combined effects of pollutant releases and habitat degradation.

INTRODUCTION

Eutrophication is often caused by discharges of nutrients into surface waters. These
nutrients fertilize phytoplankton and macrophytes that are nutrient limited. Initially, biomass
increases, but when these plants die their decomposition results in high biological oxygen
demand (BOD) causing hypoxic or anoxic conditions. Discharge of bulk organic pollutants,
such as sewage, can also increase BOD and decrease dissolved oxygen levels. Such conditions
are widespread in lakes and estuaries around the world due to increased inputs of human and
animal wastes and agricultural runoff. Anthropogenic changes in water flows, canopy cover,
sediment inputs, and other factors can exacerbate hypoxic conditions.

! University of Georgia, Savannah River Ecology Laboratory, PO Drawer E, Aiken, SC 29802
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Eutrophication, hypoxia, and changes in water chemistry that accompany these
conditions can alter the chemical speciation and bioavailability of pollutants, as discussed
elsewhere in this volume. These chemical changes are predictable, to a large extent, by well-
characterized principles in thermodynamics and kinetics. The stresses associated with
eutrophication and hypoxia also have profound biological consequences that influence pollutant
uptake and subsequent effects on organisms. These biological responses are often less
characterized and their effects and implications for pollutant accumulation are much less
understood than the chemical changes. Advances in molecular biology in the past decade have
stimulated high quality literature on the effects of low oxygen conditions on the physiology of a
variety of aquatic organisms. Nonetheless, studies that integrate biological responses to hypoxia
with responses to chronic, sublethal concentrations of pollutants are still quite rare.

To address this latter data deficit, this review examines selected responses of fish to
eutrophication, hypoxia, and associated stresses, and explores ways that these responses might
act to modulate the accumulation and effects of pollutants. This work concentrates on metals,
but considers trace organics where appropriate to illuminate principles or illustrate open
questions. This is not intended to be an exhaustive survey of biological responses to either
hypoxia or pollutants. Instead, it covers a selected variety of areas where recent advances have
occurred in the understanding of biological responses to hypoxia. The intent is to cross-fertilize
disciplines that do not often interact, specifically the physiology and ecology of low oxygen
stress and ecotoxicology. The hope is that this short paper will spark new investigations of the
interactions of hypoxia with effects of metals and trace organic pollutants. Clearly, a better
understanding of such interactions will improve evaluations of pollutant effects and risks, but
may also lead to a clearer picture of the way organisms cope with a range of environmental
stressors.

RESPONSES AT THE BEHAVIORAL LEVEL
Avoidance and Habitat Compression

Fish occupy a three dimensional environment whose maximum boundaries are set by the
geographic extent of the water body they inhabit and the water depth. In practice, the habitable
volume is often significantly smaller than this maximum volume. Factors that influence the
habitable volume include physical parameters, such as temperature, salinity, cover, and dissolved
oxygen, and biological parameters, such as the presence of food items and relative paucity of
predators. The habitable volume is dynamic and changes over time. For example, a change can
occur when portions of the total available volume become temporarily anoxic or hypoxic due to
seasonal stratification or ice cover, or because of eutrophication. The decrease in habitable
volume associated with this type of environmental change has been termed habitat compression
or habitat restriction (e.g. Eby and Crowder 2002).
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There is abundant literature that demonstrates the ability of fishes to detect and avoid
hypoxic conditions. For example, Burleson ef al. (2001) reported that largemouth bass
(Micropterus salmoides) avoided water where oxygen values were less than 25% air saturation.
Eby and Crowder (2002) concluded that 10 estuarine fish species all avoided areas with
dissolved oxygen concentrations <2 mg / L. However, they also noted that this avoidance was
highly dependant on other environmental variables. In other words, behavioral avoidance was,
to a large extent, context dependant.

An example of context-dependent behavioral avoidance occurs when fish venture into
hypoxic areas where they would not otherwise be found in order to feed. Rahel and Nutzman
(1994) observed that mudminnows (Umbra limi) were regularly captured in hypoxic waters at
the bottom of lakes, although caging experiments demonstrated that they could not survive there.
They observed that mudminnows captured from bottom waters had midge (Chaoborus) larvae in
their stomachs, so the fish were entering hypoxic areas for short periods of foraging, even though
they were unable to survive there for extended periods. The authors suggested that feeding in
hypoxic waters may be common when food is a limited resource in surface waters. Fish might
also enter into waters with less suitable oxygen conditions to avoid predators, or because of
temperature constraints.

Fish are able to detect and avoid some pollutants through chemical senses, including
smell. Farr et al. (1995) demonstrated that fathead minnows (Pimephales promelas) could detect
and avoid fluoranthene concentrations down to 14 pg/L. Hansen et al. (1999) found that
salmonids of the genus Onchorhynchus could detect and avoid low concentrations of Cu and Co,
but not high concentrations. They suggested that high concentrations damaged olfactory tissues,
thus preventing detection. Scherer and McNichol (1998) observed behavioral avoidance of Cu,
Pb, and Zn in lake whitefish Coregonus clupeaformis. They also observed that these fish
preferred shade when allowed to choose between shaded and illuminated environments. When
metal ions were injected into the preferred shaded areas, avoidance of these ions was strongly
suppressed, except at the highest concentrations. The latter observation provides another
example of context-dependent behavioral avoidance. Although there have been no studies to
date investigating joint avoidance response to pollutants and hypoxia, this is a logical area for
future investigations, given that avoidance of both anoxia and pollutants can be modified by the
physical and biological environment.

The degree of habitat compression produced by anoxia varies with species, especially
among those that differ markedly in their ability to tolerate low dissolved oxygen levels. Still,
reduction in habitat volume increases interactions, such as predation, by crowding more
organisms into less space. Behavioral response to hypoxia decreases the efficiency of some
predators, but increases susceptibility of prey to others. For example, Breitburg et al. (1994)
found that predation of larval goby (Gobiosoma bosc) by sea nettles (Chrysaora quinquecirrha)
increased with hypoxia, but predation by striped bass (Morone saxitilis) and adult goby
decreased. The latter authors attributed this to different behavioral responses to hypoxia by the
predators: striped bass and adult goby avoided the hypoxic areas whereas sea nettles did not.
Additionally, hypoxia may have impaired the ability of the larval goby to avoid the nettles.
Predation efficiency in some species is also sensitive to hypoxia. Predation efficiency of
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juvenile flounder Platichthys flesus on benthic invertebrates was significantly lower at 20% and
30% oxygen saturation compared with 40% and 100% oxygen saturation (Tallqvist et al. 1999).
Breitburg et al. (1997) observed that changes in predator-prey interactions reflected variation in
physiological tolerance to low oxygen among species and the effects of low oxygen on the
escape behavior of prey, as well as on the swimming and feeding behavior of the predators.

Habitat compression changes interactions, such as predation and competition, and so
affects the dynamics of pollutants in food webs, especially those that biomagnify. For example,
diet shifts and increased availability of prey could increase both growth rate and accumulation of
persistent pollutants, such as organochlorine pesticides or methyl mercury, in predatory fish.
Also, there is evidence that behavioral avoidance of hypoxia is size related. Burleson ef al.
(2001) found that in largemouth bass (Micropterus salmoides), smaller individuals utilized water
with lower oxygen levels better than the larger individuals. Thus, in hypoxic conditions, areas
were open to foraging by small bass that were avoided by large bass. This could impact the
relative growth rates among fish size classes, as well as the accumulation of persistent pollutants.
While speculative, such potential relationships suggest the need for further investigations.

RESPONSES AT THE ORGAN AND TISSUE LEVEL
Gill Function and Morphology

It has long been recognized that there are considerable differences among species in
tolerance to hypoxia and anoxia. For example, consider the difference between large scombrids
like tuna that are obligate aerobes unable to tolerate dissolved oxygen concentrations below near
saturation, and the small cyprinid, Carassius carrasius. The latter is essentially a facultative
anaerobe able to tolerate long periods of hypoxia in ice-capped lakes that are closed-off from the
atmosphere. This ability makes C. carassius a common fish in northern Europe and Asia, and
often the only fish found in eutrophic boreal lakes. Most fish fall between these extremes, and
employ a suite of mechanisms to cope with decreased dissolved oxygen availability in addition
to the behavioral responses noted previously. These include biochemical and physiological
mechanisms evolved to confer tolerance for hypoxic or anoxic conditions, adjustment of
ventilatory parameters, or air breathing.

When dissolved oxygen concentrations decline, some fish are able to partially or
completely switch to aerial respiration. For example, the facultative air-breathing fish,
Hypostomus regani, begins aerial respiration when the oxygen tension in the water falls between
50 and 60 torr (Mattias ef al. 1998), and succumbs to hypoxia if access to the surface is
prevented. There are several anatomically and evolutionarily distinct adaptations for air
breathing in fishes (Graham 1997). Extreme examples include the South American lungfish of
the genus Lepidosiren, an obligate air breather. Lungfishes, including Lepidosiren, have paired
lungs, while other species, such as gars (Ginglymodi) and Bowfin (Halecomorphi), can absorb
atmospheric oxygen by ventilating modified swim bladders. Tarpon (Megalops atlanticus) are
facultative air breathers that also possess a modified swim bladder for aerial respiration.
Juvenile tarpon appear to switch from aquatic respiration to air breathing when pO, falls below
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40 torr (Geiger et al. 2000). Some species of fish are able to gulp an air bubble from the surface
into the buccal cavity and absorb oxygen from it. An example is the black mudfish, Neochanna
diversus, that begins to gulp air at the surface when dissolved oxygen falls below 1-2 mg/L
(McPhail 1999).

There are several broad strategies for coping with environmental hypoxia among fish that
are not capable of aerial respiration. Some fish are oxygen conformers, able to switch to
metabolic pathways that decrease oxygen requirements, such as increased reliance on glycolysis.
Cellular and biochemical responses to accomplish this, and the implications of these responses
for pollutant uptake, accumulation, and effects, are discussed in the next section of this paper.
Other fish are oxygen regulators that employ various strategies to ensure that oxygen delivery to
tissues is resistant to changes in external oxygen concentration. Perhaps the most obvious means
of maintaining O, uptake is to increase the amount of water flowing over the gills when the
oxygen concentration in water decreases. In theory, this could be accomplished by increasing
ventilation frequency, ventilation volume, or both. In practice, increasing ventilation frequency
is energetically expensive and severely constrained by the physical properties of water.
However, many teleosts respond to decreased dissolved oxygen tension by increasing ventilation
volume. This is accomplished without increasing, and in some cases decreasing, ventilation
frequency, and the net result is increased delivery of water to the gills. Tilapia (Oreochromis
sp.) progressively increase ventilation volume without changing ventilation frequency with
progressive hypoxia (Shezifi et al. 1997). Some teleosts also employ mixed strategies to cope
with decreasing pO,. For example, turbot (Scophthalmus maximus) increase ventilation volume
as pO2 decreases, and at very low concentrations of dissolved oxygen transition to anaerobic
metabolism, resulting in liver glycogen depletion and lactate production (Pichavant et al. 2002).

It should be noted that, in addition to increasing oxygen delivery to the gills, many fish
also have adaptations to enhance oxygen delivery to tissues. Mechanisms include increased
hematocrit (increased volume of red cells in the blood), and modifications to oxygen binding
proteins such as hemoglobin. Wells et al. (1997) observed differences in fish hemoglobin
properties related to fish tolerance to hypoxia and exploitation of aerial respiration. Some fishes
with high tolerance to hypoxia possess multiple, biochemically distinct forms of hemoglobin that
differ in oxygen affinity; examples include the South African mudfish, Labeo capensis (Frey et
al. 1998), and New Zealand triplefins (Tripterygiidae, Brix ef al. 1999). These multiple
hemoglobin isoforms enhance oxygen binding over a range of environmental conditions.

Changes in gill ventilation in response to anoxia can have important implications for
contaminant uptake and accumulation. For example, uptake of some organic chemicals by
rainbow trout, Onchorhynchus mykiss, was dependant on changes in gill flow rates in response to
hypoxia (Schmieder and Weber 1992). Uptake of a hydrophobic compound (decanol) increased
with water flow, while accumulation of a hydrophilic compound (butanol) did not. This has
implications for pharmacokinetic-based models of the uptake of polar and nonpolar compounds
in fish (Erickson and McKim 1990) where uptake rates may be limited by water flow. McKim et
al. (1999) measured changes in respiratory parameters and xenobiotic gill fluxes in lake trout
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(Salvelinus namaycush). For chemicals with octanol-water partition coefficients (K, ) between
3 and 6, increased ventilation volume, caused by hypoxic conditions, shortened the time
necessary to reach steady state concentration in tissues, and reduced the time required to
accumulate a toxic dose of these waterborne chemicals.

While many fishes respond to hypoxia by increasing the water volume passing over their
gill, this is not necessarily the case for fish that can switch to partial or complete aerial
respiration. However, regardless of anatomical adaptations, air breathing fish still maintain some
gill ventilation activity during hypoxia. Gills are multifunctional organs, responsible for
excretion of metabolic wastes (ammonia and carbon dioxide) and osmotic and ionic regulation,
in addition to oxygen uptake. Even when the organism is relying on air as an oxygen source,
these other gill functions must continue. It has long been recognized that the capacitance for
carbon dioxide is much higher in water than in air, so water represents an almost infinite sink for
CO; excreted at the gill. Likewise, gill ventilation maintains an essential excretion pathway for
nitrogenous wastes. Teleost fish do not produce urine, but instead void nitrogenous wastes as
ammonia via the gill. Teleosts also maintain a state of ionic and osmotic disequilibrium with
their environment. That is, the body fluids of freshwater fish have much higher concentrations
of essential ions such as Na", Ca®" and CI than the water surrounding the fish and flowing over
the gills. This situation is reversed in marine fish, where environmental concentrations of
essential ions exceed concentrations in plasma and other fluids. Thus, freshwater fish face
problems of passive ion loss by diffusion and uptake of water by osmosis, whereas marine fish
experience these fluxes in the opposite direction. These passive ion fluxes are countered by
active ion pumping by specialized cells in the gill and by adaptations to decrease passive
permeability, particularly at intercellular junctions. Obviously, all of these functions will be
affected to some extent by major alterations in gill ventilation volume.

Fluxes of ions and respiratory gases at the gill can modify the chemistry of the inspired
water so that conditions in the region near the gill are quite different from those in the
surrounding water. In poorly buffered freshwater, the excretion of metabolic wastes can cause
substantial changes in pH as water passes across the gill (Playle and Wood 1989a). These shifts
in pH can change speciation of metals and affect solubility and metal-gill binding properties
(Playle and Wood 1989b, Playle ef al. 1992). In some cases, decreased solubility can lead to
metal precipitation on the gill, with an associated decrease in gas exchange capacity (Playle and
Wood 1991). Under hypoxic conditions, where acquiring sufficient oxygen is already a problem,
such precipitation would cause additional stress to fish. Precipitation and accumulation of
material at the gill is often accompanied by increased mucus production as a protective
mechanism; mucus thickening and clogging of interlamellar spaces can further reduce water
flows and the effective gill surface area.

It is common to see references to “the gill membrane” in the literature, as though gills are
simple membrane monolayers separating the interior of the organism from the environment. In
fact, the teleost gill epithelium is composed of a variety of cell types that can be several layers
thick. Cells contacting the surface include pavement epithelial cells, mucous cells, and chloride
cells. The latter are rich in Na'/K" ATPase and are involved in active ion transport. Internal
layers include pillar cells, neurons, rodlet cells, and dividing, undifferentiated cells that mature
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into one of the more differentiated cell types. It is important to emphasize that the gill
epithelium is a dynamic system, undergoing continual cell loss, renewal, and differentiation.
Most gas exchange occurs along the secondary lamellae that are normally covered by thin,
squamous pavement cells. Immediately under these cells, capillaries of thin endothelial cells
facilitate oxygen uptake by circulating blood in close proximity to the external water.
Environmental conditions can modify this arrangement, causing the lamellar epithelium to
thicken by hyperplasia, hypertrophy, edema, or some combination of these.

Gill epithelial thickness is a major factor impacting both diffusion of oxygen between
inspired water and blood and the passive fluxes of ions along diffusion gradients. It may be
useful here to reverse our initial question about the impacts of hypoxia on pollutant exposure and
toxicity, and instead consider the impacts of responses to low pH and certain metals on
susceptibility to hypoxia. In freshwater fish, the increased functional surface area of the gill that
facilitates oxygen uptake also increases passive ion loss, a tradeoff sometimes called the
osmoregulatory compromise (Gonzalez and McDonald 1992). Low pH and/or toxic
concentrations of some metals increase passive ion losses (Witters ez al. 1992, Wood 1992,
Grippo and Dunson 1996) that can be compensated, to some extent, by increasing the active
uptake of ions. Increasing uptake involves increasing the number of ion transport sites that is
accomplished by increasing the number of chloride cells. This results in physical thickening of
the epithelia as cells proliferate, subsequently decreasing gas exchange capacity and depressing
arterial pO, (Bindon et al. 1994). This response can cause a decreased ability to acquire oxygen,
so fish exposed to metal stresses may be at a considerable disadvantage if environmental oxygen
concentrations decrease. Given the interplay between responses to ionoregulatory stress and
oxygen uptake, it is likely that fish exposed to elevated concentrations of trace metals such as Al,
Be, Cu, Hg, or Zn are more susceptible to hypoxia than unexposed fish. Investigation of
responses to these multiple stressors, differences in susceptibility among size classes, life stages,
or species, and how these responses relate to changes in population or community structure with
chronic exposure would all be fruitful areas for future research.

RESPONSES AT THE CELLULAR AND BIOCHEMICAL LEVEL
Protein Turnover and Cell Defenses

A variety of processes can damage proteins or cause them to become nonfunctional.
These processes include reactions with intracellular metals or reactive oxygen species,
misfolding or substitution of amino acids, and pH conditions that affect hydrogen bonds and alter
primary or quaternary structures. In most cases, damaged proteins are not repaired. Instead,
they are broken down and reconstructed using amino acids derived from the diet and the
breakdown of somatic protein. These degradation and synthesis processes consume cellular
resources, such as amino acids and energy, but are essential in maintaining homeostasis and
allowing flexible responses to injury, starvation, toxicant exposure, and other stressors.
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Protein synthesis and degradation account for a large fraction of the energy consumed
during basal metabolism. In hepatocytes, the main energy sinks under normoxic conditions are:
1) protein synthesis; 2) protein degradation; 3) Na'/K" pumping; 4) urea biosynthesis; and 5)
glucose biosynthesis; together, these account for essentially 100% of the ATP production
expected from oxygen consumption (Hochachka and Lutz 2001). A number of studies have
attempted to estimate the fraction of basal metabolism due to protein synthesis and degradation
in animals. Estimates range from 10-80%, with higher values in mammals and lower values in
poikilotherms (Hawkins 1985, Aoyagi ef al. 1988, Houlihan ef al. 1990, Land ef al.1993, Fuery
et al. 1998). Estimates for fish range from 10-40% (Houlihan ef al. 1988, Carter et al. 1993).
There are also considerable differences among tissues and environmental conditions, and with
the nutritional status of the organism.

Hochachka and Lutz (2001) argue persuasively that, among animals tolerant to prolonged
exposure to low oxygen concentrations, the first line of defense against hypoxia is the
maintenance of stable adenylate concentrations by coordinated suppression of ATP supply and
demand pathways. Suppression of these pathways results in a significantly reduced rate of ATP
turnover. Decreased ATP production results from increased reliance on glycolytic pathways that
do not require oxygen, and decreased reliance on the Krebs cycle. The net result is a lower yield
of ATP per unit of metabolized glucose. Decreased ATP demand results from alterations in
membrane permeability and neuron firing frequency (resulting in lower energy demands for ion
pumping), and from a large decline in protein turnover (Hochachka and Lutz 2001).

A number of recent studies support the idea that protein turnover is greatly reduced under
hypoxic or anoxic conditions. Fraser et al. (2001) reported that protein synthesis decreased
below measurable levels in heart, lungs, liver, brain, intestine, and muscle of slider turtles
(Trachemys scripta elegans) after one to six hours of anoxia exposure. Mente ef al. (2003)
concluded that protein synthesis in the crab Carcinus maenas was limited by arterial pO, after
observing that low pO, blocked protein synthesis after feeding. This blockage, however,
progressively dissipated as water (and arterial) pO, increased. Smith ef al. (1999) found that
crucian carp (Carassius carassius) reduced protein synthesis in liver, heart, and red and white
muscle with anoxia, but not in brain tissue. It is important to note that these studies measured
gross protein synthesis by incorporation of labeled amino acids, and that this technique cannot
determine protein breakdown during the experimental period if the labeled amino acid is
recycled into new protein. While protein turnover is a dynamic interaction of synthesis and
degradation rates, the decreased incorporation of labeled amino acids is consistent with
decreased net turnover.

Cellular responses to pollutants or other xenobiotics often involve induction of defensive
proteins and/or up-regulation of enzymatic pathways that detoxify, sequester, or eliminate toxins.
Examples include: induction of CYP1A (cytochrome p450:1a) and EROD (7-ethoxyresorufin-
O-deethylase) to metabolize organic pollutants such as polyaromatic hydrocarbons (PAHs);
induction of molecular chaperones such as heat shock proteins in response to a variety of
stressors; increased concentrations of intracellular glutathione upon oxidative stress; and
increased intracellular concentrations of metallothionein upon metal exposure. In some
circumstances, pollutant stress depletes cellular protein stores, necessitating protein synthesis
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as a recovery response. As an example, glutathione reserves can be depleted upon exposure to
oxidative substances. Under hypoxic conditions where protein synthesis is down-regulated, the
ability of animals to carry out defensive responses that require synthesis of new protein can be
compromised.

In contrast to the decrease in protein synthesis that accompanies anoxia or hypoxia, there
is evidence that some stresses associated with pollutant exposure increase protein turnover.
Wilson et al. (1996) found that exposure to Al at low pH increased rates of both protein synthesis
and degradation in gills of juvenile rainbow trout. They suggested this might represent a chronic
cost of gill repair or an ongoing acclimatory process. Reid et al. (1998) observed that juvenile
rainbow trout exposed to 70 uM ammonia in hard water increased rates of gill protein synthesis.
However, decreased rates of protein synthesis were observed in gills of rainbow trout exposed to
low pH alone (Wilson et al. 1996, Reid et al. 1997). In all of the above studies, dietary ration
and temperature were also identified as key variables influencing protein turnover.

While protein turnover has traditionally been measured by injecting captive animals with
H-labeled amino acid and measuring its incorporation into tissues, recent work suggests an
alternate method that may be applicable to free-living animals. The ratio of nitrogen isotopes
N /1N, expressed as 8'°N, can be used as an indicator of trophic status because amine groups
bearing '*N are deaminated or transaminated at faster rates than those containing '°N. This
results in an increase in 8'°N of about 3-5 o/oo (per mil) with each trophic level (DeNiro and
Epstein 1981). Similarly, 8"°N increases in animals on protein limited diets due to preferential
retention of "N from catabolized protein, and so can serve as an index of nutritional status
(Hobson et al. 1993). These observations suggest that 8'°N might also be a useful index of
relative protein turnover rates among tissues or with different environmental conditions,
including pollutant stress (Shaw-Allen 2002). Several studies support this idea, including the
observation that 8'°N can be enriched up to 50 /oo in plants exposed to ozone in the laboratory
(Hofmann ez al. 1997). Most recently, Shaw-Allen (2002) found 8'°N increased in tissues of
snowy egrets (Egretta thula) fed a diet high in methylmercury compared to those receiving a
control diet. She also found that 8°N increased in the acid soluble protein fraction (which
includes metallothionein and glutathione) in livers of largemouth bass (Micropterus salmoides)
fed a high mercury diet relative to controls. This observation suggests an increased rate of
protein turnover in this fraction (Shaw-Allen 2002). These results are consistent with the
concept that certain pollutants cause an increase in protein turnover as cellular defenses are
marshaled. In contrast, hypoxia and anoxia would be expected to cause relatively lower '°N
ratios in tissues due to decreased protein synthesis. This suggests that caution should be used
when interpreting 8'°N ratios in animals that have experienced chronic anoxia or hypoxia,
whether for the purposes of assessing responses to pollutant stress, or for evaluation of trophic
position or nutritional status.

To further illustrate protein turnover responses to pollutant exposure, consider the
induction of glutathione (GSH) and metallothionein (MT), two proteins involved in cellular
defense responses to a number of pollutants. Both MT and GSH are small, acid-soluble peptides
composed entirely of non-essential amino acids. MT is typically composed of 60-68 amino acid
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residues, including about 20 cysteines; it binds and regulates essential trace metals such as Cu
and Zn, and also has a high affinity for non-essential toxic metals such as Hg, Ag, and Cd (Kagi
1991). GSH is a tripeptide (glutamic acid, cysteine, and glycine) that acts as a non-enzymatic
reducing agent to neutralize reactive oxygen species and bind metals (Cnubben et al. 2001).

The potential for reactive oxygen species to react with and damage macromolecules such
as DNA has been well documented. Cells have evolved defenses against oxygen radicals,
including enzymatic systems, such as superoxide dismutase and peroxidase, and non-enzymatic
systems, such as GSH. The level and redox status of GSH respond to hypoxia and oxygen
supersaturation in fish (Ross et al. 2001), and recovery from hypoxia or exposure to high
concentrations of dissolved oxygen can increase concentrations of tissue GSH and activities of
enzymes involved in its synthesis and cycling. GSH concentrations in fish tissues also increase
in response to exposure to some metals, including Pb and Cd (Thomas and Juedes 1992, Schlenk
and Rice 1998). Defenses against oxidative DNA damage also include induction or activation of
DNA repair enzymes. All of these responses are impacted by alterations in protein synthesis due
to hypoxia. Liepelt ef al. (1995) exposed rainbow trout to hypoxic, normoxic, and hyperoxic
conditions and observed that frequencies of single-strand breaks in DNA increased in both
hypoxic and hyperoxic treatments. While such increases under hyperoxia could be due to
increased concentration of reactive oxygen species, increases under hypoxia are consistent with
the idea that defensive responses are suppressed.

Tissue MT concentrations in fish increase in response to exposure to a variety of metals,
including Zn, Cd, Hg, and Ag (Roesijadi 1992, Cosson 1994, Schlenk et al. 1995). Also, there is
evidence for increased MT concentrations in response to hypoxia in mammalian tumor cells
(Raleigh et al. 1998), although the functional role of this increase remains cryptic. While there
are no studies to date regarding the joint effects of hypoxia and toxic metals on MT and GSH
responses in fish, known effects of oxygen deprivation on protein synthesis suggest that
increases of GSH and MT in response to metal exposure could be delayed or blocked by hypoxic
or anoxic conditions. If pollutants cause depletion of GSH reserves, such depletion could be
more profound under low oxygen conditions. In the same manner, other responses that involve
synthesis of new proteins, such as repair of cellular damage, increased enzymatic activities of
Na'/K" ATPase, or the induction of detoxifying systems, might be impaired by the down-
regulation of protein turnover accompanying hypoxia.

Finally, Wu ef al. (2003) recently found that hypoxia impaired reproductive function in
fish, including decreased gonadal development and spawning success. They reported that
hypoxia decreased serum triiodothyronine, estradiol, and testosterone and suggested hypoxia-
induced decreases in expression of cytochrome p450 as a possible mechanism. Regardless of the
exact mechanism, this finding is also consistent with the concept of hypoxia-induced down-
regulation of protein synthesis. Additionally, hypoxia-induced suppression of the p450 pathway
would impact responses to xenobiotics that are metabolized by this pathway (Kim and Sheen
2000). This latter statement emphasizes an important consideration when interpreting responses
to potential endocrine disruptors in the environment: chronic exposures to hypoxia and other
stressors must be considered when establishing causal relationships between endocrine
disruption and xenobiotic exposure.
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CONCLUSION

In most field situations, fish are likely to experience multiple stressors in a complex
environment. Given the widespread distribution of eutrophic and hypoxic environments,
combined with ongoing discharges of metals through mining and industrial operations, there is a
good chance of overlapping exposures to both these conditions. While the interactions of
hypoxia and trace pollutants, such as heavy metals, are often poorly understood, recent work in
diverse fields suggests possible responses at multiple levels of biological organization.
Knowledge of these interactions and responses can improve assessment of risks and our
understanding of the consequences of pollutant exposures in complex, real-world environments
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HOW MIGHT HYPOXIA AFFECT METAL SPECIATION, ACCUMULATION AND
TOXICITY - SOME SPECULATION

Peter G.C. Campbell'

ABSTRACT

The Free-lon Model, and its derivative the Biotic Ligand Model (BLM), are designed to
predict how (dissolved) metals interact with, and eventually affect, aquatic organisms. Given a
reasonably complete set of water quality parameters (e.g., total dissolved metal concentrations,
pH, [Ca], [Mg], [CO5™], [SO4*], [CI], [dissolved organic matter]), it is now possible to predict
the toxicity of many metals to common (freshwater) test species. However, virtually all these
fish studies have been carried out in the laboratory, under well-oxygenated conditions. How
might hypoxia affect these relationships? To explore this question, we considered two aspects:
(1) redox chemistry associated with the development of hypoxia, and its effects on metal
speciation and bioavailability; and (ii) respiratory response associated with decreased dissolved
oxygen concentrations, and its effects on metal uptake.

The development of reducing conditions may affect the metal itself (e.g., Fe, Mn, Cu,
Hg) and the nature of the metal-binding ligands present in the water column (e.g., SO4 — S,05>
— S¥). Hypoxic layers often overlie truly anoxic conditions, and thus are subject to a continual
influx of reduced metal species such as Fe(Il) and Mn(II), leading to marked increases in their
aqueous concentrations and raising the possibility that Fe or Mn can compete with toxic metals
for uptake. For a redox-sensitive trace metal such as Hg, the development of hypoxic conditions
can lead to a change in oxidation state, e.g. Hg(Il) — Hg(0), with obvious implications for the
bioavailability and inherent toxicity of the metal. Hypoxic conditions also influence the redox
chemistry of sulfur. Sulfate reduction can give rise to various metastable intermediates,
including thiosulfate and more reduced forms of sulfur, including polysulfides and sulfide
clusters. The tendency of these forms to react with metals increases markedly as the sulfur
becomes more reduced (i.e., Kv-sos < Km-s203 < Kms). Thus, even the speciation of redox-
insensitive metals can be affected by the development of hypoxia. The overall implications of
these changes on metal uptake and toxicity are discussed.

In addition to the redox chemistry associated with the development of hypoxia, there are
also biological consequences of decreased ambient oxygen concentrations. Low dissolved
oxygen levels are known to affect the ventilation rates of filter-feeding organisms and fish, and
thus the rate at which water is moved past the gills. Within the construct of the BLM, it is
(tacitly) assumed that metal uptake and toxicity are unaffected by ventilation rates. Examples
from the literature are used to examine the validity of this assumption.

! Université du Québec, Institut national de la Recherche scientifique, INRS-ETE, C.P. 7500, Ste-Foy, Québec,
Canada G1V 4C7
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INTRODUCTION

Hypoxia® is not uncommon in freshwater ecosystems. Low oxygen conditions are found
in eutrophic lakes subject to stratification (where the hypolimnion will often become anoxic
during summer, leading to hypoxic conditions in the metalimnion), in lakes in northern climates
during late winter (where there is minimal re-oxygenation under ice cover), and in freshly
flooded reservoirs (where the biodegradation of terrestrial organic matter leads to an increased
benthic oxygen demand). Similarly, running waters that receive large inputs of biodegradable
organic matter typically develop hypoxic conditions in the mixing zone downstream. Such
conditions of oxygen deficit are particularly prevalent in slow-moving, low-gradient rivers in
summer months, where they can experience marked diurnal fluctuations.

Given the high incidence of hypoxia in freshwater systems, it seems worthwhile to
explore how the presence of hypoxic conditions might affect the bioavailability of trace metals to
aquatic organisms. Metals of concern are those that exist in natural waters as dissolved cations
(e.g., Cd, Cu, Fe, Mn, Zn); we will not deal with metalloids such as As or Se, nor with oxyanions
such as CrO4, M0oO4 or VO4. First, we will review how metals interact with aquatic organisms,
then present the Biotic Ligand Model (BLM) approach and outline current thinking about how
metal speciation affects metal bioavailability. In the second section, we will consider the redox
chemistry associated with the development of hypoxia and its effects on metal speciation and
bioavailability. The final section is focused on the physiological / respiratory response
associated with the development of hypoxia and its effects on metal uptake.

BIOTIC LIGAND MODEL

The Biotic Ligand Model (BLM) is designed to predict how (dissolved) metals interact
with, and eventually affect, aquatic organisms (Di Toro et al. 2001, Gorsuch et al. 2002). The
basic premise underlying the model is that a metal must first interact with an external biological
membrane if it is to accumulate within an organism and/or provoke a biological effect. For
water-breathing aquatic organisms and waterborne metals, the gill will normally be the primary
uptake site and, in addition, will often be the site of toxic impact (Wood 2001). This metal-gill
interaction can be envisaged as a surface complexation reaction, involving the metal and a range
of potential binding sites. These sites can be divided into two classes: physiologically inert sites,
where the metal can "collect" without inducing any toxicity, and physiologically active sites,
where metal binding leads to deleterious effects. In this latter case, metal binding can directly
affect the organism's metabolism if the binding site corresponds to a membrane-bound ion
transporter, or indirectly, if the bound metal is subsequently transported across the plasma
membrane into the gill. Once within the gill, the metal can interact with a variety of intracellular
sites, resulting in either positive or negative consequences.

? Hypoxia defined as conditions with low ambient dissolved oxygen concentrations, e.g. [0,] <2 mg/L.
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Within this general model (Figure 1), the interaction of a waterborne metal with an
aquatic organism will involve the following steps: (i) diffusion of the metal from the bulk
solution to the gill surface; (ii) sorption/surface complexation of the metal at passive binding
sites within the protective layer (e.g., mucus), or at sites on the outer surface of the apical gill
membrane; and (iii) uptake or "internalization" of the metal (transport across the apical
membrane, followed in many cases by transport across the basolateral membrane and entry into
the circulatory system). Given this construct, one normally makes a number of simplifying
assumptions (Campbell 1995, Van Leeuwen 1999, Di Toro ef al. 2001):

a. metal transport in solution towards the gill membrane, and the subsequent surface
complexation reaction occur "rapidly"”, such that an equilibrium is established between
metal species in the bulk solution and those at the biological surface ("rapid" = faster than
metal uptake, faster than the expression of the biological response);

b. the plasma membrane is the primary site for metal interactions with living organisms
(i.e., the "physiologically active" sites referred to earlier are embedded in the plasma
membrane), and this interaction occurs via a ligand exchange reaction, yielding M-X-gill,
(Figure 1, equilibria K, or K3);

c. the biological response, whether it be metal uptake or toxicity, is dependent on the
concentration of the M-X-gill surface complex {M-X-gill}; in those cases where X-gill
corresponds to a membrane transport site, metal internalization involves cation transport;

d. variations of {M-X-gill} as a function of [M”'] in solution follow a Langmuir-type
adsorption isotherm; provided the concentration of free sites { X-gill} remains relatively
constant in the range of metal concentrations of interest, variations in {M-X-gill} will
follow those of [M”'] in solution;

e. during exposure to the metal of interest, the nature of the gill surface remains constant
(i.e., the metal does not induce any changes in the nature of the plasma membrane).

If these assumptions are valid, then at constant pH and constant hardness the biological
response of the exposed organism should vary as a function of the free-metal ion activity in the
exposure solution. Indeed, in the first formal presentation of this conceptual model of metal-
organism interactions, Morel (1983) suggested that "the most important result to emerge is the
universal importance of the free-metal ion activities in determining the uptake, nutrition and
toxicity of all cationic trace metals." Recent results suggest the need to attenuate this statement
(e.g., Campbell et al. 2002), but nevertheless, the importance of the free-metal ion activity as a
predictor of metal bioavailability remains indisputable.’

* In hindsight, the use of the expression "Free-Ion Activity Model", or "Free-Ion Model", to describe metal-
organism interactions was perhaps regrettable, since it focused attention on the free-metal ion alone, to the
exclusion of other factors such as pH and water hardness ([Ca”'], [Mg”']) that are also known to affect metal
bioavailability. One of the advantages of the Biotic Ligand Model is that it subtly shifts the emphasis from the
exposure solution to the biological receptor, i.e. from the free-metal ion activity in solution to the biotic ligand to
which the metal binds (i.e., {M-X-gill} or {M-X-membrane}).
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Gill-Metal Interactions
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Figure 1. Conceptual model of gill-metal interactions. M*" = free-metal ion; ML = metal
complex in solution; K; = equilibrium constant for the formation of ML;
M-X-membrane = surface metal complex; k¢, ki = rate constants for formation of the
surface complex; kq, kq' = rate constants for dissociation of the surface complex; kiy =
rate constant for "internalization" or transport of the metal across the biological
membrane. Charges on ligand not shown for simplicity. [Modified from Campbell 1995].

Many early insights in this area came from studies with marine and freshwater algae
(Campbell 1995), but in recent years researchers have shown that a similar approach can be
applied to predict acute toxicity of metals to fish (Gorsuch et al. 2002). Given a reasonable set
of water quality parameters (e.g. total dissolved metal concentrations, pH, [Ca], [Mg], [SO4*],
[COs™T, [CIT], dissolved organic carbon concentration), it is now possible to predict the toxicity
of many metals to common freshwater test species (Table 1). However, all these fish studies
were carried out in the laboratory, under well-oxygenated conditions. How might the
development of hypoxia affect these relationships? To explore this question, we will consider
two aspects: (1) the redox chemistry associated with the development of hypoxia, and its effects
on metal speciation and bioavailability; and (ii) the respiratory response associated with the
development of hypoxia, and its effects on metal uptake and toxicity.
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Table 1. Summary of metals for which the "Biotic Ligand Model" approach has been developed.

Metal Organism
Ag rainbow trout
(Oncorhynchus mykiss)

daphnid
(Daphnia magna; D. pulex)

Cu rainbow trout
(O. mykiss)
fathead minnow
(Pimephales promelas)
daphnid
(D. magna)

daphnid

(D. pulex; Ceriodaphnia dubia)
unicellular alga
(Pseudokirchneriella subcapitata)

Ni fathead minnow
(P. promelas)

Pb rainbow trout
(0. mykiss)

Zn rainbow trout
(O. mykiss)
fathead minnow
(P. promelas)
daphnid
(D. magna)
unicellular alga
(P. subcapitata)

Reference
McGeer et al. 2000
Schwartz and Playle 2001
Paquin ef al. 2002
Bury et al. 2002

Remarks

MacRae et al. 1999
Di Toro et al. 2000
Santore et al. 2001

includes field
validation

De Schamphelaere and
Janssen 2002, De
Schamphelaere ef al. 2002
Santore et al. 2001

De Schamphelaere et al.
2003

Pyle et al. 2001
Meyer et al. 1999

larval stage

MacDonald et al. 2002

Santore et al. 2002
Santore et al. 2002
Santore et al. 2002

Heijerick et al. 2002a
Heijerick et al. 2002b

REDOX CHEMISTRY

Although the redox potential of a water body can be a useful qualitative characterization
of a system, there is no single system redox potential that represents all various redox couples.
Oxygen is the ultimate electron acceptor in waters containing even less than 1 mg O, L. A
measure of its tendency to oxidize other solutes is given by the pe of the oxygen/water couple:
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% 0, +H + e =% H,0; pe® =20.75
AtpH 7 and poy = 1077
pe =pe® —log {1/ [(Po2)"* x (HN]} = 13.6 (i.e., pe = 20.6 - pH)

In anoxic systems the redox potential will normally be governed by the oxidation/reduction
reactions of sulfur. Turner et al. (1981) defined the lower pe limit for such waters by the
expression:

pe=(34-9 pH)/8

However, because of rather slow reaction kinetics, the redox potentials calculated from
the various couples of redox-sensitive elements rarely show any direct relationship with oxygen
concentrations. In effect, the rates of transformation between different oxidation states are
highly variable (often much slower than the rates of complexation/dissociation reactions), and
they are often strongly affected by such environmental factors as temperature, pH, UV
irradiation, the presence of catalytic surfaces, and the concentration/nature of the dissolved
organic matter present. A key point is the interplay between the time scales for physical mixing
(advection) and chemical reactions (oxidation / reduction) (see discussion in Morgan and Stone
1985).

Metals

The development of reducing conditions can affect the metal itself (e.g., Fe, Mn, Cu, Hg)
and the nature of the metal-binding ligands present in the water column. We will consider first
the metal itself. For Fe and Mn, oxidation and/or reduction rates have been determined under
typical environmental conditions, either in the laboratory (simulated conditions) or in field
experiments. These experiments reveal important differences in the redox chemistries of Fe and
Mn: reduction of Mn(IV) oxides to dissolved Mn(II) occurs at higher redox potentials (i.e.,
higher O, concentrations) than does the Fe(III) to Fe(II) reduction; when oxygen is reintroduced
into the system, the oxidation of dissolved Fe(II) to particulate Fe(IIl) occurs much more rapidly
than does the oxidation of Mn(II) to Mn(IV) oxide. As a result of these differences, Fe and Mn
have different temporal and spatial distributions in systems that undergo fluctuating oxygen
depletion events (Sholkovitz 1985).

There is, however, a further complication. In the laboratory under axenic conditions, the
oxidation-reduction reactions of Fe and Mn often exhibit slow reaction kinetics. In nature,
however, these reactions are often mediated by micro-organisms and consequently can be
accelerated. These kinetic uncertainties make metal speciation particularly difficult to predict
under hypoxic conditions. In general terms, one might anticipate reduction of Mn(IV) to Mn(II)
and Fe(III) to Fe(Il), leading to marked increases in their aqueous concentrations and raising the
possibility that they compete with toxic metals for uptake. As mentioned previously, Mn(II) is
only slowly re-oxidized and tends to persist longer than Fe(II) under hypoxic conditions.
Hypoxic layers often overlie truly anoxic conditions, and thus are subject to a continual influx of
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reduced species such as Fe(Il) and Mn(II). The re-oxidation of Fe(Il) to amorphous Fe(III)
oxyhydroxides will generate colloidal and particulate material that, in turn, will tend to adsorb
various cationic species and remove them from solution (cf. studies on the environmental
impacts of dredging; Brannon et al. 1980).

For a redox-sensitive trace metal such as Cu or Hg, the development of hypoxic
conditions leads to a change in oxidation state, e.g. Cu(Il) — Cu(I) or Hg(II) — Hg(0), with
obvious implications for the bioavailability and inherent toxicity of the metal (see Table 2).
However, for these metals very few pertinent kinetic data are available (for Hg, see Amyot et al.
1997, Morel et al. 1998).

Table 2. Influence of the oxidation state of metals on their geochemical mobility and
bioavailability (adapted from NRCC 1988).

Mobility / bioavailability

Metal ranking Remarks

Fe Fe(II) >> Fe(III) Fe(III) species insoluble; if present, Fe(IIl) competes
strongly for available ligands

Mn Mn(II) >> Mn (1V) Mn(IV) species highly insoluble; Mn(II) persistent in
(sub)oxic environments

Cu Cu(I) ~ Cu(II) Cu(I) highly polarizable ("soft" cation); high affinity for
reduced sulfur

Hg Hg(0) >> Hg(II) Hg(0) volatile, lost to atmosphere; Hg(II) highly
polarizable ("soft" cation) with high affinity for reduced
sulfur

Cr Cr(IIT) << Cr(VD) Cr(IIT) strongly adsorbed; very low dissolved

concentrations; Cr(VI) exists as oxyanion, in solution

Ligands

In addition to affecting metal geochemistry per se, the development of hypoxic
conditions also influences the nature of metal-binding ligands present in the water column. Of
particular interest are the various sulfur-containing ligands (e.g., SO4 — S,05* — S%). Sulfate
reduction can give rise to various metastable intermediates, including thiosulfate (82032') and
more reduced forms of sulfur, including polysulfides and sulfide clusters. The tendency of these
forms to react with metals increases markedly as the sulfur becomes more reduced (i.e., Ky.sos <
Kys203 < Kis). Sulfate itself forms only weak, outer-sphere complexes with cationic
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metals, but thiosulfate and sulfide form stable, inner-sphere complexes. These latter complexes
are particularly important for polarizable (i.e., "soft" or "class B") cations such as Ag, Cd, and
Hg.

Although sulfate reduction will not occur until all the ambient oxygen has been
consumed, the products of sulfate reduction will often be present under suboxic conditions. As
was discussed previously in the case of Mn(II) and Fe(II), hypoxic and anoxic environments
often are juxtaposed, and the hypoxic compartment is subject to a continual influx of reduced
species from the anoxic layer. Until recently, geochemists generally assumed that the lifetime of
sulfides in oxic environments was very short. It is now recognized, however, that some fully
reduced sulfur(Il) species persist for long periods in oxic natural waters, despite their inherent
thermodynamic instability in the presence of oxygen (Rozan et al. 1999, 2000). The precise
nature of these species remains controversial, but laboratory experiments suggest that their
stability in the presence of oxygen is due to their association with zinc or other metals, i.e. free
sulfide is rapidly oxidized in the presence of oxygen, but only very slowly in the presence of
such metals as Cu and Zn (Wang et al. 2003).

The steady-state concentrations of these reduced sulfur species, measured in oxic surface
waters and expressed nominally as [S*], appear to be sufficient to interact with ambient levels of
mercury, silver, cadmium, copper and zinc (Rozan et al. 2000, Smith ef al. 2002, Bianchani and
Bowles, 2002). Thus, the speciation of "soft", redox-insensitive trace metals is also affected
indirectly by the development of hypoxia.

Physiological/Biological Consequences

What are the biological consequences of the geochemical changes described in the
previous section? From a purely geochemical point of view, one could argue that suboxic
conditions will normally lead to decreased metal bioavailability because of the following factors:
(i) the presence of metastable cationic reduced species, such as Fe*" and Mn”", will compete with
the trace metals for binding to the "biotic ligand" and thus render the trace metals less
bioavailable; (ii) the oxidation of the reduced forms of Fe and Mn, yielding particulate Fe and
Mn oxyhydroxides, will tend to scavenge trace metal cations from the solution (analogous to
dredging operations) and thus reduce their bioavailability; or (iii) the persistence of reduced
sulfur species, e.g., as polysulfide clusters (possibly coated with, or buried within, natural
organic matter), will also tend to scavenge "soft" metals from the solution. The best examples of
effects (i1) and (ii1) come from the sediment dredging literature, where studies in the plume
downstream from an active dredging operation consistently show decreased concentrations of
dissolved trace metals relative to the conditions upstream (Peddicord, 1987).

There are, however, at least two instances where suboxic conditions might result in
enhanced metal bioavailability. Such an effect might be observed if the changes in metal
speciation induced by hypoxia favor metal bioavailability / uptake (e.g., by association with
thiosulfate as a rogue ligand), or if the higher ventilation rates associated with hypoxia favor
metal uptake. We will discuss these two examples in the final section.
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EFFECTS OF METAL SPECIATION ON METAL UPTAKE
Thiosulfate

As described in the BLM section of this paper, in aquatic toxicology it is generally
accepted that complexation of a metal leads to a decrease in its bioavailability. In effect, most
dissolved ligands that bind metals form hydrophilic complexes, ML,", and in such systems metal
uptake, nutrition, and toxicity normally vary as a function of the concentration of the free-metal
cation in solution. Exceptions to this simple model of metal toxicity generally involve ligands
that form lipophilic complexes, ML, that can bypass normal metal transport mechanisms and
cross biological membranes by simple diffusion. However, a number of intriguing metal toxicity
experiments have also been reported in the literature where the metal's "residual” bioavailability
in the presence of hydrophilic ML," complexes exceeded that which would have been predicted
on the basis of the free-metal ion concentration at equilibrium.

Most of these latter exceptions to the BLM involve assimilable organic ligands, and this
has led to the suggestion that "accidental" metal transport may occur in their presence (i.e., the
ligand is assimilated as a metal-ligand complex and the metal "comes along for the ride"). In
principle, uptake of intact hydrophilic metal-ligand complexes could also occur with inorganic
ligands such as chloride or sulfate / thiosulfate. Uptake systems for such essential nutrient
anions exist at biological interfaces; if these transport systems could be "fooled" into binding and
transporting the intact metal-anion complex, then the metal would find its way into the cell
"accidentally". We recently demonstrated such "accidental" uptake of the Ag-thiosulfate
complex by freshwater unicellular algae (Fortin and Campbell 2001).

The binding of Ag by thiosulfate (AgS,05, Ag(S:05),>: log K, = 8.82, log B, = 13.50)
reduces the free Ag" concentration and, according to the BLM, should reduce Ag bioavailability.
We reasoned that if Ag could cross biological membranes as the Ag-thiosulfate complex via an
anion transporter, then Ag uptake would exceed that predicted by the BLM. We set out to test
this "molecular mimicry" hypothesis using a unicellular alga as our biological model. Since
algae are known to possess membrane-bound transport systems for the assimilation of sulfate
(Hodson et al. 1968, Perez-Castifieira et al. 1998), they were appropriate models for testing the
hypothesis that thiosulfate (and 1:1 Ag-thiosulfate complexes) can mimic sulfate and enter the
cells via the same pathway.

Our metal uptake and toxicity experiments were carried-out with Chlamydomonas
reinhardtii, a unicellular green alga, as described in Fortin and Campbell (2001). The term
"metal uptake" refers to intracellular metal; Ag adsorbed to the algal surface at the end of the
exposure periods was displaced by exchange with non-radioactive metal. Short-term (<30 min)
Ag uptake was determined in three media, all of which contained 10 nM free Ag" (Table 3).
Medium A contained nitrate, but no thiosulfate, and virtually all the Ag was present as free aquo-
ion; medium B contained both Ag and thiosulfate (114 nM), with the total concentration of Ag
increased (104 nM) so as to maintain the desired free Ag concentration (10 nM); medium C was
identical to B except that the sulfate normally present in the algal medium (81 uM) was
removed.
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Table 3. Media used to determine short-term (<30 min) Ag uptake in the unicellular green alga,
Chlamydomonas reinhardltii.

Medium total dissolved Ag thiosulfate sulfate
([Ag"1=10 nM) (nM) (nM) (uM)
A 10 0 81
B 104 114 81
C 104 114 0

Since the free Ag concentration was identical in each exposure medium, the BLM predicted
that Ag uptake should be identical in all three experiments. Contrary to this prediction, Ag
uptake by C. reinhardtii was strongly affected by the anions present in the exposure medium
(Figure 2). Silver accumulation after 25 min increased in the following order: 1 (control) < 5
(S,05%, normal sulfate) < 14 (S,05%, no sulfate). We concluded (i) that the enhanced uptake
observed in the presence of thiosulfate is the result of Ag-thiosulfate complexes being
transported across the plasma membrane via sulfate / thiosulfate transport systems, and (i1) that
this membrane transport mechanism is affected by the external sulfate concentration. Note that
removal of sulfate did not affect Ag uptake when chloride was used as the complexing ligand, a
result that clearly supports the contention that a sulfate / thiosulfate transporter is involved in Ag
uptake in the presence of thiosulfate. In the absence of thiosulfate, Ag is taken-up via a cation
transporter (probably via a Cu(I) transport system) and this transporter is unaffected by changes
in ambient sulfate concentrations. In the thiosulfate media, however, a second parallel pathway
for Ag uptake is introduced, involving the accidental transport of Ag-thiosulfate complexes via
one or more sulfate / thiosulfate transporters (Figure 3).
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Figure 2. Time course of silver uptake by the unicellular alga Chlamydomonas reinhardtii at constant
Ag' (10 nM). (A) Uptake in the absence of thiosulfate and the presence of sulfate. (B) Uptake in
the presence of both thiosulfate and sulfate. (C) Uptake in the presence of thiosulfate but the
absence of sulfate. Error bars represent standard deviations from the average of three
measurements. [Modified from Fortin and Campbell 2001].
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Figure 3. Conceptual model of silver interactions with transport systems at an algal membrane in
the presence of sulfate and thiosulfate [Modified from Campbell ef al. 2002].

The prevailing paradigm for metal uptake by aquatic organisms, i.e. the BLM, assumes
that metals enter living cells via facilitated cation transport. Most known exceptions to the BLM
involve either ligands that form lipophilic complexes, M-L,°, that can bypass normal metal
transport mechanisms and cross biological membranes by simple diffusion, or "chaperone"
ligands that are synthesized by living micro-organisms specifically to complex essential metals
and facilitate their eventual uptake (e.g., the role of siderophores in iron nutrition). In contrast,
evidence of metal uptake through anion transport systems is scarce to non-existent. To our
knowledge, the results with Ag thiosulfate represent the first hard evidence for metal transport
into cells via an inorganic anion transport system.

It is likely that uptake of the anionic Ag-thiosulfate complex will occur in other algal
species and bacteria that have sulfate / thiosulfate transport systems or thiosulfate-specific
transport systems. Indeed, there are several reports in the literature that sulfate and thiosulfate
share a common membrane transport system in bacteria (Sirko ef al. 1995) and algae (Hodson et
al. 1968). A competitive effect between sulfate and thiosulfate has been noted in sulfate uptake
experiments with C. reinhardtii (Perez-Castifieira et al. 1998); thiosulfate is an efficient inhibitor
of sulfate uptake. In addition, several algal species can grow on thiosulfate as a sole sulfur
source (Hodson et al. 1968, Perez-Castineira et al. 1998).

Extrapolation of the thiosulfate example from microorganisms to higher organisms is
difficult, since little is known about sulfate transport mechanisms in epithelial cells (i.e., gills,
intestine). However, in laboratory water-borne exposure experiments, Ag accumulation by
rainbow trout, Oncorhynchus mykiss, was inexplicably enhanced in the presence of thiosulfate
(Hogstrand et al. 1996, Wood et al. 1996). It is tempting to explain this greater-than-expected
Ag accumulation by generalizing our conceptual model of Ag accumulation, but thiosulfate
uptake by fish remains to be demonstrated.
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Sulfide Clusters

The recent discovery of metal-rich reduced sulfur species in oxic waters has stimulated
some exploratory experiments designed to determine their bioavailability (the assumption is that
sulfur ligands should bind soft metals and reduce the free metal concentration in solution).
Specifically, experiments were carried-out in the laboratory to determine the effect of "reactive
sulfides" on the acute toxicity of Ag (I) to Daphnia magna (Bianchani and Bowles 2002,
Bianchani et al. 2002a, Bowles et al. 2002b). Zinc sulfide clusters were synthesized in the
laboratory (Bowles et al. 2002a) and used as a surrogate for the metal-rich, reduced sulfur
species found in natural waters. These clusters are thought to include a range of molecular
conformations with basic molecular components of possibly Zn3;S; and Zn4S62' (see Luther et al.
1999).

Silver toxicity was determined in acute toxicity tests (48 h) performed with D. magna
neonates in the absence (< 5 nM) and presence of low (~25 nM) or high (~250 nM)
concentrations of zinc sulfide clusters under oxic conditions. The high sulfide concentrations
(~250 nM) completely protected against toxicity up to the highest Ag concentration tested (19
nM). In the presence of environmentally realistic sulfide levels (~25 nM), acute Ag toxicity was
about 5.5 fold lower (Figure 4). This decrease in toxicity was attributed to the binding of Ag to
the zinc sulfide clusters, yielding non-filterable forms of Ag (chemisorbed Ag-sulfide forms).
Interestingly, the presence of sulfide did not prevent the bioaccumulation of Ag by D. magna. On
the contrary, Ag bioaccumulation was greater in daphnids exposed to Ag in the presence of
sulfide than in its absence, even though acute toxicity was not observed under the former
conditions. In control experiments with daphnids that had been killed by exposure to low
temperature before Ag exposure, Ag accumulation was very low and unaffected by the presence
of sulfide in the test solution. Subsequent work with live daphnids exposed to Ag in the presence
of sulfide showed that the Ag was incorporated into the daphnids' intestinal tract, not simply
adsorbed to their surface (Bianchini et al. 2002b). This disconnect between Ag toxicity and Ag
accumulation (or Ag body burden) remains to be clarified.

EFFECTS OF HYPOXIC CONDITIONS ON VENTILATION RATES,
AND ON METAL UPTAKE RATES

Fish

There is a general view in the toxicological literature that higher ventilation rates should
lead to higher metal uptake rates, but there are very few hard data to back up this contention.
Lloyd (1961) and Lloyd and Herbert (1962) studied the relationship between the toxicity of
metals and oxygen levels in water. Rainbow trout were exposed to graded concentrations of Zn
at different dissolved-oxygen concentrations, yielding a series of log survival time versus log
[Zn] curves for each oxygen concentration (Figure 5). Note that none of the oxygen
concentrations were low enough to be lethal in the absence of Zn. From this and similar
experiments with Cu and Pb, these authors extracted values of the ratio X/ X, where X is the
threshold metal concentration with oxygen at the air-saturation value and X is the lethal
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threshold metal concentration at a lower oxygen concentration (Figure 6). In all cases, the ratio
increased as [O;] decreased, i.e. when the lethal threshold metal concentration was low, the metal
was more toxic.

Silver concentration (nM)
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Figure 4. Mortality of Daphnia magna neonates after 48-h exposure to silver added as AgNO; in
the absence (<5 nM; solid lines and closed symbols) or presence (~25 nM; dashed lines
and open symbols) of zinc sulfide clusters in synthetic hard water. Squares correspond to
nominal concentrations of silver, whereas circles represent measured silver
concentrations. [From Bianchini ef al. 2002a].
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Figure 5. Effect of the concentration of dissolved oxygen on the toxicity of zinc to rainbow
trout. Circles = 8.9 mg O,-L™"; squares = 6.2 mg O»-L™'; crosses = 3.8 mg O,-L". [From
Lloyd and Herbert 1962].
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Figure 6. Effect of the concentration of dissolved oxygen on the toxicity of copper (crosses),
lead (inverted triangles) and zinc (circles) to rainbow trout. Values of the factor Xy/X that
are greater than 1 correspond to an increase in toxicity: X is the lethal threshold metal
concentration with oxygen at the air-saturation value and X is the lethal threshold metal
concentration at a decreased oxygen concentration [From Lloyd and Herbert 1962].

Similar curves were found for all three metals (the increase in toxicity was about 40%)
with the greater toxicities noted at the lower oxygen conditions. The authors attributed this trend
to greater ventilation rates in fish living under hypoxic conditions. In other words, the increased
toxicity of Zn in waters containing little oxygen was related to the increased volume of water
coming into contact with the fish gills due to the response of the fish to hypoxia. To quote the
authors (Lloyd and Herbert 1962): "An hypothesis to account for this common increase in
toxicity is based on the fact that trout increase the flow of water over their gills as the oxygen
content of the water decreases ... the increased flow of water over the gills brings more metal
into contact with the fish in a given time."

This argument was reprised by Hughes and Flos (1978). They exposed rainbow trout to
four different treatments: normoxic clean water; hypoxic clean water; normoxic water with 10
mg Zn/L for 10 h; and hypoxic water with 10 mg Zn/L for 10 h. In the hypoxic treatments, the
oxygen partial pressure was reduced to 60 mm Hg by means of a vacuum apparatus (normoxia =
760 mm X 0.2 = 150 mm). Gill Zn accumulation, measured for each of four gill arches on each
side of the fish and corrected for variations in exposure times, was greater in the Zn-exposed fish
than in the controls, but there was no significant difference between normoxia and hypoxia. The
interpretation of results was complicated, however, by differences in survival time, especially for
fish exposed to Zn with decreased oxygen (in the hypoxic group, all but one fish died within
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10 h, whereas in the normoxic group only one fish died during this timeframe). Fish in normoxic
waters survived longer and thus had the opportunity to accumulate more Zn. To adjust for
different survival times (6.5 versus 10 h), the authors assumed a linear relationship between
exposure time and Zn accumulation, and normalized all Zn accumulation data to 10 h.

Hughes and Flos (1978) refer to evidence from physiological and morphological studies
that different regions of the fish gill are ventilated and perfused to varying degrees as the oxygen
partial pressure decreases. Accordingly, in their experiment they checked for heterogeneity in
the distribution of Zn in different parts of the gill system in order to test whether changes in this
distribution could be correlated with differences in the pattern of water flow through the gills. In
the normoxic and hypoxic groups of untreated fish, there were small differences in zinc
concentration between different gill arches; in general, normoxic fish had slightly higher
concentrations than the hypoxic specimens and values obtained for the posterior arches tended to
be greater than for other gill arches. Following treatment, differences between individual arches
became more exaggerated (concentrations in the first arch were always lower than the other
arches, and the third arch contained the maximum concentration of Zn). However, the relative
importance of each arch (e.g. each arch expressed as a percent of the fourth and lowest arch) was
unaffected by hypoxia.

Given the dearth of studies on the effect of ventilation rate on metal uptake and toxicity
in fish, it seems appropriate to stray briefly into the domain of organic contaminants. Yang et al.
(2000) recently reported on links between respiration rate and uptake of lipophilic contaminants
in fish confined to a respirometer and forced to swim at predetermined velocities (three fish
species; small, medium, and large specimens). They demonstrated a significant correlation
between fish oxygen consumption and the amount of organic contaminant absorbed
(tetrachlorobenzene, tetrachloroguaiacol, dichlorobenzenediol; see Figure 7). Similarly, a
significant correlation was found between the toxicant uptake rate constant (k;) and fish oxygen
consumption, regardless of fish size and species. This correlation improved when fish toxicant
load was expressed as percent body lipid. However, these authors also point out that "oxygen
uptake can only be used as an indicator of toxicant transfer under normoxic conditions. Altered
fish ventilation rate or diffusion capacity without changes in whole animal metabolic rate, which
may occur during hypoxia or hyperoxia, will change the rate of toxicant movement across fish
gills without changes in oxygen uptake. In other words, toxicant absorption may be greatly
enhanced under these conditions without there being any significant changes in oxygen
consumption."

Invertebrates

A second series of studies, carried-out not on fish but rather with the freshwater clam
Corbicula fluminea, also showed enhanced metal (Cd) uptake under hypoxic conditions (Tran et
al. 2000, 2001). In their initial study, carried-out in the absence of any metal, these workers
studied the basic adaptation mechanisms that allow C. fluminea to maintain constant oxygen
consumption under resting conditions when the partial pressure of O, (Po;) in the ambient water
varied from 4 to 40 kPa (cf. 20-21 kPa in the holding tanks for the bivalves). Ventilation rates
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were determined by the volume of water cleared of algal cells per unit time in a transiently
closed system; reasonably high plankton concentrations were used such that ventilation rates
were affected only by P, and were independent of the concentration of algal cells in the
exposure medium.
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Figure 7. Relationship between uptake of organic contaminants and oxygen absorption in fishes
of different species and sizes. Fish code: CS = coho salmon; L = large; LSS = largescale
sucker; M = medium; RBT = rainbow trout; S = small. Contaminant code: DBD =
4,6-dichlorobenzene; TeCB = 1,2,4,5-tetrachlorobenzene; TeCG =
3.4,5,6-tetrachloroguaiacal. [From Yang et al. 2000].

Steady-state values of O, consumption, Po; and O, concentration in the arterial and
venous blood, Po; in the expired water, and ventilatory and circulatory blood flow were
determined after 24-h periods of exposure to selected Po, values. After one day of acclimation,
the maintenance of O, consumption was achieved exclusively by ventilatory adjustment, with no
change in the oxygenation status of the internal milieu (Figure §). The authors concluded that C.
fluminea, like numerous other physiologically different water-breathers including fishes and
crustaceans, maintained its O, consumption under resting conditions by continuously adjusting
its ventilatory activity. Under normoxia, the ventilatory rate was < 0.4 L-d"'-g"' fresh weight (not
including shell), much lower than earlier literature estimates. The authors attributed these low
resting values to their particular protocols used to isolate the animals from laboratory
stimulation.
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Figure 8. Ventilatory flow rates as a function of the partial pressure of oxygen, Po; in the
freshwater mollusc Corbicula fluminea, measured after 22-24 h acclimation. Ventilation
rates were determined on the basis of water volume cleared of algal cells per unit time in
a transiently closed system. Values with an asterisk are significantly different from the
reference value in normoxia (P < 0.05, n=7). [From Tran ef al. 2000].

Having studied the response of C. fluminea to varying oxygen concentrations, Tran ef al.
(2001) then introduced a metal (Cd) into their system (0.5 or 2 ug-L'l) and studied metal uptake
as a function of ventilatory activity over 15 d exposures. As before, three Po, values were used
(4, 20 and 40 kPa, corresponding to hypoxia, normoxia, and hyperoxia). The results showed that
a low Po; strongly enhanced the rate of accumulation of Cd in the soft tissues of the clam (Figure
9) and modified the distribution pattern and relative metal burdens in the gills and visceral mass
(but not in the mantle, foot or abductor muscle). The apparent extraction coefficient of Cd
(Ewcq) from the ventilated water was calculated:

Ewcq = (total amount of accumulated Cd)/(total amount of Cd inspired); and
the concentrations of Cd in the expired water were then calculated from the equation:

Mcq = Vw(inspired [Cd]w — expired [Cd]w)m,
where Mcq is the Cd accumulation during the 15 d exposure period (ug/g FW), M is the fish
weight, Vy is the ventilatory flow rate over the same period of time, and inspired [Cd]w is the

measured value in the exposure medium). Expired [Cd]w values calculated in this manner
remained very close to those in the inspired water, regardless of Poy; Ewcg varied from 2 to 12%.
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Figure 9. Time course of cadmium uptake ([Cd]) in the gills and visceral mass of Corbicula
fluminea exposed to dissolved Cd ([Cd]w =2 £ 0.3ug/L) over a 15-d period, as affected
by the partial pressure of oxygen, Po,. Asterisks indicate significant differences (P <
0.05) from water Po, = 40* and 20 kPa**, respectively. [From Tran et al. 2001].

The authors argue convincingly that their results are environmentally relevant: the effect
of changing O, concentration was at least as important as the better-recognized effect of
changing temperature; C. fluminea is a benthic invertebrate that inhabits the interface between
the sediment and the water column where low-oxygen microenvironments are not uncommon.

SUMMARY

Within the construct of the BLM, it is (tacitly) assumed that metal uptake and toxicity are
unaffected by ventilation rates. The respiratory surface is assumed to be in equilibrium with the
exposure solution (see BLM section), i.e. the slowest step in metal uptake is assumed to be
transfer across the gill membrane. Under such conditions, a metal concentration gradient will
not develop in the boundary layer between the gill surface and the bulk inspired solution, and
thus arguments based on increased ventilation rates, thinner boundary layer, and increased
diffusion rates from the bulk solution to the gill surface do not apply. How then can we explain
the scattered evidence in the literature that metal uptake and toxicity do indeed increase when
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gill ventilation rates increase? It seems likely that the answer lies elsewhere in the complex
physiological responses of water-breathing organisms to low oxygen levels. One possible
explanation is that under low oxygen stress the gill is better irrigated, thus exposing a greater gill
surface area for metal uptake. Alternatively, if the concentration of excreted CO; at the gill
surface is lower when the oxygen concentration of the water is reduced (Lloyd 1961), then the
pH in the boundary layer would also rise (Randall ef al. 1991); the BLM would predict less
competition from the proton under such conditions, resulting in greater metal uptake and
toxicity.
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THE FISH OLFACTORY SYSTEM: ITS ROLE IN NORMAL BIOLOGY AND IN
TOXICOLOGICAL RESEARCH

Kjell B. Doving'

ABSTRACT

The sense of smell plays a major role in the normal biology of fishes. This chemosensory
system is mandatory in homing behavior, is crucial in reproductive behavior, and mediates food
search and alarm reactions. Recent studies in our laboratory have revealed the organization of
the olfactory system in crucian carp Carassius carassius L. The sensory neurones with long
dendrites and cilia mediate the alarm reaction in carp fishes, and connect to secondary neurones
with axons in the medial part of the medial olfactory tract. The sensory neurones with dendrites
of intermediate length bear microvilli and respond to food odors, and they connect to secondary
neurones with axons in the lateral olfactory tract. The crypt cells probably respond to sex
pheromones. In crucian carp, each of the three bundles of the olfactory tract mediates a distinct
behavior pattern related to alarm, food search, and reproduction.

The high sensitivity of the fish olfactory system, its major role in essential life processes,
and its direct exposure to the environment makes it an interesting target organ for studies of the
impact of toxic substances. This review will expose different methods that can be used for
studies of normal olfactory functions and how these methods can be applied in toxicological
investigations.

INTRODUCTION

Chemosensory systems in fish represent a unique asset in our approach to study water-
borne toxic effects. The reasons for this statement are the following: they are directly exposed to
the environment; they mediate a large part of the behavioral repertoire; and they are developed
early in life. In the present review, I shall deal with the olfactory system only, leaving out the
gustatory system (Kasumyan and Deving 2003) and the oligovillous chemosensory system
(Kotrschal 1996). The main reason for concentrating on the olfactory system is, of course, that it
mediates a series of different and distinct behavior patterns. A more comprehensive discussion
of different behavior patterns in fish and their use in toxicological studies is given by Deving
(1986, 1991).

'University of Oslo, Department of Biology, Section of General Physiology, PO Box 1051, N- 0316 Oslo,
Norway.
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Organization of the Olfactory System

Sensory neurones of the fish olfactory system can be divided into three types, according
to their morphology. They are: 1) crypt cells; 2) microvillous neurones; and 3) ciliated neurones
(Thommesen 1982, Hansen et al. 1997). Crypt cells have short dendrites and thus their cell
bodies are situated in the upper layer of the olfactory epithelium (Figure 1). Microvillous
neurones have longer dendrites and their cell bodies are in the intermediate layers of the
epithelium (Hamdani ez al. 2001a). Ciliated neurones have long dendrites and consequently their
cell bodies are found close to the basal lamina in the epithelium (Figure 1; Hamdani and Dgving
2002).

Recent studies have shown that these neurones project to different regions of the
olfactory bulb in crucian carp. There they make synaptic connections with secondary neurones,
the axons of which form three distinct bundles of the olfactory tract. Our studies have shown
that each bundle of the tract mediates a specific behavior (Deving and Selset 1980). Thus, the
lateral olfactory tract (LOT) is devoted to feeding behavior (Hamdani e al. 2001b), the medial
part of the medial olfactory tract (mMOT) participates in the alarm reaction (Hamdani et al.
2000), and the lateral part of the medial olfactory tract (IMOT) in reproductive behavior
(Weltzien et al. 2003). In short, the organization suggested by our recent work is summarized in
Figure 1.

LOT

IMOT
mMOT

Olfactory epithelium Olfactory bulb

Figure 1. Schematic drawing of the organization of the olfactory system in crucian carp. ES,
epithelial surface. BL, basal lamina. LOT, lateral olfactory tract. mMOT, medial part of
the medial olfactory tract. 1ILOT, lateral part of the medial olfactory tract. The ciliated
sensory neurones with long dendrites are in black, the sensory neurones with microvilli
are in grey, and the crypt cell in light grey. See text for details.
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The Electro-olfactogram, EOG

The olfactory receptor neurones are depolarized as a result of stimulation with odorants.
Thus, the potential recorded at the surface of the olfactory epithelium becomes more negative
upon stimulation. This electric response was named the electro-olfactogram, or EOG, and was
discovered and analyzed in detail in frogs and mammals by Ottoson (1956). It has also been
possible to record the EOG from olfactory organs of freshwater fish e.g. Winberg et al. (1992),
and it is now routine to record the EOG by the method indicated in Figure 2. It is relatively
difficult to obtain good signals in marine fish due to the shunting effects of salt water. However,
exceptions can be found (Deving and Holmberg 1974).

Fresh
water

l
Stimulus

— Copper
solution
| —[-_- Overflow

Stimulation device |l—_.x

Olfactory
roselle

Figure 2. Schematic drawing of the experimental design for recording the EOG

In response to stimulation with an odorant, the epithelium is depolarized, giving an initial
peak amplitude followed by a sustained potential at a lower amplitude (Figure 3). It is possible
to follow the changes in response of the olfactory organ by exposing the sensory epithelium to
different substances.

TOXICANT EFFECTS
Effect of Mercury

Exposure of the olfactory organ of fish to doses of two mercurials, mercuric chloride
(HgCl,) and methyl mercuric chloride (CH3HgCl), has dramatic effects on Atlantic salmon
(Salmo salar L.) EOG (Figure 3). EOG responses were evoked by stimulating the olfactory
epithelium with 340 pM-alanine for 10 seconds every second minute during a one hour period.
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Three experimental series, each comprising six fish, were carried-out. In the first series, the
olfactory rosette was irrigated solely with artificial "fresh water." In the second and third series,
a five-minute exposure to mercury (HgCl, or CH;HgCl, at 10 M) was included after 10 minutes
and a 15-minute exposure after 45 minutes, respectively. Mercuric ion (Hg*") eliminated the
peak response within two minutes and suppressed the sustained response by about 35%. During
subsequent irrigation with mercury-free fresh water, both EOG components regained about 50%
of their initial amplitudes. In contrast, methyl mercury induced a steady and parallel decline of
both the peak and sustained responses that were not reversed by rinsing the epithelium with fresh
water. The results of this study demonstrated the vulnerability of the olfactory receptor function
in fish to mercury exposure. Also, they revealed very different effects of inorganic and organic
mercurials on the EOG (Baatrup et al. 1990).

R B C D E
Hg”"J Rﬂhﬂ
2l‘l‘|\f|
T o~
F G H I J

Figure 3. Examples of the effect of mercuric chloride. The appearance of the receptor potential,
EOG, evoked by stimulating the salmon olfactory epithelium with 340 uM L-alanine, (A
and F) during treatment of the sensory epithelium with (HgCl,, A-E) and methyl mercuric
chloride (CH3HgCl, F-J). Before Hg treatment: (B and G) after exposure to mercury for
one minute; (C and H) after exposure to mercury for four minutes; (D and I) after a
subsequent 30-minute rinse with fresh water; (E and J) after further 15-minute exposure
to mercury.

Deposition of organic and inorganic mercury compounds in the olfactory epithelium of
Atlantic salmon was studied by histochemical methods (Baatrup and Deving 1990). One group
of salmon was given fodder pellets containing methylmercuric chloride (CH3;HgCl, 99
micrograms Hg-g") for four weeks. Other groups of fish were exposed to dissolved mercuric
chloride (HgCl,, 270 micrograms Hg-L™") for two, six, and 12 hours, respectively. In both series
of experiments, the radioisotope **’Hg was included to determine the accumulation of mercury in
the olfactory system. Gamma-spectrometry showed both mercury compounds accumulated in
the olfactory rosettes and their nerves. Microscopic analysis demonstrated an intense and
comprehensive Hg deposition in the axons and Schwann cells of both methyl mercury- and
inorganic mercury-exposed fish. On the other hand, the two mercury compounds showed
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different staining patterns in the sensory epithelium. Silver grains evoked by methyl mercury
were localized predominantly in lysosome-like inclusions within receptor cells, while those
produced by mercuric chloride exposure were situated mainly along the borders of neighbouring
cells. The present findings that organic and inorganic mercury compounds were deposited in the
olfactory system along its whole length, from the receptor cell apices to the brain, support the
electrophysiological results reported previously.

Effect of Cupric Ions

The effect of inorganic copper species has been studied by recording the EOG from the
olfactory epithelium of Atlantic salmon (Winberg ef al. 1992). The olfactory organ was irrigated
with aqueous copper solutions with concentrations of the free cupric ion (Cu®") ranging from 0.2
to 9.7 uM. Diverse copper species were created by varying the amount of bicarbonate
(NaHCO:s) in artificial fresh water solutions containing equal concentrations of copper. In
general, these copper solutions induced a slow depolarization of the baseline followed by
hyperpolarization. The amplitudes of these variations in baseline potentials increased with
increasing concentrations of Cu®" ion, i.e., decreasing concentrations of NaHCOs. Stimulating
the olfactory epithelium with L-alanine during copper exposure evoked atypical EOG responses.
The amplitudes and form of the EOGs changed drastically with increasing Cu®* concentrations,
with significant correlation between the reduction in EGG amplitudes and the Cu*" concentration
(Figure 4). It was concluded that among the copper species tested, the toxic effect was caused
mainly by the dissolved Cu®” ion. Results suggested that the Cu®" ion exerts its toxic effects on
transduction mechanisms of the olfactory receptor cells.

These studies demonstrated that the EOG of salmon is affected by inorganic, monomeric
copper and that the effect depends primarily on the activity of Cu", not on the total copper
concentration in the solution. The effect of copper on the EOG profile indicates that Cu*" ions
affected different stages of the transduction mechanism in the olfactory receptor cells. The effect
of copper ions in solution is different from the effect when the olfactory epithelium is exposed to
mercury compounds (Baatrup et al. 1990).

ODOR INDUCED BEHAVIOR

It is believed that behavioral changes are the most sensitive measures of neurotoxicity.
Behavioral bioassays alone are probably not the best method of evaluating tolerance limits for
ecological impact. This should not prevent us from using behavioral studies in toxicology,
however, since they are the most relevant approach to the ecological impact of toxic agents.

The objective of behavioral toxicology must be to acquire reliable measures of sublethal doses of
toxic events. These sublethal doses should be compared with threshold concentrations of
toxicants obtained by other methods; e.g., neurophysiological, histological, biochemical, and/or
acute toxicological tests. These composite measures from different disciplines should be taken
into account when formulating the tolerance limits which induce ecologically significant changes
in behavior, i.e. that decrease the ability of an animal to adapt or survive in its environment.
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Figure 4. The relationship between Cu®" concentration and EOG response. The EOG responses
to 790 uM L-alanine after stimulation with various Cu”" solutions for five minutes. The
peak amplitude (A) and the sustained component (B) of the EOG responses after five
minute recovery time following exposure to Cu®" solutions.

A common belief is that when a fish is exposed to waste effluents, toxicants, or
pollutants, it will adapt to the situation and perform the maneuvers most advantageous for its
survival and the benefit of the species. This is not the situation in every case. For example,
juvenile salmon have been shown not to avoid water in which crude oil had been dispersed, but
to actually swim in the oil film (Bean et al. 1974, Morrow et al. 1975). These examples, and
similar results of other experiments, indicate that fish are not equipped with the sensory
apparatus necessary to make adjustments needed for appropriate reaction to the toxicant. When
the signal that induces a specific behavior or part of a behavioral sequence is known, it is
possible to use the behavior as a tool in behavioral toxicology.
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Homing

The olfactory system is mandatory for salmon to return to their correct home river. The
means for finding the correct tributary from open water was discussed in a recent review
(Deving and Stabell 2003). Even though the urge of fish is great, homing behavior is not an
easily accessible behavior for toxicological studies, since it is performed in open water and in
relation to the layers of the ocean.

Feeding behavior

Cod Gadus morhua L., like many other species of fish, spend most of their time
searching for food. Cod are attracted by the odors of their prey. One of the first signs of search
or exploratory behavior is seen when these fish move up and down in the water mass. In the
later phases of food search, cod search the bottom trailing their pelvic fins and barbel along the
bottom. If it smells a particular substance, it stops, swims backward, and takes a position with its
tail up in the water. In this position, it will snap with its jaws at prey (Deving and Selset 1980,
Ellingsen and Dgving 1986). It is known that in cod the amino acids alanine and glycine induce
bottom food search via the olfactory organs (Ellingsen and Deving 1986).

Lemly and Smith (1987) demonstrated the effect of acidified water on the feeding
behavior of fathead minnows Pimephales promelas. Feeding response was completely
eliminated at pH = 6 and lower. These results corresponded well with environmental studies that
showed fathead minnows were eliminated from natural waters when pH levels were lowered to
5.8-6.0.

This type of behavior is easily evoked by several chemicals with known composition; the
behavior is conspicuous and can be quantified. Thus, the conditions are favorable for studies of
the effect of toxic substances on the olfactory system.

Reproductive behavior

Many behaviors made by fish in conjunction with reproduction are induced via the
olfactory system. In crucian carp, one particular behavior called ‘short following gut’ involves
the male following the female and pushing her with the nose close to the anal papilla. This
behavior depends on the lateral part of the lateral olfactory tract being intact (Weltzien ef al.
2003).

Spawning behavior of females can be induced by intramuscular injections of
prostaglandin, PGF,,, and a mature male will demonstrate this behavior. Impairment of this
behavior by substances suspected to induce aberrant behavior might be a useful tool in
toxicological studies.
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Alarm Reaction

The last type of behavior considered to be induced by olfactory stimuli is the alarm
reaction known in carp fishes, first described by von Frisch (1941). This behavior in crucian
carp is mediated by the medial bundle of the medial olfactory tract that receives information
from ciliated cells with long dendrites (Hamdani ez a/. 2000, Hamdani and Dgving 2002).

Although the alarm substance found in the skin of conspecifics is easily degraded, the
reaction is conspicuous and quantifiable. However, crucian carp do not return to normal
behavior until 30 minutes to one hour after exposure, which prevents repetitive trials.

Avoidance Reaction

For reasons not clearly stated, the avoidance reaction has been a popular tool in
behavioral toxicology. The reason may be the ease by which such experiments can be performed
and the reactions monitored. The idea is that solutions of toxic substances are avoided by the
fish. The sensory organ that provides the animal with the necessary information is not stated. In
my opinion, olfactory sense is a clear candidate for the input channel. Avoidance reactions have
been used in several studies (Hose ef al. 1984, Hidaka and Tatsukawa 1986, Rehnberg and
Schreck 1986, Hartwell ef al. 1989)

Let us consider what happens when a fish is in a flow channel, a trough, or Y-maze
where the fish can select its position. The fish is exposed to the toxicant. There is no evidence
that it will perceive the toxicant as a forthcoming danger. Most probably it is unknown to the
fish and, therefore, has no biological meaning, and it is unlikely that the olfactory system is
equipped with receptor sites for the toxicant. Most probably, the olfactory receptors will ingest
the toxicant; the olfactory receptors may cease to function and the fish will be rendered anosmic
without, of course, knowing that it is so. If the fish is programmed to avoid regions with no odor
it will do so, but by then it has already been exposed to the extent that the toxic substances have
already exerted their influence. On the other hand, if the fish is programmed to remain stationary
when anosmic, the observer will not detect any significant movements by the fish.
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TOXIC EFFECTS OF AMMONIA ON RAINBOW TROUT ONCORHYNCHUS
MYKISS IN ALL STAGES OF DEVELOPMENT

M.Z. Vosyliené, G. Svecevicius, N. Kazlauskiené !

ABSTRACT

The effects of ammonia on the rainbow trout Oncorhynchus mykiss in all stages of
development (embryos, larvae, adults) were investigated. The most sensitive to the acute
toxic effect of ammonia were found to be larvae, then followed embryos and adult fish (96-
hour LC50 values were 0.20; 0.27 and 0.36 mg/L ammonia, respectively). Long-term
exposure to sublethal concentrations of ammonia affected embryo development, growth of
larvae and their cardio-respiratory responses, and induced significant changes in
hematological parameters of adult fish. Parameters of red blood (erythrocyte count,
hemoglobin concentration, hematocrit level) of fish were found to be the most sensitive to
low concentrations of ammonia. The lowest “safe” or “predicted-no-effect” concentration
values for ammonia obtained in long-term tests were 0.02 mg/L of ammonia for adult fish,
which is very close to the 0.025 mg/L value proposed by EU and accepted in Lithuanian
water quality norms for salmonid fish. Meanwhile, the Maximum Acceptable Concentration
for ammonia to fish in early stages of development is lower. This concentration (0.014 mg
N/L) is many times lower than the Maximum Permissible Concentration for ammonia (0.39
mg N/L) accepted for Lithuanian inland waters.

INTRODUCTION

Water pollution by ammonia (NHj3) can have inorganic (industrial wastewaters) and
organic (municipal sewage, large-scale agricultural pollution, biochemical reduction of water
nitrates and nitrites) origin. Ammonia can be produced naturally during biodegradation of
organic substances and the eutrophication process is often accompanied by elevated ammonia
levels in the water (Randall and Tsui 2002). In water or in biological liquids, ammonia is
present either in its molecular (un-ionized form) (NH3), or in the form of the ionized
ammonium ion (NH4"). Living cells are not easily penetrated by the ammonium ion, but un-
ionized NH; penetrates the tissue barriers very easily, so it is toxic to aquatic animals.
Modifying factors altering the acute toxicity of ammonia include dissolved oxygen, carbon
dioxide, salinity, temperature, pH, previous acclimation to ammonia, fluctuations in exposure
and the presence of other toxicants (U.S. EPA 1985). Ammonium ion is not as toxic as un-
ionized ammonia, but regardless of its lower toxicity, it can still be important because it is
generally present in natural waters in much greater concentrations than un-ionized ammonia
(U.S. EPA 1999).

Recently-measured ammonia concentrations in river water ranged very widely, from
very low (at detection limit), up to 47.70 mg N/L in the Kulpe River mouth (Anonymous
2002). These data demonstrate that aquatic animals, especially fish in the early stages of
development, can experience negative impacts from ammonia in Lithuanian rivers.
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Fish mortality caused by ammonia may be due to different effects in different cases,
and it is likely that ammonia has different modes of action at high and low concentrations
(Russo 1985, Twichen and Eddy 1992). Chronic exposure of fish to lower concentrations of
ammonia induces a slowdown in growth and morphological development, increases in
susceptibility to disease, and produces deleterious histological changes and a decrease in
reproductive capacity (Thurston et al. 1984, 1986). Adult fish increased glutamine-glutamate
production in the brain when they were exposed to higher concentrations of ammonia (Vedel
et al. 1998, Iwata 1988). Current data suggest that elevated NH;" displaces K" and
depolarizes neurons, causing excessive activation of NMDA-type glutamate receptors,
leading to influx of excessive Ca’ and subsequent cell death in the central nervous system
(Randall and Tsui 2002).

No experimental data on the sensitivity of Lithuanian fishes to ammonia have been
generated, although differing sensitivities of the same fish species to the same pollutants in
different regions have been considered. Specification (definition) of ammonia Maximum
Permissible Concentrations for Lithuanian inland waters is needed.

The aim of the present research was: 1) by means of acute and chronic toxicity tests to
estimate the sensitivity to ammonia of rainbow trout in all stages of development (embryos,
larvae, adult fish); 2) to recommend Maximum Acceptable Concentrations of ammonia
according to changes of morphological and physiological parameters of rainbow trout in all
developmental stages; and 3) to specify and compare calculated concentrations with water
quality norms for ammonia accepted for salmonid fish and for Lithuanian inland waters.

MATERIALS AND METHODS

Rainbow trout eggs and one-year-old adults were obtained from Zeimena hatchery
and acclimated under laboratory conditions.

Deep well water of high quality was used for dilution. Average hardness of the
dilution water was approximately 284 mg/L as CaCOj3, alkalinity was 244 mg/L as HCO; ,
mean pH was 8.0, temperature was equal to 12+0.5° C, and oxygen concentration ranged
from 8 to 10 mg/L.

Ammonium nitrate (NH4NO3) was used as the toxicant. This chemical is the most
popular nitrogen fertilizer used in Lithuania. Since this chemical has a very high solubility in
water, its probability of entering ambient waters is obviously considerable.

Studies on embryos and larvae: Acute toxicity tests (96-hour duration) were
conducted on all test-specimens. LC50 values (24, 48, 72 and 96 hrs) and their 95%
confidence intervals were estimated by the use of the trimmed Spearman-Karber method
(Hamilton et al. 1977). Both acute and chronic toxicity tests were conducted under semi-
static conditions.

The tests were started with “eyed-egg” stage embryos and ended prior to active
feeding of larvae. Two hundred embryos were exposed to each concentration of ammonia
with two replications each. A total of 4000 embryos were used for these tests and the impact
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of eight concentrations (0.36, 0.18, 0.09, 0.044, 0.024, 0.012, 0.006 and 0.003 mg/L) of
ammonia were evaluated. The ninety-six-hour LC50 for larvae was determined with hatched
larvae (the effect of each concentration of ammonia was tested with different numbers of
individuals and then the LC50 was calculated). During the tests, embryo survival and heart
rate were evaluated, and morphological measures (total body mass in mg), physiological
(cardio-respiratory) parameters such as heart rate (HR, count/min), gill ventilation frequency
(GVF, count/min), and integrated parameters (total body mass increase and relative mass
increase in percent) of the larvae also were recorded.

Adult fish: Acute toxicity tests of 96-hour duration were performed with 10 adult
rainbow trout at each concentration studied, with two replications. Long-term tests on adult
fish were performed for 14 days. Fish were exposed to four different concentrations of
ammonia (0.09, 0.044, 0.024 and 0.012 mg/L) in two replicates (Table 1). Tested fish were
fed every day. Fish body lengths and weights were measured at the beginning and end of
exposure. The tissue weights were measured at the end of exposure and tissue-somatic
indices for the test fish calculated according to the methods of Vosylien¢ and Svecevicius
(1997): gill-somatic index (GSI), spleen-somatic index (SSI), and liver-somatic index (LSI).
Gill ventilation frequency (GVF, count/min) and “coughing” rate, or gill-cleaning reflex (CR,
count/min), were measured during 3-minute periods for each test fish individually and the
mean value for 14 fish was calculated. Erythrocytes (RBC, 10°- mm™) and percent of their
various forms, hemoglobin concentration (Hb, g/L), hematocrit level (Hct, L/L), leucocyte
count (WBC, 10” - mm™), and lymphocyte and neutrophil percent were determined by the
methods of Svobodova and Vykusova (1991).

Table 1. Concentrations of ammonium nitrate added to dilution water, measured total
ammonia (Nessler’s method), calculated total ammonia nitrogen, un-ionized
ammonia and un-ionized ammonia nitrogen. Highest concentration used only for
testing of larvae. (All concentrations in mg/L, mean+SD; n=2).

NH4NO;3 Measured Estimated Estimated
Added Total ammonia Total ammonia Un-ionized Un-ionized
(NH," + NH3) nitrogen ammonia ammonia nitrogen

37.5 8.48+0.41 6.61+0.32 0.18+0.009 0.1540.007
18.8 4.3440.21 3.38+0.16 0.092+0.005 0.075+0.004
94 2.06%0.10 1.64+0.08 0.044+0.002 0.036%0.002
4.7 1.124+0.06 0.87£0.05 0.024+0.001 0.019740.0008
2.35 0.56+0.03 0.44+0.02 0.012+0.001 0.0098+0.0008

The Maximum Acceptable Toxicant Concentration (MATC) was calculated for each
measured parameter as the geometric mean of the Lowest Observed Effect Concentration
(LOEC) and the No Observed Effect Concentration (NOEC), the method suggested by Rand
and Petrocelli (1985). The significance of all the data obtained was determined by use of
Student’s #-test with p<0.05.
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RESULTS AND DISCUSSION

Acute toxicity: Acute toxicity tests were conducted in order to determine the basic
toxic characteristics of ammonia. The results of our acute toxicity tests are presented in
Table 2. Larvae were found to be the most sensitive to the acute toxic effect of ammonia,
followed in order by embryos and adult fish. The 96-hour LC50 for larvae was significantly
lower than that of adult fish or embryos.

Table 2. Acute toxicity of ammonia (mg/L) to rainbow trout at all stages of development.

Stage of development 96-hour LCS0 95% confidence interval
(mg/L) (mg/L)
Embryos (eyed-egg stage) 0.27 0.26 —0.29
Larvae 0.20 0.18 —0.21
Adult fish 0.36 0.34 —0.38

Trout embryos have a remarkable ability to tolerate environmental ammonia. Our data
confirmed that embryos are more resistant to the impact of toxicants than larvae. Probably
the embryo’s chorion acts as a barrier and saves the developing organism from the external
harmful impact; meanwhile fish larvae, which have lost the chorion, are very sensitive to
adverse external affects (Rice and Stokes 1975, Kazlauskiené and Stasitinaité 1999). Data of
Steele et al. (2001) demonstrate that during acute and chronic hyper-ammonia stress, embryo-
tissue ammonia levels remain constant and the time to hatching is not altered, although a
considerable ammonia load is absorbed from the environment. Their data also indicate that
trout embryos have an efficient system to prevent ammonia accumulation in embryonic tissue
based on the conversion of ammonia to urea in the embryonic tissues, and through elevation
of ammonia levels in the yolk. Most of the absorbed ammonia is found in the yolk, whereas a
small percentage is converted to the relatively non-toxic nitrogen end product urea. The
investigators hypothesized that these strategies might contribute to the relatively high
tolerance of trout early life stages, compared to adult trout, to high environmental ammonia
levels (Steele et al. 2001).

Studies of Thurston et al. (1978), Tomasso and Carmichael (1986), Svobodova et al.
(1993) and Tilak et al. (2002) demonstrated that acute exposure of fish to high concentrations
of ammonia causes an increase in gill ventilation and hyper-excitability. If the exposure
continues, ventilation becomes irregular, fish lose balance, convulsions begin, and individuals
die. These effects are most likely the result of a direct effect of ammonia on the central
nervous system (Daost and Ferguson 1984, Russo 1985). In the studies of Thurston and
Russo (1983), acute toxic ammonia concentrations to adult rainbow trout (Oncorhynchus
mykiss) ranged from 0.694 to 0.758 NH; mg/L recalculated for pH equal to 8.0, and from
26.8 to 37.7 mg N/L total ammonia nitrogen (TAN). Our data were found to be lower: 0.36
mg/L. of ammonia and 16.75 mg N/L TAN, respectively.

Chronic Toxicity: Long-term studies demonstrated that the sensitivity of heart rate,
gill ventilation frequency, and total body mass to ammonia exposure did not depend on the
age of the larvae. Probably this is a specific toxic effect of ammonia. The MATC value for
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ammonia according to heart rate was the same for embryos and larvae, although it was lower
for gill ventilation frequency in the larvae. The integrated growth parameters of total body
mass and relative body mass increase were found to be the most sensitive indices of the toxic
effect of ammonia. The MATC (mg/L) for ammonia relative to body mass increase was
0.004 mg/L ammonia (Figure 1),
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Figure 1. MATC (mg/L) of ammonia for heart rate (HR, counts/min), gill ventilation
frequency (GVF, counts/min) and growth (relative body mass increase, %) for
rainbow trout larvae.

Our data confirmed that integrated biological parameters like survival, growth rate,
development and reproduction indices are the most sensitive to various environmental
impacts (Sinderman 1984).

Ammonia exposure did not induce significant changes in the morphological
parameters (fish length and weight) of adult rainbow trout. Absolute length of fish at the
initiation of exposure ranged from 16.8+£0.4 to 17.4+0.3 cm and weight ranged from 41.9+0.4
to 43.9£3.0 g. At the end of exposure the mean length of control fish was 17.6+0.3 cm while
exposed fish ranged from 17.1£0.2 to 17.8+0.3 cm in length, respectively. No significant
differences were found in the weights of the gills, liver and spleen of the exposed fish versus
the controls, or their somatic indices. However, Thurston et al. (1984) after exposure of
rainbow trout to five concentrations of un-ionized ammonia ranging from 0.008 to 0.06 mg
NHs-N/L at pH 7.7 found alterations of gill and kidney tissues that showed a positive
correlation with un-ionized ammonia concentrations and histopathological alterations that
increased in severity with increasing ammonia concentration. Gill lamellae of fish exposed to
un-ionized ammonia concentrations of 0.02-0.05 mg NH3-N/L for four months showed mild
to moderate fusion, aneurysms, and separation of the epithelia from the underlying basement
membrane (Thurston ef al. 1984). These discrepancies between our data and those of
Thurston et al. (1984) were probably the result of the different durations of exposure to
ammonia.
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The present study demonstrated diverse changes in respiratory parameters of adult
rainbow trout: higher ammonia concentrations induced a slowing down of the GVF in fish,
while the effect of lower concentrations tended to be the opposite — ventilation frequency of
fish increased as compared to control individuals. However, these data were not significantly
different in adult fish. According to Adams et al. (2001), significant increases in oxygen
consumption rate and ventilation frequency occurred at 14.8 and 19.9 mg/L total ammonia
nitrogen concentration, respectively, in juvenile big-bellied seahorse. In the present studies,
statistically significant (p<0.05) changes in GVF induced by different concentrations of
ammonia were found in 10-day and 20-day old larvae.

Although changes in respiratory parameters (GVF, coughing rate) of adult fish did not
demonstrate adverse effects of ammonia in our studies, changes in red blood parameters
(hemoglobin concentration, erythrocyte count, hematocrit level) revealed ammonia toxicity to
the fish. Hemoglobin concentration and erythrocyte count significantly decreased (p< 0.05) in
the blood of fish exposed to 0.09 — 0.024 mg/L of ammonia (Figure 2).
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Figure 2. Changes in hemoglobin concentration in blood of fish exposed to ammonia. N=14;
asterisks denote significant differences from the control.

Submicroscopic evaluation of erythrocytes did not demonstrate any considerable
changes in normal erythrocyte count. A significantly elevated percent of juvenile
erythrocytes was found in the blood of fish exposed to 0.024 mg/L of ammonia, and the
percent of old, removal forms of erythrocytes was higher in the blood of all exposed fish.
The most strongly-expressed changes were found in the percent of damaged erythrocytes:
significantly increased amounts of these cells were seen in fish exposed to 0.09-0.024 mg/L
of ammonia (Figures 3 and 4).
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Figure 3. Increase in percent of damaged erythrocytes in blood of fish exposed to ammonia.
N=14; asterisks denote significant differences from the control.

Figure 4. Damaged erythrocytes.

Leucocyte count decreased in the blood of fish exposed to 0.09-0.044 mg/L of
ammonia. In all samples, lymphocytes predominated; their share ranged from 86.7 to
94.8 %, and were mainly small lymphocytes. Neutrophilic granulocytes were much less
numerous than lymphocytes, and their share ranged from 5.2+0.6 to 13.3£1.5 % of the
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leucocytes. The amount of neutrophils was significantly increased in fish exposed to 0.09-
0.044 mg/L of ammonia, while in the blood of fish exposed to 0.024 mg/L it was
significantly decreased as compared to the control value. The youngest neutrophils -
myelocytes and metamyelocytes -predominated and their values did not significantly differ
from the controls. Percent of older cells - lobed neutrophils - was increased in blood of fish
exposed to 0.09-0.044 mg/LL ammonia. Monocytes were found very occasionally.

The present study demonstrated obvious toxic effects of ammonia on the
hematological parameters of rainbow trout. Erythrocyte count in blood of fish exposed to
0.09-0.024 mg/L ammonia was significantly lower as compared to controls, accompanied by
a decrease in hemoglobin concentration. Probably these alterations were induced by the toxic
impact of ammonia on the erythropoietic system of fish. The character of changes in the
level of hematocrit was similar to the erythrocyte count: a more-pronounced decrease in
erythrocyte count was accompanied by a decrease in hematocrit level. According to the data
of Thurston et al. (1984), in rainbow trout exposed to concentrations of 0.05 mg NHs-N/L
and greater, hematocrit was reduced and, to a lesser extent, blood hemoglobin content
decreased also. The present data demonstrated a slight decrease in the percent of juvenile
erythrocytes in fish exposed to ammonia, while the percent of old, removal forms of
erythrocytes increased. In our previous study, an increase in the share of old, removal forms
of erythrocytes in blood of fish was induced by a three-month exposure of fish to model
heavy metal mixtures (Vosyliené and Svecevicius 1997). Damaged red blood cells were
observed in blood of fish exposed to 0.09-0.024 mg/L. ammonia and the different shapes of
damaged erythrocytes were observed on blood smears. These were probably caused by
specific cytotoxic action of ammonia on erythrocytes.

Changes in leucocyte count of fish exposed to different ammonia concentrations
demonstrated its adverse effect on the immune system of fish. The highest concentrations of
ammonia studied (0.09-0.044 mg /L) induced leucocytopenia. Possible toxic effects of
ammonia on kidney function can lead to the inhibition of leucocyte production. A decrease
in percent of small lymphocytes also took place, accompanied by an increase in the
proportion of neutrophils. Neutrophilia might be a response of the organism to chronic
effects reflecting a modulation of the immune defense system. Analogous data have been
obtained in fish exposed to higher concentrations of ammonia by other investigators
(Soderberg et al. 1983, Dabrowska and Wlasow 1986). Pollutants affecting the fish may
induce chronic stress that can modulate the responses of the cells of the immune system
(Secombes et al. 1991). A significant decrease in the number of leucocytes (small
lymphocytes) in fish can cause a decrease in antigen production and, thus, a reduced
resistance to disease (Svobodova ef al. 1991, Carballo and Munoz 1991). This same
increased susceptibility to infectious agents may not be pathogenic in an unstressed
environment (Anderson 1990).

The calculation of the Maximum Acceptable Toxicant Concentration for ammonia
relative to the most sensitive parameters of rainbow trout (Table 3) revealed that the lowest
MATC was 0.004 mg/L ammonia, for the integrated parameter relative body mass increase of
larvae.
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Table 3. Maximum Acceptable Concentrations of ammonia (MATC) to biological parameters
of rainbow trout at all stages of development

Parameter studied | MATC, mg/L NH;
Embryos
Heart rate | 0.034
Larvae
Gill ventilation frequency 0.09
Relative body mass increase 0.004
Adult fish
Parameters of RBC 0.02
Leucocyte count 0.03

GUIDELINE RECOMMENDATIONS

The MATC of 0.02 mg/L ammonia for adult fish is very close to the value 0.025
mg/L proposed by the European Union and accepted in Lithuanian water quality norms for
salmonid fish. The lowest MATC for ammonia exposure to fish in the early stages of
development is lower. The concentration calculated for ammonia nitrogen (0.014 mg N/L) is
many times lower than the Maximum Permissible Concentration for ammonia (0.39 mg N/L)
accepted for Lithuanian inland waters.

CONCLUSIONS

A number of morphological and physiological parameters of rainbow trout
Oncorhynchus mykiss in all stages of development were investigated to evaluate their
sensitivity to the effect of ammonia. The biological parameters investigated were found to be
of different sensitivity, the most sensitive being integrated indices such as the growth of
larvae (total body mass increase, relative body mass increase) in chronic bioassays.

Hematological parameters of adult rainbow trout were found to be sensitive to the
effect of ammonia. Even low concentrations of ammonia (close to Lithuania's Maximum
Permissible Concentration) induced significant changes in red blood cell (erythrocyte count,
hemoglobin concentration, hematocrit level, percent of damaged erythrocytes) and white
blood cell (leucocyte, lymphocyte count, neutrophil percent) parameters.

The Maximum Acceptable Concentration, 0.02 mg/L of ammonia to adult fish is very
close to the 0.025 mg/L proposed by the EU and accepted in Lithuania as a water quality
norm for salmonid fish. The Maximum Acceptable Concentration for ammonia to fish in
earlier stages of development is lower. The calculated ammonia nitrogen concentration that
corresponds to this Maximum Acceptable Concentration (0.014 mg N/L) is many times lower
than the Maximum Permissible Concentration for ammonia (0.39 mg N/L) accepted for
Lithuanian inland waters.
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THE EFFECT OF TEMPERATURE ON THE DISTRIBUTION OF ATLANTIC COD
(GADUS MORHUA)

Maria Faldborg Petersen'

ABSTRACT

Different values for the preferred temperature have been reported for Atlantic cod,
ranging from approximately 8° to 14°C. Furthermore, the cod can be subdivided with regard to
hemoglobin genotype. The hemoglobin components can be separated into two homozygous
types, Hbl-1 and HbI-2, and one heterozygous type, HbI-1/2. The geographical distribution of
Atlantic cod with the different hemoglobin genotypes is heterogeneous, with a high frequency of
the HbI-2 allele in the waters off Greenland, Iceland, the Faeroe Islands, northern Norway and
the northern part of the Baltic Sea, while the HbI-1 allele is dominant in warmer areas. An
analysis of existing data indicates that the great difference in the reported temperature
preferences of cod is correlated with the different hemoglobin genotypes. Cod possessing the
different genotypes have very different preferred temperatures: HbI-2 cod prefer 8.2° + 1.5°C
while HbI-1 cod prefer 15.4° + 1.1°C. This paper also discusses the theory of optimized
physiology at the preferred temperature for the different genotypes of cod, and the potential
effect of rising water temperature on the distribution of cod.

INTRODUCTION

Abiotic parameters, such as temperature, are of considerable importance when studying
the distribution patterns of temperate fish. Atlantic cod are found at temperatures ranging from —
1 ° to 24°C (Jobling 1988). Since cod are distributed within this wide range of temperatures,
they can obviously tolerate them. Within these limits, however, the physiology of the cod is
optimized in a narrower temperature range. This zone is termed the preference zone or more
specifically the preferred temperature.

For several years, the generally-accepted value for the preferred temperature of Atlantic
cod has been approximately 14°C; however values as low as 6°C have been reported from
experiments conducted in Canada (Clark and Green 1991, Despatie et al. 2001). In this
communication, [ present theoretical considerations about the preferred temperature and
empirical evidence to show that Atlantic cod can be subdivided into three major types depending
on their hemoglobin type, each having its own preferred temperature. Whether the difference in
the preferred temperature of Atlantic cod also is correlated with physiological differences will be
discussed. Potential changes in the Atlantic cod stocks with a rise in seawater temperature as a
consequence of global warming will also be discussed.

! University of Copenhagen, Marine Biological Laboratory, Strandpromenaden 5, DK-3000 Helsingor, Denmark
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THEORETICAL CONSIDERATIONS

Behavioral Thermoregulation

Most species of fish show behavioral temperature regulation and thereby tend to be found
within a specific temperature interval. This behavior is advantageous for the fish since several
processes, such as acid-base balance, metabolism, blood flow, locomotion, ion and water flux, as
well as enzymes and the nervous system are influenced by temperature (Crawshaw 1979). The
mechanism behind behavioral thermoregulation is controlled by the central nervous system and
is comparable to similar mechanisms in higher vertebrates. Fish can register even small
temperature changes. As small a difference as 0.03-0.1°C has been reported as whole-body
sensitivity (Crawshaw 1979).

The temperature interval a fish is limited to can be subdivided into the resistance,
tolerance and preference zones (Figure 1). In the resistance zone, the fish meets extreme
temperatures and its survival time is strongly dependent on the exposure time (Jobling 1994). In
the tolerance zone, the fish survives without temperature-associated problems, while the
preference zone, centered on the preferred temperature, is thought to be the zone where
physiological processes are optimized (Jobling 1994). Physiological processes that have been
shown to be optimized at the preferred temperature are appetite, growth rate, active metabolic
rate, the scope between standard and active metabolic rate, and sustained swimming speed
(Figure 2) (Brett 1971, Beitinger and Fitzpatrick 1979, Jobling 1981).

Definitions for the Preferred Temperature

The preferred temperature of ectothermic animals has been measured over time using
different methods and without being explicitly defined. However, in 1947 Fry defined a theory
in two parts for preferred temperature. First, preferred temperature was defined as “That
temperature at which the preferred temperature is equal to the acclimation temperature.” The
first part of the theory is based on determining acute preferred temperature, which is the
temperature preferred by the fish within the first 1-2 hours after being placed in a gradient. Fish
acclimated to different temperatures have different acute preferred temperatures. The first
definition of the preferred temperature of a species is where the line of the acute preferred
temperature and equality line cross (Figure 1). The second part of Fry's definition is: “That
temperature around which all individuals will ultimately congregate, regardless of their thermal
experience before being placed in the gradient.” This definition is based on measurement over
longer periods of time until the fish has reached its preferred temperature and thereafter stays
within a narrow temperature range.
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Response Temperature
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Figure 1. Temperature polygon showing the different temperature zones. The resistance zone is
between the Critical Thermal Maximum (CTM) and the Upper Incipient Lethal
Temperature (UILT). LILT = Lower Incipient Lethal Temperature. The preferred
temperature, surrounded by a narrow preference zone, can be found at the intersection of
the Acute Preference Line (AP) and the Line of Equality (LE) (from Jobling 1981).
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Figure 2. The preferred temperature as a function of growth optimum for various fish species,
confirming the theory of optimized physiology at the preferred temperature (from Jobling
1988).

Reynolds and Casterlin (1979) compared the two methods generally used to measure
preferred temperature. In experiments with the cichlid Tilapia mossambica and the bluegill
Lepomis macrochirus no significant difference in preferred temperature based on measurement
method was found. The preferred temperature of the Atlantic cod has been measured by both
methods. Jobling (1988) used data from experiments where the acute preferred temperature had
been measured, and the intersection between this line and the line of equality was approximately
14°C. A similar value (13.9+£2.7°C) was measure by Schurmann and Steffensen (1992) using a
shuttle box system, where the cod was allowed to control its own body temperature by shuttling
between a warm and a cold chamber.
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Factors Influencing the Preferred Temperature

The preferred temperature for a species of fish is not a fixed value, but changes with
circumstance. Ontogeny, season, reproductive status, toxicity, health, diel rhythms, food ration,
salinity, biological interactions and hypoxia are some of the factors influencing the preferred
temperature (Reynolds and Casterlin 1980). For Atlantic cod, the effect of season, food ration
and hypoxia on the preferred temperature have been examined. Clark and Green (1991) studied
the effect of season and concluded that the preferred temperature changes significantly during
the year. An average temperature of approximately 8°C was preferred during the summer
months, whereas lower temperatures were preferred in winter. The amount of food consumed by
the cod also influences the preferred temperature. Fish fed an intermediate food ration preferred
the highest temperature of around 6°C (Despatie ef al. 2001). Hypoxia results in a decrease of
the preferred temperature. Experiments by Schurmann and Steffensen (1992) showed that cod
prefer around 14°C at normoxia and 9°C at 15% oxygen saturation.

Besides showing that the preferred temperature of cod is not a fixed value, these studies
also demonstrated great variation among the values of preferred temperature of cod under
“normal” conditions. While Clark and Green (1991), as well as Despatie et al. (2001), found a
preferred temperature of cod lower than 10°C, Schurmann and Steffensen (1992) and Jobling
(1988) all measured values of approximately 14°C. Why the preferred temperature of cod,
according to these literature values, seems to fall into two groups has been an unanswered
question. We (Petersen and Steffensen 2003) found a reasonable answer to this when looking
thoroughly into the different hemoglobin genotypes that exist among Atlantic cod.

Polymorphic Hemoglobin of Atlantic Cod

The different types of Atlantic cod hemoglobin have been known since 1961 (Sick 1961).
Experiments with agar gel electrophoresis revealed that Atlantic cod hemoglobin consists of two
homozygous genotypes (Hbl-1 and HbI-2) and one heterozygous genotype (HbI-1/2) (Figure 3).
These genotypes are controlled by two alleles referred to as HbI' and HbI>. The different
hemoglobin genotypes are heterogeneously distributed throughout the Atlantic cod’s range. The
frequency of the HbI' allele is low in the northern Baltic Sea (Sick 1965a), and off North
America, the Faeroe Islands, Iceland and Greenland (Sick 1965b). It increases to the south and
reaches a maximum of 0.72 off the coast of the Netherlands (Figure 4). Such polymorphism of
fish hemoglobin is prevalent (Kirpichnikov 1981) and is often essential if fish change habitat
during their development, or if they shift between different environments where changes in
respiration media (water, air), salinity, or other factors occur (Jensen et al. 1998). However, for
many species of fish the reason for polymorphic hemoglobin is not well understood, as was the
case with the Atlantic cod.
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Figure 3. Agar gel of the three different hemoglobin genotypes. HbI-1 and HbI-2 can be
separated by a fast and a slow moving single band, respectively (homozygous), and HblI-
1/2 contains a double band (heterozygous).
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Figure 4. Sea-surface temperature (°C) and the frequency distribution of the HbI' allele (0-1)
throughout the range of the Atlantic cod (from Petersen and Steffensen 2003).
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EMPIRICAL EVIDENCE
Preferred Temperature of the Different Hemoglobin Genotypes

When searching for a reason why Atlantic cod blood is polymorphic, the heterogeneous
distribution of the two alleles coding for the different genotypes and the great variety in preferred
temperature measured for the Atlantic cod suggest that temperature could be a selective
parameter. We (Petersen and Steffensen 2003) decided to measure the preferred temperature of
Atlantic cod homozygous for Hbl-1 and HbI-2 to test whether temperature is the selective
parameter in the distribution of Atlantic cod. We determined the genotypes with agar gel
electrophoresis and used a shuttle box system to measure the preferred temperature of the fish.
After 24 hours of shuttling between a cold and a warm chamber, the temperature interval
preferred by the cod was stabilized within a few degrees. A very large difference was found
between the preferred temperatures of Hbl-1 and HbI-2 cod. Hbl-1 fish preferred a temperature
of 15.4£1.1°C, while HbI-2 fish preferred a temperature of 8.2+1.5°C. Thus, we were able to
conclude that the heterogeneous distribution of the hemoglobin genotypes of Atlantic cod is due
to temperature. The high frequency of the HbI-2 allele where the ambient water temperature is
low is due to the low preferred temperature of Hbl-2 cod. Furthermore, the difference in the
preferred temperature between the different genotypes can also explain why Clark and Green
(1991) and Despatie et al. (2001) found a preferred temperature of Atlantic cod lower than 10°C.
This is due to the fact that these experiments were conducted in Canada, where the HbI-2 allele
is dominant. In contrast, a preferred temperature of approximately 14°C was measured by
Schurmann and Steffensen (1992) with cod caught in waters around Denmark, where the
frequency of the HbI-1 allele is high.

How the Hemoglobin Genotypes can Control the Preferred Temperature

The difference between the Hbl-1 and HbI-2 genotypes is limited to an extra histidine-
containing peptide in the HbI-1 type, and therefore the structural differences are minimal
(Rattazzi and Pik 1965). However, differences in the biochemical properties have been
described for the genotypes. The oxygen affinity of hemoglobin is higher for HbI-2 cod at low
temperatures (<10°C), and for HbI-1 cod, at some blood pH values, at high temperatures
(>14°C) (Karpov and Novikov 1981, Brix ef al. 1998, McFarland 1998). This explains why
HbI-2 cod prefer lower temperatures than Hbl-1 cod.

Optimized Physiology at the Preferred Temperature

A few physiological studies have distinguished between the genotypes of cod. Data from
these studies can be analyzed with respect to the known difference in the preferred temperature
to test whether the theory of optimized physiology at the preferred temperature is valid.
Differences in respiration parameters were analyzed by McFarland (1998). A significantly lower
standard metabolic rate (SMR) for HbI-2 cod at 4°C compared with HbI-1 cod was found.
However, a lower SMR for Hbl-1 cod at high water temperatures was absent. Critical oxygen
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partial pressure (P.i;) was also measured. HbI-2 cod had an advantageously lower P value at
4°C and when the temperature was decreased rapidly from 10°C to 4°C. For HbI-1 cod, the P
value was lower compared to HbI-2 cod upon an acute temperature increase (10°C to16°C).
Feeding behavior has also been examined, and a higher competitive performance was found for
HbI-2 cod measured at 6°C (Salvanes and Hart 2000). Unfortunately, no such experiment has
been made at higher temperatures. Growth rate is another parameter that has often been found to
be optimized at the preferred temperature. Some studies have attempted to define the growth
rates of the two hemoglobin genotypes (Navdal ef al. 1992, Jorstad and Navdal 1994, Mork et
al. 1983, 1984). In these experiments, however, the different genotypes must be separated to
distinguish between exact growth rate and behavioral differences in competitive performance,
and no such study has yet been performed. So far, it appears that the theory of optimized
physiology at the preferred temperature fits HbI-2 cod perfectly, whereas the advantages of Hbl-
1 cod at high water temperatures are less well known.

Preferred Temperature of the Different Hemoglobin Genotypes during Hypoxia

Another question to ask, with regard to the difference in the preferred temperature
between hemoglobin genotypes of cod, is whether the two types respond similarly to parameters
affecting the preferred temperature. Hypoxia is a common phenomenon in several habitats
where Atlantic cod reside, especially in coastal regions such as the Gulf of St Lawrence (Chabot
and Dutil 1999) and the Baltic Sea (Nielsen and Gargas 1984). We (Petersen and Steffensen
2003) analyzed the effect of hypoxia on the preferred temperature. The oxygen saturation was
decreased to 35% and the preferred temperature was measured for eight cod with the HbI-1
genotype and eight individuals of the HbI-2 genotype. Figure 5 shows that the preferred
temperature decreased from 15.4+1.1°C to 9.84+1.8°C in HbI-1 cod exposed to hypoxia, but that
this tendency was absent in HbI-2 cod. There are several physiological advantages in lowering
the body temperature during hypoxia, including lower metabolic rate, higher oxygen affinity for
hemoglobin and higher oxygen solubility in the water (Jobling 1994). The disadvantages of
preferring lower water temperatures during hypoxia are a reduction in swimming speed as well
as a reduction in food intake and digestion rate, that result in decreased growth (Brett 1971).

Previous studies where fish were exposed to hypoxia have shown a decrease in the
preferred temperature; this was, however, dependent on the level of hypoxia (Schurmann et al.
1991, Schurmann and Steffensen 1992). The observation that the preferred temperature of HbI-2
cod did not decrease as a consequence of hypoxia indicates that the energy-saving advantage of
an even lower temperature was not necessary for the HbI-2 cod to survive. However, if the Hbl-
2 cod had been exposed to a lower level of hypoxia, possibly the preferred temperature would
have decreased.
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Figure 5. Oxygen saturation, swimming speed and water temperature measured for cod with
hemoglobin types HbI-1 and HbI-2. When the oxygen saturation is lowered to 35%, the
preferred temperature of Hbl-1 cod decreases, while this tendency is absent for HbI-2 cod
(from Petersen and Steffensen 2003). Swimming speed is expressed in body lengths/sec.

Distribution of Atlantic Cod with Temperature

When trying to answer the question of how Atlantic cod are distributed with respect to
temperature, it is of primary importance to consider the different hemoglobin genotypes of cod.
HbI-1 and HbI-2 cod prefer very different temperatures, and from the frequency distribution of
occurrence for the different types, it is clear that they distribute themselves with regard to their
preferred temperature. Whether this is true on a small scale, for instance in a temperature-
stratified water column, is still a question of interest.

The information about the preferred temperatures of HbI-1 and HbI-2 cod also indicates
that increasing water temperatures, for instance because of global warming, will result in an
increased frequency of Hbl-1 cod, because this hemoglobin type prefers a higher temperature. If
a combination of increased water temperatures and hypoxia should occur, the predicted
superiority of Hbl-1 as a consequence of increased water temperatures, and the fact that HbI-1
cod prefer a lower temperature during hypoxia, will cause an unfavorable situation for the HbI-1
cod. This situation is especially relevant in coastal regions where hypoxia is common, and could
cause extensive damage, for example, to the Baltic cod stock.
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CHRONIC NON-LETHAL LEVELS OF HYPOXIA LIMIT DISTRIBUTION AND
GROWTH OF ATLANTIC COD (GADUS MORHUA) IN THE NORTHERN GULF OF
ST. LAWRENCE, CANADA

Denis Chabot!

ABSTRACT

In the St. Lawrence estuary and Gulf of St. Lawrence, waters deeper than =150 m do not
mix with surface waters. As a result, the deep channels that characterize this ecosystem are
hypoxic. Oxygen levels vary from =50 to 60% saturation in Cabot Strait, where oceanic waters
enter the Laurentian Channel, to =20-30% saturation in the estuary, approximately 1000 km
upstream. Such low values of dissolved oxygen were expected to play a role in the survival,
distribution, and growth of Atlantic cod.

Laboratory experiments were conducted to determine the lethal (LCs 96 h) and incipient
lethal (LCs 96 h) hypoxia thresholds for cod. Two size classes (small cod, 45.2 cm + 4.2 [mean
+ SD] and large cod, 57.5 cm =+ 3.8) and two water temperatures (2 and 6°C) were tested. We
found no size or temperature effect on tolerance of hypoxia. The lethal threshold was 21.0% O,
saturation (95% CI: 18.8-23.2% O,), while the incipient lethal threshold was 28.1% O, saturation
(95% CI: 23.4-32.8% O;). No fish died when O, saturation was >34%.

To measure the impact of non-lethal hypoxia on growth, cod were raised for 84 days at
10°C and fed capelin ad /ib for one hour, three times a week, while exposed to one of six oxygen
treatments ranging from 45 to 93% saturation. Significant increases in length, mass, and
condition were observed in all treatments. However, these increases were significantly less at 44
and 54% O, saturation than in the other treatments. Regression analysis showed that growth was
limited by oxygen below 70% saturation.

We also observed that food ingestion, which was inversely related to dissolved O,,
explained almost all variability in growth between treatments. Hypoxia could limit maximum
meal size, which would have resulted in a reduction in food ingestion because of the fixed
feeding frequency. Hypoxia could also slow down digestion and hence food ingestion. A
second growth experiment was undertaken to discriminate between these two alternatives. Cod
were again raised at 10°C, and offered one, three, or seven meals per week, either at 45 or 90%
O, saturation. The experiments lasted 56 days in 1999 (two replicate tanks for each treatment)
and 62 days in 2000 (one tank per treatment). In normoxia, changes in mass and condition were
significantly reduced at one meal per week compared to three and seven meals. In hypoxia,
however, growth and condition were reduced at one compared to three meals per week and it
was the only significant difference. At one meal per week, growth and condition were equally

! Institut Maurice-Lamontagne, Fisheries and Oceans Canada, 850 route de la Mer, B. P. 1000, Mont-Joli, QC, G5H
324, Canada
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poor at both oxygen levels. At three and seven meals per week, growth was greater in normoxia
than in hypoxia. Furthermore, cod in hypoxia ate the same size meals as cod in normoxia at the
beginning of the experiment, and during the experiment for the one-meal treatment. Together,
these results suggest that hypoxia does not limit the size of meals cod can eat, but slows
digestion and therefore food ingestion.

Field observations of dissolved oxygen and cod distribution were used to estimate the
proportion of fish from the northern Gulf of St. Lawrence stock that was exposed to each of six
classes of dissolved oxygen during the 1995 feeding season. Relationships between oxygen and
food ingestion, and between food ingestion and growth were then used to estimate growth
production for the stock. Cod density was inversely related to dissolved oxygen. Nevertheless,
close to 50 and 25% of the fish were found in hypoxic waters during the summer and fall
surveys, respectively. Overall, this simple model estimated a decrease in growth production of
about 18% in summer, and 9% in the fall for this particular stock.

INTRODUCTION

In most hypoxic coastal marine ecosystems such as the Black Sea, the Kattegat, the
Adriatic Sea, the northern Gulf of Mexico, and others, the ultimate cause of hypoxia appears to
be eutrophication due to excessive nutrient loading (Diaz and Solow 1999). Hypoxia follows a
seasonal cycle in these ecosystems (Pihl 1989, Diaz and Solow 1999, Craig ef al. 2001). The
deep waters of the Baltic Sea are also periodically hypoxic, although not on a seasonal basis, but
rather between storm events that replenish the deep basins with saline, oxygen-rich water from
the North Sea (Nissling and Westin 1991, Tomkiewicz et al. 1998). However, the hypoxia also
seems to have been aggravated by eutrophication (Diaz and Solow 1999) that accelerates oxygen
utilization between storm events. Biological consequences of hypoxia include mass mortality of
benthos or demersal fish, displacement (migration) of demersal fish to adjacent or shallower
waters that can be suboptimal habitats, recruitment failure in fish stocks, declines in commercial
fisheries, changes in diet of demersal fish, and community changes favoring hypoxia tolerant
species (Seliger et al. 1985, Rosenberg and Loo 1988, Pihl 1989, Nissling et al. 1994, Pihl 1994,
Wieland et al. 1994, Breitburg et al. 1997, Tomkiewicz et al. 1998, Diaz and Solow 1999, Craig
et al. 2001). Even air-breathing species, such as sea turtles and marine mammals, can be forced
to change their distribution in response to changes in the distribution of their prey (Craig et al.
2001).

The Gulf of St. Lawrence, a semi-enclosed sea of approximately 200,000 km? in eastern
Canada (Figure 1), is a lesser-known example of a coastal system characterized by hypoxia. In
this case, however, low levels of dissolved oxygen occur naturally at depths >200 m year-round,
and a large proportion of the water volume is hypoxic. At such depths, levels of dissolved
oxygen vary from about 25-70% saturation. For temperatures of 3-6°C and salinity of about 34,
this results in a range of 2.7-7.0 mg - L™ dissolved oxygen (DO) concentration (Benson and
Krause 1984).

Most studies have focused on severe levels of hypoxia, typically <2 mg - L™ DO, when
assessing the impact of hypoxia on living organisms. However, organisms vary in their
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susceptibility to hypoxia (Davis 1975), so a single threshold value does not represent the same
severity of stressor for all species. Furthermore, responses to hypoxia are not limited to all-or-
nothing types, and less severe hypoxia can still produce biologically significant responses (Davis
1975, Craig et al. 2001, Dutil and Chabot 2001). Given that energy requirements of organisms
are not constant, but depend on many factors including ontogeny, ration, reproductive status, and
activity levels, the response of different organisms to the same level of dissolved oxygen is not
identical (Dutil and Chabot 2001). Therefore, we were interested in examining responses of
what was once a major demersal predator in this ecosystem, the Atlantic cod (Gadus morhua), to
the range of dissolved oxygen values found in the St. Lawrence Estuary and Gulf of St.
Lawrence.
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Figure 1. Level of dissolved oxygen (% saturation, Winkler titration) on the bottom of the Gulf
of St. Lawrence. x : stations sampled between 11 Aug 1995 and 15 Sep 1995; + : stations
sampled between 15 Oct 1995 and 17 Nov 1995. The 200 m isobath is shown as a white
line. NAFO divisions borders are solid black lines.

After a brief description of the main features of the study area, this paper reviews some
laboratory experiments undertaken at the Maurice-Lamontagne Institute to assess the impact of
hypoxia on the survival and growth of cod. These findings were then combined with field
measurements of dissolved oxygen, cod distribution, and cod stomach content data to assess the
possible impact of hypoxia on growth production of one cod stock in the Gulf of St. Lawrence.
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THE STUDY AREA

The Gulf of St. Lawrence and the St. Lawrence Estuary are characterized by deep troughs
varying in depth from 300-500 m near Cabot Strait to 250-300 m in the estuary. The Laurentian
Channel (Figure 1) that begins at the oceanic shelf margin south of Newfoundland runs
approximately 1200 km from east to west through the entire Gulf of St. Lawrence, ending in the
estuary. The Esquiman Channel runs approximately south to north along the west coast of
Newfoundland, whereas the Anticosti Channel begins in the Esquiman Channels and runs
westward along the north shore of Anticosti Island.

A second important characteristic of the Gulf of St. Lawrence, as it affects hypoxia, is
stratification. A cold, intermediate layer (CIL, temperature <0°C and average salinity = 32.4)
(Lauzier and Trites 1958, Gilbert and Pettigrew 1997) is present year-round. In winter, the water
column is a two-layer system, with the cold layer mixing with the surface layer via storm events
and density changes of surface waters caused by cold, winter air temperatures; (Koutitonsky and
Bugden 1991). Starting in April, the water column becomes a three-layer system as surface
temperature increases and salinity decreases (Koutitonsky and Bugden 1991, Gilbert and
Pettigrew 1997). In summer, the CIL is found from =50 to 100 m deep, although this depends on
one’s definition of cold. Both surface waters and the CIL are rich in oxygen.

Deep waters at 3-6°C do not mix with the CIL or surface waters. This prevents them
from being replenished in oxygen. These deep waters originate at the mouth of the Laurentian
Channel and flow landward. Oxygen levels vary between 50 and 70% saturation in Cabot Strait
(Bugden 1991, Gilbert and Pettigrew 1997). As these waters progress toward the head of the
Laurentian and other channels, they become progressively more depleted in oxygen, probably
due in part to metabolism by demersal and benthic fish and invertebrates, but mostly due to
nutrient recycling from dead plankton sinking to the deep layer (Coote and Yeats 1979).
Dissolved oxygen levels of 20-30% saturation are typical of the western end of the Gulf of St.
Lawrence and the St. Lawrence Estuary (Figure 1). Recent evidence suggests that
anthropogenic causes have worsened the situation in the estuary (D. Gilbert, Maurice-
Lamontagne Institute, pers. comm.), but deep waters in the troughs of the Gulf of St. Lawrence
are hypoxic because of normal hydrographic and biological processes. As a result, there are only
minor seasonal fluctuations in dissolved oxygen levels of the deep waters of the Gulf of St.
Lawrence with fluctuations over many years due to varying proportions of Labrador and western
North Atlantic water entering at the mouth of the Laurentian Channel (Bugden 1991).

Two cod stocks inhabit the Gulf of St. Lawrence in summer. The first stock is found in
the estuary and southern part of the gulf (Northwest Atlantic Fisheries Organization, NAFO,
division 4T). Although oxygen levels are very low (20-30%) in the estuary, the southern gulf'is
too shallow for hypoxia to be a problem (Figure 1). The second stock lives in the northern part
of the Gulf of St. Lawrence (NAFO divisions 4RS3Pn). In spring, cod from this stock disperse
into the northern gulf for spawning and the post-spawning feeding period. In late autumn, cod
older than two years migrate to deep waters in the Esquiman and Laurentian Channels
(Chouinard and Fréchet 1994, Castonguay et al. 1999), and in winter many fish migrate out of
the area altogether (east of 3Pn) (Castonguay et al. 1999).
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SURVIVAL AND GROWTH OF COD UNDER HYPOXIA
Tolerance Experiments

As early as 1991, it was apparent that cod were not distributed randomly relative to
dissolved oxygen. Cod were absent in trawl sets where there was less than about 30% oxygen
saturation, which suggested that 30% was close to the lethal level of hypoxia (D'Amours 1993).
The available literature gave a rather wide interval of lethal dissolved oxygen thresholds for cod.
Scholz and Waller (1992) observed 50% mortality within 24 h when cod were exposed to 40%
oxygen saturation at 8°C, and that no cod survived when exposed to 20%, showing intolerance to
even mild hypoxia. On the contrary, Sundnes (1957) and Schurmann and Steffensen (1992)
concluded that cod were very tolerant to hypoxia because loss of equilibrium only occurred
below 15% saturation at 10°C, and at 5% at 5°C. Differences in methodology and definitions
made it difficult to compare these studies.

To determine the lethal hypoxic threshold, we conducted LCsy 96h (lethal concentration
for 50% of the fish within 96 h) toxicity experiments (Plante ef al. 1998). This definition of
lethal threshold is widely accepted in the toxicity literature, and future comparisons with new
studies will be easier. However, the biological interpretation of a LCs value in relation to
distribution of wild cod is not ideal, because fish are known to detect small differences in
dissolved oxygen (Claireaux et al. 1995), and would leave an area long before such high toxicity
was reached unless there was nowhere else to go. Therefore, we also calculated the LCs 96h, i.e.
the level at which mortalities first begin to be statistically significant, and used it as a measure of
the incipient lethal threshold for dissolved oxygen.

These experiments were conducted at 2°C and 6°C, temperatures that encompass the
range of possible hypoxic waters in the Gulf of St. Lawrence. Two size-classes were tested:
small cod (mean = SD; 45.2 cm + 4.2) and large cod (57.5 cm + 3.8). Cod were transferred
directly from normoxic to hypoxic conditions and mortalities assessed periodically (1, 3, 6, 12 h,
and then every 12 h) over a period of 96 hours. For each size and temperature combination, the
experiment was repeated twice, each time with 10 fish in each of six tanks, with six levels of
dissolved oxygen ranging from 14 to 42% saturation. Using PROBIT analyses (Stephan 1977)
on values of total mortality after 96 h and log-transformed oxygen saturations, we calculated the
LCSO and LC5

No cod survived more than a few hours at 13.8% of oxygen saturation, and only a few
survived 96 h at 17.8% of oxygen saturation. Mortality decreased quickly at 23.7% O,
saturation, and all fish survived 96 h at 36.5 and 42.5%. Overall, LCsy and LCs were 21.0%
saturation (95% confidence interval 19.9-22.1) and 28.1% (25.8-30.5), respectively (Plante et al.
1998). We found no difference between hypoxia tolerance at 2°C and 6°C, even though we
expected a lower tolerance at 6°C than at 2°C due to increasing fish metabolic rate and oxygen
consumption with increasing temperature (Brett and Groves 1979). The temperature range may
have been too small in this study, because Schurmann and Steffensen (1992), working with 80-
200 g cod, did find better hypoxia tolerance at lower temperatures. There was also no difference
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in hypoxia tolerance between the two size classes, even though large fish have smaller mass-
specific metabolic requirements than do small fish. Again, this was likely due to the small
difference between the two size-classes in this study. Our values of lethal hypoxic thresholds fell
within the range of published values, but they differed from the results of any single study,
mostly because of methodological differences (for details, see Plante ef al. 1998). Our results
support the suggestion of D'Amours (1993): potentially lethal oxygen levels occur in the deep
channels of the Gulf of St. Lawrence, particularly in the estuary and west of Anticosti.

Hypoxia as a Limiting Factor for Cod Growth

Figure 1 shows that most of the deep channels have dissolved oxygen levels between the
30% lethal threshold and what can be considered saturated (e.g. >80% saturation). There were
no published data on the effects of such non-lethal levels of hypoxia on cod. We conducted an
experiment to find out if growth rate was limited by dissolved oxygen, and if so, the relationship
between dissolved oxygen and growth rate.

Using the same experimental setup as for the tolerance experiment, food ingestion, gross
conversion efficiency, and growth in length and mass of cod averaging 44.2 + 3.1 cm in length
and 715.3 + 188.2 g in weight (somatic condition factor 0.81 + 0.10) were determined for 120
cod exposed to hypoxic waters ranging from 45 to 93% saturation over a period of 84 days, at
10°C. There were six levels of saturation, and 20 fish per tank. The fish were individually
tagged to determine individual growth. Cod were fed three times a week with frozen capelin,
Mallotus villosus, a natural prey item in the cod diet. The quantity of capelin eaten was
measured for each tank.

Significant growth occurred in all treatments, even at 45% saturation (Chabot and Dutil
1999). However, growth in length and in mass, as well as change in condition, were
significantly reduced at 45 and 56% saturation than at higher levels of dissolved oxygen (Figure
2). At 45% saturation, growth in length and mass was reduced by 35 and 56%, respectively, and
change in condition was reduced by 64%. The incipient level of dissolved oxygen for growth
was defined as the intersection of the regression line fitted to the data for the three lowest levels
of dissolved oxygen, and the line representative of growth in normoxia (84 and 93% saturation).
The incipient level was 65% saturation for growth in length, and 73% for growth in mass and
change in condition (Figure 2). Cod inhabiting waters deeper than roughly 150-200 m in the
Gulf of St. Lawrence are thus expected to grow more slowly than cod living in shallower waters
under similar food and temperature conditions. A large proportion of the cod stock in the
northern Gulf of St. Lawrence appears to live in growth-limiting, low oxygen conditions during
the late summer feeding period (D'Amours 1993).

During this experiment, food ingestion rates were largely determined by oxygen
availability (Chabot and Dutil 1999, Figure 4a):

1) Ingestion = -74.22 + 54.51 - log (dissolved oxygen, % sat. > =0.93).
g g yg
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This variation in appetite explained almost all the variance in growth observed during our
study (Chabot and Dutil 1999, Figure 4a):

2) Growth =-0.283 + 0.285 - Ingestion (> = 0.93).
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Figure 2. Growth (mean and 95% CI) in length and mass and change in condition factor in
Atlantic cod during an 84 day growing period at different levels of dissolved oxygen.
Means with the same letters were not different in post-hoc comparisons. Long-dash line
= mean value in normoxia (84 and 93% O,); short-dash line = regression fitted to data for
the three lowest levels of dissolved oxygen. The intersection of these two lines is the
critical level of dissolved oxygen. From Chabot and Dutil (1999).
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Effect of Hypoxia on Meal Size

Our first growth experiment showed that cod eat less in hypoxia, and in turn grow less.
High energy demands associated with post-prandial mechanisms (Soofiani and Hawkins 1982)
can trigger a negative feedback on physiological mechanisms controlling appetite or behavioral
processes associated with feeding activities. If peak oxygen consumption after a meal of a given
size is related to meal size, hypoxia may force cod to ingest small quantities of food, or else the
energy demand becomes too high and they are forced to regurgitate (regurgitation is often
observed if cod eat in normoxia and are then placed in hypoxia). Because only three meals were
offered each week, it is possible that the impact of hypoxia on growth was exaggerated compared
to a more natural situation in which cod could eat more frequently and compensate somewhat for
limited meal size. Alternatively, it is possible that reduced oxygen availability during hypoxia
simply slows down digestion, in which case our experiment correctly describes the impact of
hypoxia on growth.

To discriminate between these two hypotheses, a two-factor growth experiment was
conducted at 10°C, using 9-12 individually tagged cod per tank (total n = 183, length = 46.5 cm
+ 3.4, mass = 960.4 g + 284.0 and condition = 0.93 £ 0.14). The first factor, oxygen, had two
levels: normoxia (>90% saturation) and hypoxia (45% saturation). The second factor, meal
frequency, had three levels: one, three, or seven times a week. One meal consisted of as much
capelin as cod could eat in one hour. Two replicates were carried out in autumn 1999 (56 days),
and a third one in autumn 2000 (62 days).

Unfortunately, growth was much slower in 2000 than in 1999, and the results could not
be analysed as planned. We found a negative relationship between growth and initial condition
(see Figure 7 in Chabot ef al. 2001), probably as a result of compensatory growth mechanisms in
lean cod (Dutil ef al. 2001). Therefore, initial condition was included as a covariate.

Because of significant interactions, we looked at the effect of meal frequency separately
for fish raised in normoxia and in hypoxia, and also compared growth between normoxic and
hypoxic fish for each feeding frequency. The effect of meal frequency was clear in normoxia:
growth increased significantly from one to three meals per week. Increasing meal frequency
further resulted in a non-significant increase in growth (Figure 3). In hypoxia, growth was
significantly faster at three than at one meal per week, but growth at seven meals per week did
not differ from growth at the other feeding frequencies.

Comparisons between oxygen levels showed no difference in growth rate between cod
raised in normoxia or hypoxia offered a single meal per week. However, growth was faster in
normoxic than hypoxic cod at three and seven meals per week (Figure 3).

The large changes in growth (and food ingestion) between 1999 and 2000 rendered
meaningless the analysis of the impact of oxygen and meal frequency on meal size, especially
since only one measure of meal size was available for each tank (the individual meal size
measurements were not independent, so the mean was used). The trends are quite informative,
however (Figure 4). Regardless of oxygen treatment, meal size tended to decrease as meal
frequency increased. Most importantly for the two investigated hypotheses, cod in normoxia that
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were fed one meal per week should have had empty stomachs before each meal according to
gastric evacuation models. Therefore, they should have eaten as much as stomach volume
permitted. Figure 4 shows that cod raised in hypoxia and fed once a week were able to eat as
large a meal as cod in normoxia. This eliminated the hypothesis that hypoxia limits meal size in
cod.

In addition, cod raised in normoxia grew faster when feeding frequency was >1 meal per
week (Figure 3). Added support to the suggestion that cod fed one meal per week were limited
in their food intake by maximum stomach volume. The lack of a significant increase in growth
when normoxic cod were offered seven meals per week instead of three suggested that food
intake for those fish was limited by digestion rate. Conversely, the small increase in growth
when hypoxic cod were offered more than one meal per week suggested that hypoxia slows
down digestion rate, and that at 45% saturation and 10°C, cod cannot digest much more than the
equivalent of a full stomach of capelin during one week.

Therefore, we think that wild cod facing hypoxic conditions will also suffer from a
reduction in digestion rate, and, therefore, a reduction in ingestion and growth rate.
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Figure 3. Growth in mass (adjusted for initial condition (Fulton K) of fish) of cod raised in
hypoxia (45% oxygen saturation) or normoxia (>90%) and fed one, three or seven meals
per week. Error bars = 95% CI. A posteriori, growth was compared between meal
frequencies for hypoxic and then normoxic fish. Means with the same letter did not
differ significantly.
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Figure 4. Average meal size eaten by cod in each tank.

MODELING THE IMPACT OF HYPOXIA ON WILD COD

Taken together, our laboratory results show that cod risk death if they remain in waters
with less than 30% saturation in oxygen, and face reduced growth rates if they stay in waters
with 30-70% saturation in oxygen. To assess the impact of hypoxia on the growth of wild cod,
we needed to determine the levels of dissolved oxygen cod are actually exposed to in the field,
and assess the likely growth rate of cod under those conditions. Chabot et al. (2001) made a first
attempt to estimate the impact of hypoxia on growth production for this stock using field
measurements of bottom dissolved oxygen for the summer and fall of 1995 and cod distribution
data for July 1995 in conjunction with the general conclusions on growth under hypoxic
conditions obtained from the laboratory studies described herein. Two more cod surveys were
added in Chabot and Couturier (2002), so that cod distribution in relation to level of dissolved
oxygen was known for most of the feeding season. However, a few survey strata from the
adjacent NAFO division 4T were accidentally included in that study. Herein, the model was
reconstructed for NAFO divisions 4RS3Pn only, and cod stomach content data are examined to
verify that food ingestion in the field was influenced by oxygen level, as it was in the laboratory.
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Dissolved Oxygen

Details of the data (Winkler titrations) used to describe bottom dissolved-oxygen levels
are given in Chabot and Couturier (2002). Briefly, water samples were taken 5-10 m from the
bottom at 141 stations visited between 11 Aug 1995 and 17 Nov 1995 (Figure 1).

Six classes of dissolved oxygen levels were defined according to the results of the
laboratory experiments: <30% saturation, where survival is compromised (Plante et al. 1998),
30-39.9, 40-49.9, 50-59.9, and 60-69.9% saturation, where growth is limited by oxygen
availability, and >70% saturation where growth is independent of oxygen availability (Chabot
and Dutil 1999). To calculate the areas covered by these oxygen classes, coordinates of the
oxygen stations and of the cod survey stratum boundaries were transformed to km (relative to
62°W and 49°N, near the centre of the study area) from decimal degrees according to Rivoirard
et al. (2000).

There were no data on the interaction between oxygen, temperature, cod size, and cod
growth. Therefore, for each oxygen class, a typical rate of food ingestion as a function of
dissolved oxygen, and a typical growth rate as a function of ingestion rate were calculated for a
fish the size of our laboratory fish (44 cm, 700 g, Fulton K = 0.8) using equations 1 and 2. We
then assumed that these typical growth rates (expressed as the proportion of the growth
achievable in normoxia) can be applied to cod of other sizes, at temperatures of 3-6° C. To
extrapolate to the stock level, a weighted average of the six growth rates was calculated, using
the number of fish living in each oxygen class as the weighting factor.

Table 1 shows the extent of the six classes of dissolved oxygen in NAFO division
4RS3Pn and the expected rate of food ingestion and growth for cod found in each class.
Overall, 6.4% of the area was characterized by levels of dissolved oxygen low enough to
jeopardize cod survival. No growth was expected in those conditions. Another 64.3% of the
area was characterized by levels of hypoxia that limit growth potential. Only 29.3% of the
area was normoxic.

Table 1. Main characteristics of the six oxygen classes used in this study: surface area in
4RS3Pn, rate of food ingestion and growth expected for a 44 cm, 700 g cod feeding in
each oxygen class. For the <30 and >70% saturation classes, oxygen values of 25 and
85% saturation were used, respectively, to calculate the rate of food ingestion.

Dissolved Area Area Food ingestion Growth Growth
Oxygen (% sat)  (km?) (% of total) (g-dh (g-dh (% relative to normoxia)

<30 5784 6.4 2.0 0.3 33
30-40 7756 8.5 9.9 2.6 29.9
40-50 20 695 22.8 15.9 42 49.7
50-60 18619 20.5 20.6 5.6 65.6
60-70 11317 12.5 24.6 6.7 78.8
>70 26 648 29.3 31.0 8.5 100.0

Total 90 819 100.0
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Cod Abundance and Distribution

Cod distribution and abundance in relation to oxygen levels were estimated from three,
random, stratified, bottom-trawl surveys: Sentinel Fishery surveys no. 3 (PS03, 311 sets between
25 Jul 1995 and 15 Aug 1995) and 4 (PS04, 322 sets between 06 Oct 1995 and 04 Nov 1995),
and the Fisheries and Oceans shrimp and demersal fish survey no. 6 (AN06, 194 sets between 11
Aug 1995 and 04 Sep 1995). Details on ship and gear types can be found in Chabot and
Couturier (2002).

Only the sets located in NAFO division 4RS3Pn were included in the analyses. However,
part of 4RS3Pn was not fished because of bottom conditions or depth stratification, and strata
825, 826, 839, and 841 were excluded (depths <50 m and some coastal zones at depths >50 m
along the northern shore of the Gulf of St. Lawrence or the northwest tip of Anticosti Island).
Historical assessments of cod distribution at this time of year suggested that this stock is
distributed almost entirely within the remaining 40 strata that cover 90,819 km*. The proportion
of each stratum associated with the six classes of dissolved oxygen was determined (Table 2)
according to Chabot and Couturier (2002). The number of cod estimated for each stratum (Table
3) was distributed among the six oxygen classes in proportion to their respective area. Results
were summed across all strata for each survey to obtain the proportion of the total number of cod
that inhabited each oxygen class (Table 4).

RESULTS OF THE MODEL

Figure 5 shows the distribution of cod catches in the study area during the PS03 survey.
Results were very similar for the ANO06 survey, but fewer cod were caught in hypoxic waters
during the PS04 survey. Few cod were caught in parts of the study area characterized by the
most severe hypoxia level (<30% saturation). However, cod avoided all hypoxic zones, not just
the most severe one: cod density increased exponentially with the level of dissolved oxygen
(Figure 6). Because such a large proportion of the study area was hypoxic, however, this still
resulted in a significant proportion of the stock living in hypoxic conditions.

In late July and early August, 45.3% of the total number of cod estimated to reside in the
study area, representing 44.3% of the cod biomass, lived in waters with levels of dissolved
oxygen <70% (Table 4). We estimated that during this period, growth production was decreased
by 18.7% as a result of hypoxia. In the second half of August and early September, 45.9% of the
total number of cod, and 46.9% of the biomass were estimated to be in hypoxic waters, resulting
in a decrease in growth of 16.7%. Finally, in October and early November, 19.9% of the total
number of cod and 29.4% of the cod biomass were estimated to be in hypoxic waters with a
growth reduction of 6.4%.
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Table 2. Surface area and proportion of this surface area associated with each class of dissolved
oxygen for the 40 strata of NAFO division 4RS3Pn.

Class of dissolved oxygen (% saturation)
Stratum Area (km2) <30 30-40 40-50 50-60 60-70 =170

302 888 0.00 0.00 0.00 0.85 11.08  88.07
303 1 560 0.00 0.00 0.00 3.12 312 9376
304 404 0.00 0.00 000 2452 2287  52.62
305 2394 0.00 0.00 0.00 2494 2999 4507
801 1080 000 7335 2535 1.30 0.00 0.00
802 1 405 0.00 0.00 000  93.36 6.64 0.00
803 6 846 000 1245 4864  38.05 0.87 0.00
804 1850 3.61 51,57  44.82 0.00 0.00 0.00
805 5547 86.05 10.96 2.54 0.46 0.00 0.00
806 2 070 3.61 39.52  41.20 15.68 0.00 0.00
807 2171 0.00 15.68  67.41 16.91 0.00 0.00
808 2329 0.00 000 3943  57.12 3.45 0.00
809 1456 0.00 000  61.96 19.74 18.31 0.00
810 680 0.00 0.00 000 3263  66.64 0.73
811 1377 0.00 000 1893 2622 4226  12.59
812 4654 0.00 392 7410 19.80 2.19 0.00
813 4970 000 2650 3301 2091 10.68 8.90
814 858 0.00 1.89 7637  21.74 0.00 0.00
815 4292 0.00 000 2630  58.11 14.11 1.47
816 4729 0.00 1595 3930  26.50 15.56 2.69
817 3225 24.01 18.77 2123  27.64 8.16 0.19
818 1942 3.11 583 4686 2348 19.56 1.18
819 1335 0.00 000 1415 7545 10.39 0.02
820 1210 0.00 0.00 0.00 630  27.62  66.08
821 1179 0.00 0.00 0.00 1047 3230  57.23
822 3089 0.00 0.00 0.28 809 3949  52.13
823 406 0.00 0.00 0.00 000 1127  88.73
824 684 0.00 124 2096 3149 18.76  27.55
827 2 886 0.00 0.00 1.43 19.79 2075  58.03
828 2325 0.00 0.00 2.89 862  19.65  68.83
829 2 502 0.00 0.01 4.16 340 2613 6630
830 1719 0.00 000  13.63 1338 3773 3526
831 1277 269 2985 4076  24.86 1.66 0.17
832 3700 0.00 0.35 2.44 1693 3062  49.65
833 489 0.00 0.00 0.00 8.82 4351  47.68
835 2185 0.00 0.00 0.00 1.30 294 9576
836 2 662 0.00 0.00 0.00 0.00 024  99.76
837 2302 0.00 0.00 0.00 0.09 713 92.78
838 3378 0.00 0.00 0.00 0.00 0.00  100.00
840 765 0.00 0.00 0.00 0.00 0.00  100.00

All strata 90 819 6.37 854 2279 2050 1246 2934
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Table 3. Number and biomass of Atlantic cod estimated for each of the 40 strata of NAFO
division 4RS3Pn during three surveys conducted in summer and autumn of 1995. Empty
cells indicate lack of data.

Cod number Cod biomass (kg)
Stratum PS3 AN 6 PS4 PS3 AN 6 PS4

302 1245 585 829 149 1723 535 827 848 617 144 2266978
303 393 649 38 052 492 320 394 698 3 805 261 740
304 0 0 7529 0 0 16 092
305 5972 0 0 4778 0 0
801 121 615 0 5337 22 489 0 13 343
802 0 0 5013 0 0 9525
803 12 944 0 13 940 3236 0 13 940
804 0 25707 10 946 0 32390 27 365
805 0 0 0 0 0 0
806 0 0 15782 0 0 27619
807 13023 0 0 7814 0 0
808 0 0 0 0 0 0
809 0 0 11333 0 0 10 766
810 0 0 0 0 0 0
811 527 406 84 199 354 584 372735 47993 442 521
812 817 185 195913 575153 200 040 187 517 663 353
813 9 695 808 2 524 659 430 835 7576 146 2 284 696 420478
814 0 75 386 0 22616
815 85051 36 969 204 506 54 306 30 684 134 543
816 1354 507 244 572 66 355 664 759 195 527 46 448
817 1 205 847 21777 348 753 1230 651 17 406 297 259
818 30485 57275 926 742 22 864 74 744 353 148
819 102 902 46 237 227 666 40 017 17 724 135 695
820 1157958 2982 816 572179 1328 351 2 879 633 487 596
821 2 842 427 259 447 1319 163 2432 395 256 086 1594183
822 3197 709 2 183 366 3498 697 2399 845 1 807 270 4 634 598
823 4389 543 595 412 122 040 2 287 950 449 473 200 954
824 1716 560 384 194 481 828 881 120 387055 705 114
827 169 249 400 764 94 685 103 088 258 394 10 415
828 344 933 0 178 116 0
829 498 375 27 796 29 589 158 480 4 447 3 847
830 978 772 455 249 362 713 383 497 302 048 98 454
831 239 615 74 364 37109 174 052 71723 16 899
832 1352190 329 448 282 773 1 184 268 222 453 258 849
833 0 10 719 8192 0 1 608 4997
835 3966 730 733 116 2 620 423 3202278 505 858 1 298 602
836 2918 886 409 022 5781962 2 676 786 358233 3390473
837 1591 382 387838 20587 600 1235374 573 984 6402 674
838 3192980 571 991 267 319 2 683 994 311535 46 929
840 463 507 61596 8 165 7317

Total 44632796 13910048 41623 584 32740139 11899430 24 325331

196



Table 4. Estimation of the number and biomass of cod living in each of six classes of dissolved
oxygen in NAFO division 4RS3Pn during three cod surveys carried-out in summer and
autumn 1995.

Dissolved Growth x cod
oxygen (%) Cod number (% of total) Cod biomass (kg) (% of total) number
PS03, July-August 1995

<30 296 970 0.8 300 925 0.9 83 682
30-40 3236050 7.0 2439 063 7.4 8258 197
40-50 5457 832 11.9 3642511 11.1 23182 333
50-60 4909 342 11.0 3517 154 10.7 27 499 404
60-70 6 341 636 14.6 4617038 14.1 42 669 976
>70 24 390 965 54.7 18 223 447 55.7 208 262 211
Total 44 632 796 100.0 32 740 139 100.0 309 955 803

Average growth relative to normoxia (%): 81.3

Decrease in growth due to hypoxia (%): 18.7

ANO06, August-September 1995

<30 9939 0.1 9603 0.1 2 801
30-40 764 535 5.5 695 305 5.8 1951 046
40-50 1343973 9.7 1208 927 10.2 5708 571
50-60 1476 593 10.6 1268 923 10.7 8271052
60-70 2792 007 20.1 2400119 20.2 18 786 144

>70 7523 001 54.1 6316 553 53.1 64 235129
Total 13 910 048 100.0 11 899 430 100.0 98 954 742

Average growth relative to normoxia (%): 83.3
Decrease in growth due to hypoxia (%): 16.7

PS04, October-November 1995

<30 114 510 0.3 84 797 0.3 32267
30-40 303 721 0.7 272 840 1.1 775077
40-50 1 524 989 3.7 1261153 52 6477 444
50-60 1770 612 4.3 1631679 6.7 9917985
60-70 4 575 242 11.0 3905 647 16.1 30784717

>70 33 334 509 80.1 17169 214 70.6 284 626 650
Total 41 623 584 100.0 24 325 331 100.0 332 614 140

Average growth relative to normoxia (%): 93.6
Decrease in growth due to hypoxia (%): 6.4
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Figure 5. Number of cod caught in each 30 min tow during the Sentinel Fishery survey no. 3
(PS03) carried out between 25 Jul and 15 Aug 1995, in relation to the six classes of
dissolved oxygen. Coordinates are in km relative to 49° N and 69° W.
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Figure 6. Relationship between cod density and level of dissolved oxygen on the bottom for
three bottom-trawl surveys conducted in NAFO division 4RS3Pn between summer and

autumn 1995. PS03 and PS04 are Sentinel Fishery mobile-gear surveys 3 and 4,
respectively, and ANOG6 is the Needler shrimp and ground-fish survey no. 6.
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Supporting Evidence from Stomach Content Data

For 111 of the sets fished during the three surveys used in this study, stomachs were
collected from a length-stratified subsample of the cod that were captured. Stomach mass was
transformed into a stomach fullness index to correct for allometric differences between fish:

Fullness Index = 10000 - C - FL*
where C is stomach content mass in g, and FL is fork length in cm.

Stomach content in wild cod tended to increase along with dissolved oxygen (Figure 7,
Table 5). The distribution of the tow averages for each level of dissolved oxygen was not
normal, but skewed to the right; however, whether or not one uses the mean or the median of
these values, there is a clear tendency for fullness to positively correlate to dissolved oxygen
(Figure 7, Table 5). This agrees with the hypothesis that wild cod reduce their food intake when
exposed to hypoxia, as cod did in the laboratory.
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Figure 7. Relationship between stomach fullness and dissolved oxygen. Mean and median
values of the average fullness per tow are shown.
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Table 5. Average and median fullness index calculated from average fullness for each tow, as a
function of dissolved oxygen. Data from all three surveys were pooled. Number of tows
for which stomach contents were available, as well as total number of stomachs analyzed,
are indicated.

Dissolved oxygen Number Total number of Average fullness Median fullness
(%) of tows stomachs index index
<30 1 1 0.00 0.00
35 3 4 0.71 0.39
45 15 73 1.50 1.01
55 23 271 1.53 0.96
65 17 139 1.91 1.68
>70 52 451 2.20 1.71

IMPLICATIONS AND MODEL ASSESSMENT

A solid dataset was used to describe levels of dissolved oxygen in NAFO division
4RS3Pn. Furthermore, three extensive, stratified surveys provided a good description of the
distribution of cod in the study area during what was believed to be the peak feeding season for
cod from this stock. Spawning generally occurs from May to early July (Lambert and Dutil
1997), and in the laboratory, mature cod did not eat during spawning (Fordham and Trippel
1999). Condition was at a minimum during the spring, and increased rapidly in July and August
(Lambert and Dutil 1997). A large sample collected in the northern gulf in January 1994
suggested that cod eat little in winter, since over 80% of the stomachs were empty, and average
stomach fullness was very low (D. Chabot, unpublished data). In the neighboring 4T cod stock,
the feeding cycle was better documented and agreed very well with this proposed cycle
(Schwalme and Chouinard 1999).

As was observed by D'Amours (1993), there is no doubt that few cod were caught in the
most severe hypoxia class (<30% saturation). Cod are very sensitive to small differences in
dissolved oxygen (Claireaux et al. 1995), although the lowest levels observed in the study area
(20-30%) do not kill cod quickly: 95% of fish survived 96 h in water 28% saturated in oxygen,
and 50% of cod survived 96 h in water 21% saturated in oxygen (Plante ef al. 1998). Therefore
avoidance is the most probable reason for the low density of cod in waters with <30% oxygen.

The relationships observed between cod density and dissolved oxygen in each of the three
surveys further demonstrate that cod also avoid non-lethal levels of dissolved oxygen. This is
similar to the situation in the Kattegat (Denmark), where catches of demersal fish, mostly

gadoids and pleuronectids, in standard trawl sets were directly related to oxygen concentration
(Pihl 1989).

However, because too small a proportion of the study area was normoxic, and/or because
cod distribution is a trade-off between oxygen and other characteristics of the habitat
(temperature, food distribution, etc.), a significant proportion of cod, both in number and in
biomass, were found to live in waters with levels of dissolved oxygen that are known to limit
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growth in laboratory fish. Furthermore, this happens during the season of peak feeding, when
any reduction in the amount of food eaten is bound to result in lower energy reserves for winter
and spawning, and lower growth rates.

This simple model estimated that, for the stock as a whole, hypoxia curtailed growth
production by 17-19% in summer, during the peak of the feeding season, and 6% in fall.
Hypoxia appears to exert a significant constraint on growth production for this stock, especially
considering its low productivity due to the cold temperatures of the Gulf of St. Lawrence (Dutil
et al. 1999).

However, this first model is simplistic in terms of how the impact of hypoxia exposure on
growth production is calculated, and makes assumptions that clearly are not correct. The most
important omission is that temperature effects on the solubility of oxygen or on metabolic and
digestion rates are not considered. Hypoxic waters in the St. Lawrence Estuary and Gulf of St.
Lawrence are typically between 3 and 6°C, with a salinity of 34-35 psu. This results in an
oxygen solubility of 10-11 mg - L' (Benson and Krause 1984). Oxygen solubility in the
experiments of Chabot and Dutil (1999) was only 9.4 mg - L™ (10°C and S = 28). Thus, at
similar oxygen saturation, the concentration of oxygen is almost 10% greater in the field. This
could lower the lethal threshold and the incipient threshold for growth relative to what was
observed in the laboratory (28 and 73%, respectively, Chabot and Dutil 1999), as shown by
Claireaux et al. (2000).

Wild fish need to expend more energy swimming to capture prey, avoid predators, and
migrate, than do cod in the laboratory. Because hypoxia imposes a limit on maximum
metabolism (Claireaux et al. 2000), it can limit swimming capacity, making cod more vulnerable
to predation or fishing, and less able to hunt for food. But more importantly, increased
swimming activity will further reduce the oxygen available for processing food, and wild fish
may eat less food for the same level of hypoxia than laboratory fish. These opposing trends may
minimize the impact of omitting the temperature effect from the model. But clearly, data on the
interaction between temperature, oxygen, and growth are needed, and experiments in our
laboratory were intended to fill this gap. In addition to improving the model, our data would
allow calculation of the relationship between metabolic scope and growth, making it possible to
use the model of Claireaux et al. (2000) to assess the impact of hypoxia and temperature on
growth production.

The simple model also assumes that the impact of hypoxia on cod growth is the same for
cod of all sizes and condition. There are no data on the interaction between cod size, oxygen,
and growth, and new experiments are needed before the effect of cod size can be included in the
model. Furthermore, Chabot et al. (2001) have shown a negative relationship between condition
and food ingestion, regardless of oxygen level. The effect of cod condition that varies with the
month of the year, should also be included to make the model more realistic.

Stomach fullness of wild cod was positively related to dissolved oxygen. Stomach
fullness, averaged across many fish, is an indicator of average consumption rate (Bromley 1994,
Temming and Andersen 1994, dos Santos and Jobling 1995). This confirmed that wild cod
reduce food intake when exposed to hypoxia, as they do in the laboratory. Therefore, the
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simplifications made in this first model affect the precision of the estimation of the quantitative
impact of hypoxia on growth production of the stock, but all available evidence indicates that
there is a negative impact on this stock due to hypoxia. In further analyses, it may be possible to
estimate the reduction in food consumption of wild cod by using gastric evacuation models that
will have been validated for hypoxic fish, along with field data on stomach fullness.
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RUNNING THE UNSEEN, LOWLAND GAUNTLET: COMPOUNDING EFFECTS OF
TEMPERATURE, HYPOXIA AND EXERCISE FOR DIADROMOUS FISHES

Henry James Bannon and Nicholas Ling'

ABSTRACT

Sustained swimming abilities (U.ir) of rainbow trout parr (Oncorhynchus mykiss), and
larval (whitebait) and postlarval inanga (Galaxias maculatus), were tested at temperatures from
5°C to 25°C. Acclimated fish were swum to exhaustion under normoxic conditions to determine
optimal aerobic exercise temperature. The potential effect of mild environmental hypoxia (75%
sat.) was examined in trout and whitebait at 10°C, 15°C and 20°C. Hematological responses of
trout were examined by acute caudal venepuncture.

Under normoxic conditions, Uit max fOr trout parr was 5.8 body lengths per second
(BL/s) at 15.1°C and 5.1 BL/s at 17.7°C for inanga whitebait, but decreased at lower and higher
temperatures. Hypoxia caused a significant reduction in U at 20°C, but had no effect on trout
at 10°C or 15°C. Ukt max in hypoxia was 6 BL/s at 14.1°C. Hypoxia significantly reduced U, at
15°C and 20 °C in whitebait, lowering the optimal aerobic temperature to 13.9°C and reducing
Ubrit max to 4.2 BL/s. Postlarval inanga performed poorly at increased temperatures with a Uit
max 0f 5.6 BL/s at 9.4°C in normoxia, indicating an ontogenetic change in swimming ability,
possibly resulting from a developmental shift in red muscle kinetics or a greater dependence on
anaerobic muscle.

Temperature acclimation significantly improved trout swimming ability. Fish acclimated
to 20°C for two weeks performed better at 20°C than fish acclimated to 10°C. Trout acclimated
at 20°C showed an adaptive elevation in oxygen carrying capacity due to an increase in mean
erythrocyte volume and hemoglobin content. Following exercise, hematocrit was elevated under
both normoxic and hypoxic conditions. However, the primary cause of this apparent increase in
oxygen carrying capacity was splenic release of erythrocytes under normoxic conditions,
whereas stress-induced erythrocytic swelling contributed to the observed increase in hypoxia.
This contrasting response was most pronounced at 10°C.

These results demonstrate that even mild hypoxia can significantly reduce the swimming
abilities of migratory fishes in warm water, although acclimation can assist performance. The
implications for the management of lowland rivers are clear: elevated water temperatures and
hypoxia could significantly limit fish migration.

' Centre for Biodiversity and Ecology Research, The University of Waikato, Private Bag 3105, Hamilton, New
Zealand
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INTRODUCTION

Diadromous fishes use lowland riverine systems as migratory pathways when moving
between freshwater and marine habitats. Successful migration and colonization of suitable adult
habitats by diadromous fishes require sustained swimming over many kilometers in these
lowland riverine systems. Globally, these migratory pathways are becoming increasingly
degraded by anthropogenic impacts including chemical, thermal and nutrient pollution,
canalization, abstraction, loss of riparian shading, construction of physical barriers, and global
climate change. Proximate consequences include eutrophication and hypoxia, loss of habitat
complexity, alterations to water flow, and elevated temperatures. Migratory fishes, therefore,
run a gauntlet of diverse stressors to reach adult or reproductive habitats. While some impacts,
such as physical barriers and chemical pollution, represent obvious threats to migration, hypoxia
and elevated temperatures represent an invisible challenge.

The combined effects of elevated temperatures and hypoxia create compounding
bioenergetic problems for sustained swimming in fish. Elevated temperatures increase metabolic
rate, resulting in increased oxygen demand, whilst decreasing oxygen solubility and eutrophic
hypoxia reduce environmental oxygen availability. However, these negative impacts could be
offset by reduced water viscosity, increased diffusion rates, and a temperature dependent
increase in muscle performance so that the effect on swimming ability is difficult to predict.
Taylor et al. (1997) concluded that a small acute temperature increase is unlikely to be a problem
for sustained swimming unless the ambient temperature is close to the upper thermal limit of the
species. However, sustained swimming ability is temperature dependent. In eurythermal fishes,
the critical swimming velocity (Us; Brett 1964, 1967) increases with temperature to a maximum
several degrees below the upper thermal limit; performance then declines markedly as the upper
thermal limit is approached (Brett 1971).

The compounding effects of increased temperature and decreased oxygen availability on
sustained swimming have not been investigated. Most fishes function as oxygen regulators,
increasing gill ventilation as ambient oxygen decreases until a critical oxygen saturation (Scrit) 1S
reached (Randall 1982). Although S increases with temperature in resting fish (Schurmann
and Steffensen 1997), there is little information available on the combined effects of decreased
oxygen and increased temperature on active swimming. Brett (1964) concluded that any
reduction in saturation is likely to reduce activity above the optimum temperature. However, it
is w